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ABSTRACT
Fluoxetine, a selective serotonin reuptake inhibitor (SSRI), is fre-
quently detected in surface waters globally, yet the effects of
SSRIs on ecological processes at environmentally realistic concen-
trations are not currently known. We used a controlled, replicated
artificial stream experiment to expose biofilm, algal and stream
insect communities to two different concentrations of fluoxetine:
20 ng/L (typical concentration detected in surface waters) and
20mg/L (concentration shown to influence insect emergence and
algal productivity). We quantified a range of community and eco-
system response metrics over the course of the 21d experiment
including; algal biomass (chl-a), net ecosystem production (NEP),
gross primary production (GPP), ecosystem respiration (ER) and
invertebrate emergence. At 20 ng/L, fluoxetine significantly sup-
pressed algal colonization on rocks, and reduced GPP after
13 days, but by day 21 chl-a, NEP and GPP did not differ between
treatments and control. Fluoxetine increased ER on leaves where
invertebrates were excluded, but had no effect on leaves access-
ible to invertebrates. Streams receiving 20ng/L of fluoxetine had
adult insects from the order Diptera emerge sooner and at a
greater rate than control streams. Our results suggest that ecosys-
tem function, including primary production and respiration, and
invertebrate population dynamics are sensitive to SSRIs and that
fluoxetine may alter these key processes concentrations found in
the environment.
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Introduction

Pharmaceuticals are ubiquitous in aquatic ecosystems worldwide and are now identified
as environmental contaminants of concern (Kolpin et al. 2002; Monteiro and Boxall 2010;
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Boxall et al. 2012; Richmond et al. 2017). Pharmaceuticals are dispersed into the aquatic
environment largely via waste water sources and typically at low concentrations (ng/L to
mg/L) (Daughton and Ternes 1999; Boxall et al. 2012; Rosi-Marshall and Royer 2012).
Although many pharmaceuticals are broken down by a variety of processes including
microbially induced decomposition and UV degradation, their constant resupply from
sources such as wastewater treatment plants makes them ‘pseudo-persistent’ (Daughton
2003). Despite the ubiquity of pharmaceuticals, their effects at levels typically present in
the environment on aquatic biota and ecosystem processes remains largely unknown
(Rosi-Marshall and Royer 2012; Richmond et al. 2017).

Antidepressants are a globally prescribed suite of pharmaceuticals commonly detected
in surface waters and include selective serotonin reuptake inhibitors (SSRIs), which act in
humans by increasing levels of brain serotonin, a natural neurotransmitter responsible for
behavior and mood (Brooks et al. 2005; Styrishave et al. 2011). Since its introduction in
1987, the SSRI fluoxetine, trade name Prozac, has been among the most prescribed anti-
depressants worldwide (Wong et al. 1995). Whilst many studies have focused on the toxi-
cological effects of fluoxetine on model aquatic organisms (Brooks et al. 2003), and how
fluoxetine alters organismal behavior (Ford and Fong 2015; Pelli and Connaughton 2015;
Martin et al. 2017) just how fluoxetine influences stream communities and key ecosystem
functions including primary production and respiration at these low concentrations
remains largely unknown.

Benthic biofilms are critical to aquatic environments, contributing to the heterotrophic
and autotrophic function of aquatic ecosystems, and are an important basal resource in
many stream food webs (Minshall 1978). Gross primary production (GPP) within biofilms
occurs with a range of concurrent heterotrophic processes including ecosystem respiration
(ER), facilitating a variety of biogeochemical transformations (Cummins 1974). GPP has
been shown to be inhibited by non-monotonic exposure to antidepressants (fluoxetine
and citalopram at 20 mg/L, Richmond et al. 2016) and other pharmaceuticals including
diphenhydramine, a common antihistamine (Rosi-Marshall et al. 2013) and amphetamines
(Lee et al. 2016). Similarly, ER has been shown to be suppressed by caffeine, diphenhydra-
mine, cimetidine and ciprofloxacin (Rosi-Marshall et al. 2013), amphetamines (Lee et al.
2016) and antidepressants (Richmond et al. 2016). Pharmaceuticals can also cause non-
lethal adverse effects and changes in biofilm community composition (Drury et al. 2013;
Lee et al. 2016). Pharmacology studies have provided evidence that fluoxetine and other
SSRIs have antimicrobial abilities, including antibacterial activity against gram positive
bacteria (Kalaycı et al. 2014).

In addition to autochthonous GPP, allochthonous inputs of organic matter from ripar-
ian landscapes are a key contributor to the energy pool in many streams (Fisher and
Likens 1973; Tank et al. 2010) and the consumption and decomposition of organic matter
by detritivores, bacteria and fungi are key ecosystem processes in freshwater ecosystems
(Hieber and Gessner 2002). Some contaminants, specifically pesticides and heavy metals,
can adversely affect the diversity of stream detritivores and alter decomposition rates
(Gessner et al. 2010). However, decomposition studies involving pharmaceuticals are lim-
ited, and it is not clear whether there are any impacts at concentrations most commonly
detected, for example leaf decomposition was not affected by addition of the antihista-
mine fexofenadine, but this compound did influence mediated carbon and nitrogen
cycling (Jonsson et al. 2015). Fluoxetine is known to have a relatively high absorption
capacity to soil and organic matter (Kwon and Armbrust 2008), making stream organic
matter a potentially contaminated food source for stream insects and microbes.
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Exposure of stream insects to pharmaceuticals may result in disruption to insect-medi-
ated processes. As regulators of nutrient cycling, aquatic insects serve as an important
food resource for higher trophic levels both in and out of the streams (e.g. fishes and
riparian spiders or birds, respectively). Aquatic insects are the main mediator of energy
flow through stream food webs and from streams into adjacent terrestrial environments
via insect emergence (Baxter et al. 2005). Anthropogenic pollution can affect insect emer-
gence. For example, heavy metal exposure (Schmidt et al. 2013), the herbicide atrazine
(Dewey 1986) and the pesticide diazinon (Arthur et al. 1983) are all associated with
reduced emergence. Conversely when exposed to pharmaceuticals, insect emergence has
been observed to increase when exposed to amphetamines (1mg/L, Lee et al. 2016), and
antidepressants (fluoxetine and citalopram at 20 mg/L, Richmond et al. 2016).

In this study, we investigated the effects of environmentally realistic concentrations of
the common antidepressant, fluoxetine, on a range of stream community and ecosystem
processes: GPP, ER, net ecosystem production (NEP), microbial functional composition
and organic matter decomposition, algal biomass, stream insect community composition
and emergence. We conducted an experiment using two concentrations: 20 ng/L, the
median background concentration of fluoxetine detected in surface waters of the US
(Silva et al. 2015), and 20 mg/L which has been shown previously to have ecological effects
(Richmond et al. 2016). There has been an increased number of studies reporting the sub
lethal effects of fluoxetine on single aquatic taxa at low concentrations (e.g. Ford and
Fong 2015; Martin et al. 2017), and a call for more research observing nontoxic endpoints
(Richmond et al. 2017), therefore, we predicted that we would observe changes in ecosys-
tem processes at both concentrations, and that these changes would follow traditional
monotonic dose responses, with a greater effect observed at 20mg/L than at 20 ng/L.

Materials and methods

Leaf pack construction and deployment

Experiments were carried out in the artificial stream facility at the Cary Institute of
Ecosystem Studies, Millbrook NY. We used red maple (Acer rubrum) for leaf pack coloniza-
tion as it has a moderate breakdown rate (k¼ 0.005–0.010 day�1) (Webster and Benfield
1986) and was found adjacent to East Branch Wappinger Creek, Dutchess County, NY (4th
order woodland stream). We collected leaves in October 2014 following abscission and
allowed them to air-dry naturally for 14days. We packaged 10 g of leaf material into leaf
packs in two ways. The first used 15� 20 cm large 1 cm polypropylene mesh bags allowing
colonization of stream invertebrates (hereafter referred to as ‘colonized’). The second group
of leaf material was packaged into 10� 12 cm organic muslin cotton bags, preventing colon-
ization by stream invertebrates (referred to hereafter as ‘no-invertebrates’). We tethered leaf
packs to steel rebar in East Branch Wappinger Creek in close proximity to the artificial
stream facility, and incubated leaf packs in situ for 14 days to allow for microbial, fungal
and invertebrate colonization. East Branch Wappinger Creek was chosen due to its proxim-
ity, good biotic metrics of instream health and because it has very limited sources of
pharmaceutical contamination (Richmond et al. 2016).

Artificial stream and invertebrate colonization

We conducted our experiment over 21 days in summer 2015. We filled 15 composite
fiberglass artificial streams (4m� 15.5 cm � 15 cm) with 60 L of low nutrient ground
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water (NH4
þ, PO4

3�, TP below detection <0.02mg/L, NO3
� and TN <0.04mg/L) with-

out any pharmaceutical contaminants. The water in the streams was re-circulated by
stainless steel paddle wheels and maintained at a constant velocity of 0.238m s�1, pow-
ered by Dayton DC gear motors and a speed controller (Dayton Co, Niles, Illinois).

To colonize streams with macroinvertebrates, bacteria and fungi we used methods
similar to those detailed in Richmond et al. (2016). We transferred both types of leaf
packs into the artificial streams. We transferred six ‘no invertebrate’ leaf packs, taking
care to ensure no invertebrates were attached to the cotton packs, and six ‘colonized’ leaf
packs (with invertebrates) to the streams. In order to ensure retention of all invertebrates
in colonized leaf packs, we carefully collected those leaf packs in 20 L buckets in groups
of six. The contents of each bucket were then passed through a 125lm mesh sieve to
retain invertebrates but exclude fine particles which may make streams turbid. The con-
tents of the sieve, along with the six colonized leaf packs were then placed into artificial
streams, ensuring each stream was treated equally. We distributed the leaf packs (6 of
each type per artificial stream) evenly within the stream, tethering alternating no inverte-
brate and colonized leaf packs. We added 1 L of clean quartz rock substrate (size distribu-
tion 10–15 cm across largest axis) (Maryland River Rock, Ayres Supply, Inc.,
Pennsylvania) to each stream as habitat and substrate for algal growth. We used quartz
rock because it does not react with organic chemicals (e.g. PPCPs). All rocks were placed
in haphazard clusters, to mimic natural riffle – run benthic conditions. Each stream was
covered with fine mesh netting (size 0.25mm) to exclude colonizing invertebrates from
outside the stream and to capture emerging adults. Bacteria, fungi and invertebrate com-
munities were then left to acclimate for 24 h prior to dosing with fluoxetine.

Experimental design

We randomly divided the 15 artificial streams into 3 experimental treatments: control,
20 ng/L fluoxetine and 20mg/L fluoxetine, with 5 replicates per treatment. We created a
concentrated stock solution of fluoxetine by adding 0.1341 g of fluoxetine HCl (AK
Scientific, Union City, California) to 1 L of ultra-pure water. From this concentrated stock
solution, we performed a 1:1000 dilution to make a second, dilute stock solution. For
each replicate, we added 10mL of either the concentrated stock solution (20 mg/L treat-
ment), the dilute stock solution (20 ng/L treatment) or ultra-pure water only (control
treatment) to raise fluoxetine concentrations to the respective levels. We calculated how
much fluoxetine HCl to add to the concentrated solution based upon our target concen-
trations and standard concentration-volume calculations. To mimic waste water treatment
plant (WWTP) discharges, we dosed streams every second day with a goal to emulate the
pseudo-persistence nature of pharmaceuticals in environmentally relevant conditions. To
determine fluoxetine concentrations from streams we also collected whole water samples
in 250mL glass amber jars at day 21.

Ecosystem and community responses

We collected water samples weekly in 60mL NalgeneTM bottles for analysis of ammonium
(NH4

þ), nitrate (NO3
�) and phosphate (PO4

3�). We also collected 20mL water samples
in glass septum vials for dissolved organic carbon (DOC) analysis. DOC samples were fil-
tered through WhatmanTM glass fiber filters (pore size: 1.5 mm) and acidified with 100mL
of 0.5M sulfuric acid (H2SO4). Water chemistry samples were analyzed by the Cary
Institute of Ecosystem Studies Analytical Laboratory (Millbrook, NY 12545, USA) using
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flow injection analysis (FIA). To determine fluoxetine concentrations from streams we
also collected whole water samples in 250mL glass amber jars at day 21. Samples were
frozen and sent to the Nebraska Water Center at the University of Nebraska for extrac-
tion using liquid chromatography tandem mass spectrometry (LC-MS/MS); the method
detection limit for fluoxetine was 0.5 ng/L. Samples were analyzed using a direct injection
method, which eliminated any associated effects of low recovery, using the instrument
detection limit of 0.100 pg/mL as a basis for determining the lowest levels of fluoxetine
detection (for further information on methodology and method validation, see Lee
et al. 2016).

We measured ER using one leaf pack of each type (colonized and no invertebrates leaf
packs) on day 13 and at the end of the 21-day experiment using dark bottle incubations
(adapted from Hill et al. 2002). We carefully opened each leaf pack and transferred a con-
sistent amount of leaf matter into a gas-tight glass jar. We filled jars containing leaf
material with water from the respective treatment and in addition to leaf material, we
filled a blank jar with only stream water from each replicate. We recorded initial dissolved
oxygen (DO) concentrations and temperature of each jar using an ODO probe (model
550, Yellow Springs Instruments, OH). We replaced any water lost during initial DO
measurement, and recapped jars, taking care to ensure all oxygen bubbles were elimi-
nated, finally placing jars back in their corresponding treatment and covering them with
an opaque plastic bag to ensure darkness. We incubated jars in the dark for 3 h and
recorded a final DO concentration. We also measured ER and GPP of the quartz rocks
that we added to the streams for substrate complexity, as these rocks were colonized by
biofilms throughout the experiment. We measured ER and GPP using the same light-dark
incubation approach (GPP incubations were done in full sunlight). Due to sampling error,
one replicate from the mg/L treatment was lost during GPP measurements at day 13, and
we overestimated incubation time for ER resulting in very low changes of O2, thus have
also reported NEP (the change in O2 in sunlight). To estimate whole-stream metabolism,
we deployed 6 combination DO and temperature probes (miniDOT, Precision
Measurement Engineering, CA), in two streams per treatment. In order to extrapolate DO
measurements for other streams, spot measurements were taken over a 24-h period on 4
occasions during the experiment. We used the Bayesian Single-station Estimation (BASE)
to estimate whole-stream GPP and ER (Grace et al. 2015).

After incubations, we collected leaf matter from each jar and quantified ash-free dry
mass (AFDM) by combustion of leaf matter for 12 h at 550 �C. We scrubbed all biofilms
from rocks, and filtered subsamples through separate 0.7 mm glass fiber filters (Whatman).
One filter was used to measure chlorophyll-a (Chl-a) using methanol extraction (Wetzel
and Likens 1991) and the other filter was used to measure AFDM by loss-on-combustion
(Steinman et al. 1996). We then took pictures of each rock with a ruler for scale and
quantified the surface area of each rock using Image J digital software (Rasband 1997).
We scaled GPP and ER per rock surface area (mg O2 cm�2 h�1) and per AFDM (mg O2

g�1 AFDM�1 h�1). At the end of the artificial stream experiment we also calculated indi-
vidual whole-stream Chl-a and AFDM by scrubbing all surfaces and substrates and proc-
essing a filtered subsample for Chl-a and AFDM as described above.

To examine the effect of fluoxetine treatments on microbial functional composition,
we collected 6 leaf discs (3.8 cm2) per replicate stream (3 from each pack type) on day 13
and day 21, placing each leaf disc in an individual foil pouch with a small wad of wet tis-
sue to provide moisture. Leaf discs were then transported in a cooler on ice to the
University of Notre Dame where they were analyzed within 24 h of being sent for com-
munity-level functional profiling using a BiologVR EcoPlateTM (BIOLOG, Inc., CA, USA), a
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tool for rapid assessment of microbial community functional composition (i.e. metabolic
potential or respiration). Leaf discs were shaken in a mild saline solution to suspend
microbial communities and centrifuged. The supernatant was diluted and pipetted into
well plates. Each well plate provides 3 replicates of 31 carbon sources that are respired by
microbial communities, subsequently inducing color development via the redox dye tetra-
zolium violet (Garland and Mills 1991). Inoculated well plates were maintained at 20 �C
and color development, measured by absorbance, was analyzed every 12 hours for 3 days
at 590 nm (Spectra Max M2, Molecular Devices, CA, US). We calculated average well
color development (AWCD) as the absorbance of a well with a designated carbon source
minus the absorbance of a control well (i.e. no carbon source) divided by the number of
wells with designated carbon sources; this approach corrects color development in each
well to account for any differences in cell density (Garland 1997). AWCD provides a
quantitative metric that has been used successfully to examine spatial and temporal pat-
terns of microbial function (Garland 1997), as well as microbial response to contaminants
like heavy metals (Ellis et al. 2001) and hydrocarbons (Bundy et al. 2004) and has previ-
ously been used to assess the effects of PPCPs in soil communities (Duan et al. 2018).

We collected emerged individuals from each stream replicate every 24 h using a modi-
fied vacuum (Craftsman Model No. 315.115710). Individuals were placed in 70% ethanol
for identification and biomass measurements. We placed emerged adults from each
stream on small petri-dishes in a desiccator for 24 h, we then weighed each sample to esti-
mate biomass. We collected all invertebrates from each stream at the end of the 21d
experiment. We carefully brushed all invertebrates from rocks, leaf packs and stream sur-
faces into the stream water. We then sieved the contents of each stream through a
250 mm mesh sieve. Macroinvertebrates were then preserved in 70% ethanol for enumer-
ation and identification. All individuals were identified to family level, and to genus level
where possible (Merritt and Cummins 1996; Wiggins 1996). As Hydropsychids were
abundant in all streams, we also measured the length of Hydropyschids using Image J, to
apply length-mass regressions specific to Hydropsychidae (a¼ 0.0046, b¼ 2.926) (Benke
et al. 1999) to estimate biomass.

We collected all leaf packs remaining at the end of the experiment, and emptied the
contents of the packs into paper bags. Leaf matter was then left to air dry in the green-
house for 3weeks before being weighed to determine percentage mass loss for each
stream and treatment.

Statistical analysis

We conducted all statistical analysis in R (version 3.11; R Project for Statistical
Computing, Vienna, Austria), with the exception of community analysis. To analyze the
effects of fluoxetine on biofilm GPP, NEP, ER, AFDM and chlorophyll a, insect biomass
and leaf mass we used a 2-way analysis of variance (ANOVA), with fluoxetine treatment
and sample day as the two main factors. To meet the assumptions of ANOVA (normality
and heteroscedasticity) we log(x) transformed all data, except for ER on rock biofilms and
leaves colonized and with no-insects. If a 2-way ANOVA produced a significant result we
used a Tukey’s post hoc test for multiple comparisons. To measure effects of fluoxetine
treatments on whole-stream GPP through time (mg O2 m�2 h�1), whole stream ER (mg
O2 m�2 h�1), number of emerged adult dipterans and dipteran mass we used a linear
mixed effect (LME) model, using the restricted maximum likelihood method and a con-
tinuous autoregressive temporal structure to account for day as the repeated measure.
This model was run using the nlme package in R with the lme() function (R Core Team
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2014; Pinheiro et al. 2009). To test for differences in invertebrate community composition
and microbial community activity (EcoPlatesTM) we used analysis of similarity (ANOSIM;
PRIMER, version 6 (Clarke and Gorley 2006)). We also conducted multiple one way
ANOVAs to examine abundance differences between treatments in the top 10 most abun-
dant invertebrate taxon.

We acknowledge that the nature of artificial stream experiments restricts our statistical
power due to low replication (n¼ 5). For example to obtain a statistical power of 80%
with a moderate effect size where a¼ 0.05, would require a sample size in excess of
n¼ 39 (Champely 2007). Therefore, low statistical power could not be avoided. To
address this issue, we report statistical significance as p< 0.1, where statistical power is
64% (Lee et al. 2016), and we also provide exact p-values throughout the results to allow
the reader to infer conclusions on effects of specific treatments. We set the critical value
to a¼ 0.1 due to our limited replication and statistical power, and we were more willing
to make a type I error than a type II error due to the novelty of our experiment.

Results

Water chemistry and fluoxetine concentrations

DOC measured at day 13 and day 21 did not differ among treatments (F2,12¼ 0.085,
p¼ 0.919), nor was there a difference in DOC concentrations between sampling times
(day 13 and day 21) and treatment (treatment� time interaction: F2,12¼ 0.657, p¼ 0.536).
Concentrations of NO3

� and PO4
3� did not differ statistically between treatments on day

1 (F2,12¼ 0.302, p¼ 0.745 and F2,12¼ 0.802, p¼ 0.471); however, concentrations in all
streams were below detection limits (NO3

� <0.02, PO4
3� <0.002) at day 14 and day 21.

NH4
þ concentrations at all sampling points were below detection limits (<0.02mg/L).

Fluoxetine concentrations measured at the conclusion of the experiment (one day after
final amendment with fluoxetine) were below the method detection limit (0.5 ng/L) in
20 ng/L treated streams, and at 0.989mg/L in 20 mg/L treated streams.

Biofilm response to fluoxetine

Fluoxetine had a significant effect on Chl-a (mg/cm2) measured from biofilms that had
established on quartz stream rocks (F2,24¼ 3.749, p¼ 0.038). Chl-a was lower in 20 ng/L
treatments relative to control streams (Tukey post hoc, p¼ 0.0313, Figure 1(A)), but there
was no statistically significant difference in 20 mg/L treatments compared to control
(p¼ 0.238). Chl-a also increased significantly between measurements (day 13 and day 21)
(F1,24¼ 8.419, p¼ 0.008), but no treatment� day interaction was observed (day 13 or day
21). When examining percentage change, Chl-a was suppressed by 84% in 20 ng/L treat-
ments and non-significantly by 85% in 20mg/L when comparing mean concentrations at
day 13, this non statistically significant trend continued when comparing means at day
21; 20 ng/L suppressed Chl-a by 47%, but only by 9% in 20 mg/L treatments. Fluoxetine
did not significantly alter NEP between day 13 and day 21 (mg O2 m2 h�1) measured on
quartz rock biofilms (F2,23¼ 1.25, p¼ 0.305, Figure 1(B)), nor was there a treatment� day
interaction (F2,23¼ 0.789, p¼ 0.466). We observed a significant treatment effect on GPP
(mg O2 m

2 h�1) (F2,23¼ 2.890, p¼ 0.076) and GPP in 20 ng/L treated streams was signifi-
cantly lower than control streams (Tukey post hoc: p¼ 0.073); however, GPP was not sig-
nificantly different between 20 mg/L and control treatments (Tukey post hoc: p¼ 0.827),
and we observed no significant treatment� day interaction (F2,23¼ 0.046, p¼ 0.955).
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When standardized by AFDM, GPP (mg O2 g
�1 AFDM h�1) did not differ between treat-

ment and control (F2,23¼ 1.346, p¼ 0.280), although there was a significant increase in
GPP from day 13 to day 21 across all treatments (F2,23¼ 4.171, p¼ 0.053) and we
observed no treatment� day interaction (F2,23¼ 0.264, p¼ 0.771).

Fluoxetine did not significantly alter rates of ER on biofilm covered quartz rocks
when standardized by area (mg O2 mg�1 m2 d�1) (F2,24¼ 0.672, p¼ 0.52), nor was there
a treatment� day interaction (F2,24¼ 0.637, p¼ 0.538). We also observed no treatment
effect when standardizing ER by AFDM (mg O2 mg�1 AFDM d�1) (F2,24¼ 0.395,
p¼ 0.678), nor was there are treatment� day interaction (F2,24¼ 0.201, p¼ 0.819).

There was no fluoxetine effect on colonized leaf-pack ER (F2,24¼ 1.394, p¼ 0.267,
Figure 2(A)); however, fluoxetine treatments significantly increased ER on no-invertebrate
leaf biofilms (F2,24¼ 6.964, p¼ 0.004, Figure 2(B), Tukey post hoc comparisons p< 0.05
for both treatments). ER on leaves also significantly increased over time in all streams
regardless of treatment (F2,24¼ 4.583, p¼ 0.043) but there was no significant treatment� -
day interaction (F2,24¼ 0.589, p¼ 0.562). Percentage of leaf mass remaining after day 21
differed between fluoxetine treated streams and controls for no-invertebrate leaf packs
(F2,12¼ 2.942, p¼ 0.0913, Figure 2(D)). Leaf mass remaining was significantly lower in the
20 ng/L treatment compared to the control, (Tukey post hoc: p¼ 0.057), but not

Figure 1. (A) Mean (±1 SE) biofilm chlorophyll a (chl a) at day 13 (dark gray bars) and day 21 (light gray bars), (B)
mean (±1 SE) biofilm net ecosystem production (NEP) at day 13 (dark gray bars) and day 21 (light gray bars).
Asterisks (�) indicate means that differ statistically between treatment and control (p< 0.1).
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significantly different in 20 mg/L treatment compared to control (p¼ 0.1). No differences
were observed for colonized leaf pack percentage mass remaining (F2,12¼ 0.894, p¼ 0.435,
Figure 2(C)).

At the end of the experiment, there was no statistical difference for whole-stream Chl-
a concentrations (F2,12¼ 1.152, p¼ 0.351). Total stream AFDM did not differ between flu-
oxetine treated streams and control streams (F2,12¼ 2.699, p¼ 0.108). Continuous meas-
urements of stream GPP did not differ between streams treated with fluoxetine and
control streams (LME: F3,113¼ 0.202, p¼ 0.827), and whole stream ER also was not differ-
ent among streams (LME: F3,113¼ 1.208, p¼ 0.412).

Response of microbial community functional composition

Color development occurred in each BIOLOG plate over time confirming carbon source
utilization as an indication of microbial respiration; however, there were no differences
among treatments. Additionally, the number of wells with color development (i.e. positive
responses) remained consistent across all treatments and time points. At day 13, dissimi-
larity in microorganism community activity differed between each fluoxetine treatments
and controls on both no-invertebrate leaves (ANOSIM, global R¼ 0.045, p¼ 0.08) and
colonized leaves (ANOSIM, global R¼ 0.049, p¼ 0.07). However global R is small, sug-
gesting that these differences may be small. At day 21, results suggest differences between
20 ng/L and control streams (pairwise: R¼ 0.231, p¼ 0.001) and 20 ng/L and 20 mg/L
streams (pairwise: R¼ 0.0126, p¼ 0.007) in microbial functional composition on no-inver-
tebrate leaves (ANOSIM, global R¼ 0.109, p¼ 0.002), however, again, global R is still near
0, therefore differences may be small, as is the case with observed differences in micro-
organism community activity detected on colonized leaves between fluoxetine treatments
and control (ANOSIM, global R¼ 0.047, p¼ 0.055).

Figure 2. (A) Mean (±1 SE) ecosystem respiration (ER) on leaves at day 13 (dark gray bars) and day 21 (light gray
bars) with invertebrates (B) and without invertebrates on day 13 (dark gray bars) and day 21 (light gray bars) (C), per-
centage leaf mass remaining (±1 SE) at day 21 with invertebrates (D) and without invertebrates (B). Asterisks (�) indi-
cate means that differ statistically between treatment and control (p< 0.1).
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Invertebrate community response to fluoxetine

At the conclusion of the experiment, there was no difference in stream invertebrate com-
munity composition between treated streams (20 ng/L of fluoxetine, 20 mg/L of fluoxetine)
or control streams (Table 1), this was further confirmed by conducting an analysis of sim-
ilarities (ANOSIM, global R¼�0.008, p¼ 0.475) nor was there a difference in diversity
(Shannon–Wiener: F2,12¼ 0.247, p¼ 0.785) or average taxon richness (F2,12¼ 0.363,
p¼ 0.703). However, the number of individuals of Leptocerridae mayflies differed between
fluoxetine treated streams and control, streams (F2,10¼ 3.04, p¼ 0.093). Leptoceriidae
numbers were higher in both fluoxetine treatments (20 ng/L p¼ 0.042, 20 mg/L p¼ 0.065).
There was no difference in total Hydropsychidae mass (mg) (F2,12¼ 0.084, p¼ 0.92), nor
was there a statistical difference in mean individual mass (F2,12¼ 1.785, p¼ 0.21).

The average number of individuals emerged over the duration of the experiment was
not statistically different among treatments (LME: F2,12¼ 0.499, p¼ 0.619, Figure 3(A)).
Daily total stream biomass (g) of emerged dipterans in treated streams was not signifi-
cantly different from the control streams (LME: F2,12¼ 0.3796, p¼ 0.692, Figure 3(B)).
Average cumulative total emergence mass (g) was also not significantly different between
treatment and control (F2,12¼ 0.105, p¼ 0.901).The average mass of individuals (mg)
emerged over the duration of the experiment was also not statistically different (LME:
F2,12¼ 0.0312, p¼ 0.969) Finally, there was no significant difference in cumulative insect
emergence between treatments or control streams (F2,12¼ 1.239, p¼ 0.324, Figure 3(C)).

Discussion

It is well established that PPCPs are present in surface waters globally (Daughton and
Ternes 1999). The ubiquity of PPCPs and the fact that these compounds are designed to
be biologically active at low concentrations, raises concerns about effects on non-target
organisms (Monteiro and Boxall 2010). It is only recently that studies have begun to
acknowledge the potential for sub-lethal effects of pharmaceuticals on aquatic biota and
ecosystem functions (Proia et al. 2011; Hoppe et al. 2012; Rosi-Marshall et al. 2013; Lee
et al. 2016; Richmond et al. 2016; Richmond et al. 2017). In this study, we explored the
ecological effects of fluoxetine at 20mg/L (shown to have previous effects on algae and
aquatic insects (Richmond et al. 2016)) and 20 ng/L, which is the median concentration
reported in freshwaters across the USA (Silva et al. 2015). Our study further establishes
that fluoxetine has the capacity to alter ecosystem processes; biofilm colonization, GPP,
NPP and ER all were affected by fluoxetine, showing that extremely low, but environmen-
tally realistic concentrations pose an ecological risk.

Table 1. Mean (±1SE) number of the 10 most abundant aquatic insects per treatment (in order of decreasing abun-
dance of insects in control streams) and results of 1-way analysis of variance (ANOVA).

Taxon Control Nano Micro F p

Chironimidae Chironominae 42 ± 19 18 ± 8 25 ± 4 0.549 0.5913
Chironomidae Tanypodinae 28 ± 13 63 ± 11 63 ± 4 0.0908 0.9138
Gammaridae 15.5 ± 7 8 ± 3 1.2 ± 0.2 1.1728 0.3454
Leptoceridae 14 ± 6 52 ± 21 17 ± 3 3.0403 0.093�
Leptohyphidae 6 ± 3 9 ± 1 14 ± 2 1.5719 0.2476
Elmidae 4 ± 2 3 ± 1 10 ± 1 1.1273 0.3559
Hydropsychidae 6 ± 3 6 ± 2 8 ± 2 0.0534 0.9483
Isonychiidae 3 ± 1 6.2 ± 0.6 6 ± 1 0.0152 0.985
Heptageniidae 1.3 ± 0.6 2 ± 1 4 ± 1 0.5917 0.5716
Perlidae 2 ± 1 3 ± 1 4.0 ± 0.4 0.0977 0.9077

Asterisks indicate significant difference between pharmaceutical and control streams (p< 0.01).
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Figure 3. (A) Mean (±1 SE) dipteran individuals emerged in response to fluoxetine treatment (20ng/L and 20mg/L)
over 21d duration. Treatments have been normalized against controls, represented by a dashed line at 0. (B) Mean
(±1 SE) dipteran individual mass emerged in response to fluoxetine treatment (20ng/L and 20mg/L) over 21d dur-
ation. Treatments have been normalized against controls, represented by a dashed line at 0. (C) Mean (±1 SE) cumula-
tive dipteran emergence in response to fluoxetine treatment (20 ng/L and 20mg/L). Dashed line is representative of
mean cumulative emergence in control streams.
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Some contaminants including pesticides and heavy metals can reduce the diversity of
microbial communities and invertebrate shredders, altering decomposition rates in
streams (Gessner et al. 2010); however, the extent to which pharmaceuticals, specifically
fluoxetine, impact organic matter decomposition and microbial diversity remains largely
unknown. Throughout the experiment, we observed no change in ER by colonized leaf
biofilms exposed to fluoxetine; however, ER was higher on leaves with no-invertebrates
when exposed to fluoxetine, irrespective of concentration, suggesting that the effects of
fluoxetine on ER is mediated by the presence or absence of aquatic insects. In the absence
of invertebrates, fluoxetine appears to affect microbial heterotrophic efficiency. This effect
may be masked when invertebrates are present, and further research is warranted to iden-
tify how and why fluoxetine affected microbially mediated decomposition but not inverte-
brate-mediated decomposition.

Surprisingly, in the presence of invertebrates and fluoxetine treatments, we observed an
increase in leaf mass remaining, but this increase was not significant. In contrast, there
was a significant decrease in leaf mass remaining when invertebrates were excluded. One
possible explanation for this response could be that in the absence of invertebrates, fluox-
etine stimulates microbial activity, increasing respiration, whereas in the presence of
invertebrates, respiration is maintained via grazing. This may be supported by the signifi-
cant increase in rates of ER observed in ng/L treatments which did not contain inverte-
brates. Fluoxetine and other SSRIs have been found to possess antimicrobial properties,
mainly affecting gram positive bacteria (Munoz-Bellido et al. 2000). When leaves were
exposed to fluoxetine, there may have been a suppression of gram positive bacteria, lead-
ing to an increase in potential fluoxetine resistant gram negative bacteria such as
Flavobacterium, a genus often found within biofilms (Besemer et al. 2012), which may
have increased respiration. Fluoxetine inhibits the neurotransmitter serotonin. Serotonin
is known to occur in fungi and other organisms (El-Merahbi et al. 2015) and is also
known to inhibit in vitro viability of fungal cells, particularly those from the Candidae
family (Lass-Fl€orl et al. 2003). It is possible that fluoxetine, working as a selective sero-
tonin inhibitor, modulates serotonin, reducing its antifungal properties and increasing
fungal activity.

BIOLOGVR plates have been used to examine microbial communities in freshwater sys-
tems, including streamside channels (Kreutzweiser and Capell 2003) and lakes (Christian
and Lind 2006). However, we know of only one previous study that has used this tool in
aquatic biofilms exposed to a mixture of pharmaceuticals (Lawrence et al. 2005), where,
in general no pharmaceutical treatment altered carbon utilization. We observed no change
in microbial activity using BIOLOGVR redox plates, which is consistent with our findings
that community respiration did not differ among fluoxetine treatments. This is contradict-
ory to pharmacological studies that suggest SSRIs may exhibit antimicrobial properties
(Kalaycı et al. 2014), which could alter microbial communities. BIOLOGVR plates provide a
convenient and time effective method of characterizing microbial community activity and
diversity; however, this method may be biased towards easily extracted microbes
(Stefanowicz 2006), and therefore BIOLOGVR plates may only provide a conservative esti-
mate. Using enumeration techniques to rigorously standardize inoculum densities and
examining color development through time (Garland 1997) may have detected differences
in the rates of color development that we were unable to determine. Previous studies
examining microbial community response to contaminants (e.g. heavy metals) have suc-
cessfully created community level physiological profiles using BIOLOGVR plates
(Barranguet et al. 2003). Additionally, utilizing DNA techniques may have detected subtle
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changes or shifts in composition, not just functional diversity measured via carbon source
utilization (Lee et al. 2016).

Similar to results observed in our previous study (Richmond et al. 2016), we found
that biofilm NEP and GPP was marginally suppressed in fluoxetine treated streams. Our
previous study measured how fluoxetine and citalopram (another SSRI) influenced func-
tionality on established biofilms. In the current study we started with bare rocks rather
than pre-colonized algal covered rocks, allowing us to test algal colonization rates rather
than alterations to an already established biofilm. In this study, the initial suppression of
GPP may be due to delays in algal colonization in replicates exposed to fluoxetine, evident
by the reduction of chlorophyll a concentrations. The suppression of algal functionality
observed in this study raises concerns about biofilm vulnerability in systems where algal
reestablishment rates are high and pharmaceutical contaminants are common, for
example urban systems. Similar delayed colonization was observed when biofilms were
exposed to the common PPCPs caffeine, ciprofloxacin and diphenhydramine (Rosi-
Marshall et al. 2013). By the end of the 3-week experiment in the 20 mg/L fluoxetine treat-
ments, average algal biomass and GPP had recovered to similar levels observed in control
streams. In contrast, in the low (20 ng/L) fluoxetine treated streams, there was lower algal
mass, but no differences in GPP or photosynthetic efficiency compared to the control. It
is possible, however, that these streams would eventually reach the level of other treat-
ments, but fluoxetine appears to have delayed rates of colonization.

The concentrations of fluoxetine used in this study are below those that have been
found to be toxic to algae (39 mg/L; Brooks et al. 2003). However, it appears that the
lower, environmentally-realistic concentrations did disrupt algal colonization and affected
primary productivity on day 13. We did not observe a reduction in whole-stream produc-
tion, and these findings are similar with those reported elsewhere. Subtle reductions in
GPP using biofilm covered rocks, do not necessarily translate to detectable changes at the
whole-stream scale (Richmond et al. 2016), potentially due to a shift in algal communities
to the water column or other habitats. Algal communities form vital components of
stream ecosystems and the environmentally relevant ng/L concentration reduced rates of
algal colonization. This suggests that in frequently disturbed streams where drugs like flu-
oxetine are commonly detected (e.g. urban streams), the consequences for colonization
dynamics after disturbance may be an important endpoint to consider when examining
the effects of these compounds, particularly in light of the fact that even small rainfall
events cause enough of a disturbance to reset GPP in urban streams (Reisinger
et al. 2017).

The concentrations of fluoxetine in this study did not cause invertebrate larval mortal-
ity, alter community composition, or taxon richness in stream benthic fauna, which is
similar to previous findings (Richmond et al. 2016). It is very interesting to note that
these common metrics (e.g. those that investigate changing composition of macroinverte-
brate communities) were not sensitive to fluoxetine exposure. Although not statistically
significant, we did find that relative to the control streams, the numbers of emerging indi-
viduals were 20% higher, the biomass of dipterans emerged was 17% higher, the cumula-
tive density and biomass of emerged insects were15% and 25% higher, respectively, in the
20 ng/L treatments. Moreover, the average biomass (i.e. size at emergence) of individuals
was 10% less in 20 ng/L treatments compared to the control streams. Although the high
amount of variation inherent with measuring emergence, coupled with modest statistical
power, may have limited our ability to detect significant effects, the direction of these pat-
terns is consistent with previous results (Richmond et al. 2016). These findings suggest
that there may be effects of fluoxetine and other SSRI’s on aquatic insect emergence and
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highlight the need for more research on this topic. Furthermore, Krams et al. (2018),
recently discovered that the resting metabolic rate of rapidly developing crickets, signifi-
cantly increased in the presence of a SSRI and they hypothesized that SSRIs may promote
selection for increased development.

Evidence suggests that SSRIs, including fluoxetine, have endocrine disrupting capabil-
ities in vertebrates and invertebrates by therapeutically altering serotonin levels which are
known to modulate reproductive output, feeding and behavioral traits (Mennigen et al.
2011). Fluoxetine is known to increase spawning rates in bivalves (Fong 1998; Lazzara
et al. 2012), and when exposed to 40 mg/L of fluoxetine and food limiting conditions,
female Daphnia produced greater amounts of offspring, but at a reduced size (Campos
et al. 2016). We found a non-significant decrease in individual biomass of emerged dip-
teran adults; this is contradictory to results observed in our previous study (Richmond
et al 2016). Alterations to dipteran emergence can have cascading effects throughout the
environment, as emerged insects serve as an important resource subsidy to terrestrial
landscapes (Baxter et al. 2005), and can facilitate the movement of contaminants to ripar-
ian predators (Laws et al. 2016). Fluoxetine and 65 other pharmaceuticals were recently
detected in riparian spiders which feed exclusively on emerged aquatic insects (Richmond
et al. 2018), further explaining that fluoxetine may enable greater rates of stream-riparian
contaminant flux. Although the mechanisms and mode of action are unknown, fluoxetine
has been shown to induce reproductive processes in bivalves (Fong 1998) and enhance
growth of crayfish (Tierney et al. 2016). However, individual size has been negatively cor-
related to contaminants including heavy metals and pesticides (Kiffney and Clements
1993; Bruner et al. 1994).

Fluoxetine has a high absorption capacity to organic material (Kwon and Armbrust
2006), thus, this may explain the low concentrations of fluoxetine detected in the water
column at the conclusion of this study, despite constant addition. In a recent analysis of
almost 70 pharmaceuticals in aquatic food webs, fluoxetine was found to bioaccumulate
within aquatic insects downstream of a WWTP at an average concentration of 794 ng/g
and concentrations within aquatic invertebrates were three orders of magnitude higher
than concentrations typically measured in stream water (Richmond et al. 2018). Therefore
food-borne exposure and adsorption of pharmaceuticals to organic material may be an
underappreciated threat to wildlife. Accumulation of pharmaceuticals in aquatic biota,
rather than direct effects from water column exposure may be an important take-home
point from this study. Our study does not attempt to describe a dose–response curve;
rather, given there is so little information on the effects of pharmaceuticals, at environ-
mentally realistic concentrations on ecosystem structure and function. Coupled with the
relatively new knowledge that fluoxetine can accumulate in invertebrate tissues
(Richmond et al. 2018), the lack of significant effects on the community composition or
emergence patterns of macroinvertebrates observed in this experiment suggest that
although these taxa may not be highly sensitive to exposure to these compounds, they
may serve as a means by which waterborne exposure to drugs may be transferred to
higher trophic levels in river and riparian food webs (e.g. fishes, spiders, birds and bats).

The collective influence of pharmaceuticals on aquatic ecosystem function remains
largely unknown; however, these results begin to suggest multiple ecological effects of
extremely low, yet environmentally realistic, concentrations of pharmaceuticals on algae,
bacteria and invertebrates. Although there was a lack of statistical significance, this study
provides some evidence that fluoxetine may disrupt and disturb ecosystem processes at
these low concentrations. There has been an increased number of studies reporting the
non-monotonic effects of fluoxetine on aquatic organisms (e.g. Ford and Fong 2015;
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Martin et al. 2017), and a call for more research observing nontoxic endpoints
(Richmond et al. 2017). In this study, fluoxetine altered algal colonization and changed
respiration in the absence of invertebrates. These results may be important in natural
streams where ecosystem processes must respond to the pseudo-persistent occurrence of
fluoxetine in addition to other disturbances. Secondly, it is possible, though not statistic-
ally significant, that insect emergence increased and individual size decreased when
exposed to fluoxetine. This finding, coupled with previous evidence that emergence is
affected by serotonin-disrupting compounds (e.g. Lee et al. 2016; Richmond et al. 2016)
suggests that these types of compounds may affect this important ecological process and
emphasizes the need for more research. Studies that examine the effects of PPCPs and
other emerging contaminants on ecological endpoints are necessary to fully understand
the ecological threats that these novel pollutants pose.
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