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Abstract 

In New South Wales (NSW), on the east coast of Australia bordered by the Pacific Ocean, the 

existence of major coal deposits close to the estuaries has led to a history of coal-fired power 

station activities in the area and metal inputs in to these estuaries. The purpose of this study 

was to measure and understand inputs and fate of selenium and other metals from nearby 

coal-fired power stations. The study focuses on three lakes in NSW, Lake Macquarie, Lake 

Budgewoi and Lake Illawarra. Previous studies provide evidence of high metal 

concentrations in sediment and biota in these lakes. In this thesis, selenium, copper, zinc, 

arsenic, cadmium and lead concentrations in sediment from the three lakes were measured to 

determine the extent of metal inputs from the power stations. The full selenium cycle has not 

been completely characterised in Australian marine ecosystems, information needed for 

management plans. A major focus of this thesis, therefore, was to characterise the cycling of 

selenium in Lake Macquarie which has the highest selenium sediment concentrations of the 

three lakes studied. Metals and metalloids, for convenience, are referred to as metals in this 

study. 

Of the three lakes, Lake Macquarie has the highest metal concentrations in sediments from 

input of metals from two coal-fired power stations and because of its embayments which 

enable concentration of metals in sediments. Metal concentration profiles from sediment 

cores collected in the three lakes correlated well with historical industrial development, with 

the exception of arsenic and selenium due to their mobility over a wide range of redox 

conditions. Ash handling procedures at power stations in Lake Macquarie have shown to be 

efficient in reducing metal inputs to the sediments. Metal concentration in Lake Illawarra 

sediment samples close to Tallawarra Power Station are low as a result of its location in an 

open area of the lake allowing metals to disperse to below background levels. Port Kembla 

industrial activity, located in Griffins Bay, is the main source of metals to the lake and has 

generated high sediment metal concentrations. In addition, Windang Peninsula, an area where 

copper slag from Port Kembla industries was stock piled, was found to be an important 

source of metals. Lake Budgewoi was the lake with lowest sediment metal concentrations and 

metal concentrations are correlated with power stations activities in the lake. Some Lake 

Macquarie and Lake Illawarra sediment metal concentrations are above the Australian and 

New Zealand sediment quality guidelines high trigger values, while Lake Budgewoi 

sediments were under these threshold limits. 
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A seagrass ecosystem in Lake Macquarie, which had the most significant levels of selenium, 

was analysed for selenium bioaccumulation and biomagnification. Selenium concentrations 

in organisms from Lake Macquarie are greater than other Australian estuaries, but are 

considerably lower than selenium concentrations in organisms in aquatic ecosystems in the 

USA, Canada and elsewhere in the world due to low metal concentrations in Australian coal. 

Selenium biomagnification is occurring in this ecosystem. The high potential for selenium to 

enter Lake Macquarie food webs is a result of long water residence time which enables 

selenium partitioning to particulate material. Habitat and feeding zone were found to be 

important factors influencing selenium bioaccumulation in invertebrates, while feeding zone 

only influenced vertebrates. These results demonstrated that invertebrates are accumulating 

selenium both via body absorption and diet, while vertebrates are bioaccumulation selenium 

mainly via diet. The fish Sillago maculata is the only species with selenium concentrations 

above the Food Standards Australia New Zealand (FSANZ) general expected level (GEL) 

guidelines of 6.6 µg/g dry mass for human consumption. 

Other metals, including copper, zinc, arsenic, cadmium and lead, are accumulated by 

organisms of the Lake Macquarie seagrass food web, but they are not being biomagnified 

through food chains. Omnivores and detritivores-suspension feeders were the organisms with 

the highest metal concentrations, with the exception of lead and arsenic which was higher in 

plants and algae. This difference in metal concentrations per feeding group is related to 

differences in regulation mechanisms and physiology. Feeding zone influences arsenic 

accumulation for both invertebrate and vertebrate organisms. Metal concentration patterns 

within groups were species-specific and indicate the importance of measuring metal 

concentrations at the species level. Arsenic, zinc and copper concentrations in biota were 

detected above the maximum level (ML) recommended by the FSANZ. No maximum limits 

of these metals has been developed in regards of the health of the animals themselves, 

showing the urgent need for a risk assessment of metal on organisms of Lake Macquarie food 

web for ecosystem health and for human consumption.  

A method was developed to measure volatile selenium fluxes in Morisset Bay, in Lake 

Macquarie, to comprehend the magnitude of losses of volatile selenium to the atmosphere. 

The system was designed to sample water incubated in domes placed in sediments of 

Morisset Bay. Lake water samples were then purged for 30 min at 100 mL/ L helium flow 

and moisture removed using a Teflon water trap at -30º C. A cryogenic trap absorbed and 
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concentrated the selenium and a heating system was used to release the selenium species to 

be measured by Atomic Fluorescence Spectrometry. DMSe was the only volatile selenium 

species found in waters from Lake Macquarie, with DMDSe measurements below the 

detection limit of ~1 ng/L or 4 ng/ m2/ h. A preliminary estimation has indicated an annual 

flux of around 24 kg/ year of volatile selenium from Lake Macquarie.  

 Overall, these data suggest that selenium and other inputs metal have been decreasing in the 

sediments of Lake Macquarie and that improved ash handling procedures have reduced metal 

inputs to this estuarine lake. Selenium was shown to have potential to enter food webs. 

Physiological effects of selenium exposure should be further studied to understand the toxic 

effects in the wildlife of Australian Ecosystems. Volatilization of selenium by bacteria is a 

potential removal mechanism of selenium from the lake and the method developed in this 

study should be applied in more comprehensive studies to further understand the 

volatilization of selenium species. 
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Chapter 1. Introduction 

 

1.1. Thesis Structure and Scope 

In Australia, estuaries are among the most important coastal features, both ecologically and 

with respect to human settlement and use (Ryan, 2003). The purpose of this study was to 

measure and understand the impact on estuarine lakes of input from selenium and metals 

from nearby coal-fired power stations. The study focuses on three lakes in New South Wales 

(NSW), Lake Macquarie, Lake Budgewoi and Lake Illawarra. Previous studies provide 

evidence of high metal concentrations in sediment and biota in some of these lakes, but the 

full selenium cycle is not completely characterised in Australian marine ecosystems. The 

information on the complete biogeochemical cycle of selenium is needed to generate concise 

information for environmental actions and management plans in estuarine lakes receiving 

inputs from coal-fired power stations in Australia. In this thesis, metal concentrations in 

sediment from the three lakes were measured to determine the extent of metal inputs from the 

power stations. Lake Macquarie, which had the most significant levels of selenium, was then 

analysed for the pathways within its ecosystem to characterise the complete selenium cycle. 

For convenience, a metal and a metalloid in this study will be referred as a metal. The thesis 

is structured as four research chapters; each a standalone manuscript for publication that 

includes an introduction, methods, results and discussion section. Literature cited in each 

chapter is combined and presented as a single reference list at the end of the thesis. Included 

in this introductory chapter, is a brief overview of the history of coal-fired power station 

activity in NSW, Australia, and the ecological knowledge that provides the background to 

this research.  

 

1.2. Thesis Background 

Estuaries are semi enclosed bodies of water formed when freshwater from rivers and coastal 

streams flows into and mixes with saline water of the ocean (David et al., 1998). The 

freshwater is slowed from streaming into the open ocean by either surrounding mainland, 

peninsulas, barrier islands, fringing salt marshes, or simply by spreading out. This mixing of 
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fresh and salt water creates a transition zone between land and sea known as an estuary. 

These are places where fish, birds and animals of all sorts congregate to feed, find refuge, 

grow to adulthood, and stage migrations (David et al., 1998).  

Estuaries rank, along with tropical rainforests and coral reefs, as the world's most productive 

ecosystems, more productive than both the rivers and the ocean that influence them (David et 

al., 1998). In an estuary, nutrient-rich river waters combine with warmer, light infused 

shallow coastal waters and the upwelling of nutrient-rich deep ocean waters to generate 

primary productivity (US EPA, 1992). A year-round primary production can be generated in 

estuaries from macrophytes (seaweeds, sea grasses and marsh grasses), benthic microphytes 

(mud algae) and phytoplankton (David et al., 1998). Estuaries are also the beneficiaries of 

energy subsidies through the tidal transport of food and nutrients and removal of wastes 

(Ryan, 2003). Primary productivity is the cornerstone of the estuarine food chain, providing 

food for large populations of shellfish such as clams, mussels and oysters which will in turn 

feed top consumers (Burford et al., 2008). 

In New South Wales, a state in the east of Australia bordered by the Pacific Ocean, there are 

approximately 154 large and medium-sized estuaries and embayments along its coast (West 

et al., 1985). Most of these are under intense urban development pressure with approximately 

80% of the State’s population living near an estuary (Morrisey, 1995). Some 60% of the 

State’s estuaries are intermittently closed and open lakes and lagoons which are sensitive to 

changes in the estuary and also in the catchment (Morrisey, 1995) 

The existence of major coal deposits close to the NSW estuaries has led to significant coal 

mining activity in the region. No state has played a more prominent role in the history of 

Australian coal mining than NSW (NSW Mining, 2013). The cities of Newcastle and 

Wollongong and their bustling ports, drove the NSW economy from the late 1800s onwards 

and currently Newcastle is the world’s largest coal export port (NSW Mining, 2013).  

The availability of water from the estuarine lakes, combined with coal as an energy resource, 

supported the strategic location of coal-fired power stations on the margins of the estuarine 

lakes: Lake Macquarie, Lake Budgewoi and Lake Illawarra. The three lakes are coastal 

lagoons located in the Sydney-Gunnedah Basin (Figure 1.1), and power stations use water 

from the estuaries to convey heat to the steam turbines and to remove heat from the steam 

circuits.  



Chapter 1 
 

 

 
3 

 

 

Figure 1.1. Map of Sydney-Gunnedah Basin coalfields and locations of estuarine lakes 
supplying water for coal fired power stations. Adapted from NSW Division of Resources and 
Energy (2013). 

 

Despite the industrial development and prosperity coal has offered to NSW coastal areas, it 

has also caused a range of environmental issues, including the release of metals into the 

environment (Batley, 1987; Maher et al., 1992). After the combustion of coal in coal-fired 

power plants, a significant quantity and variety of potentially toxic metals are present in the 

coal ash waste and are transferred into the natural environment through runoff (Peters et al., 

1999b).  

The concentrations of metals in coal vary according to the mine source and geological factors 

that have created the coal seam (Boyd, 2004). The most significant difference between the 

chemical composition of Australian and international coals is the lower concentrations in 

Australian coals of the metals of major environmental concern: selenium, arsenic, mercury 
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and boron (Figure 1.2) (up to 35 per cent of the concentrations found in the international 

coal) (Dale, 2006).  

 

Figure 1.2. Comparison of the relative concentrations of arsenic, boron, mercury and 
selenium in Australian and international coals. Reprinted from Dale (2006). 

 
 
Though metal concentrations in Australian coal are lower than in other locations worldwide, 

studies have reported high selenium concentrations in sediments and biota of Lake Macquarie 

(Barwick and Maher, 2003; Batley, 1987; Kirby et al., 2001; Maher et al., 1992; Peters et al., 

1999b, 1997). Selenium is an essential metalloid for human and animal nutrition (Schwarz 

and Foltz, 1957; Toyoda et al., 1990), however, elevated selenium concentrations in either 

water or an animal’s diet can result in acute toxicity, pathological changes in tissues, 

impaired reproduction (including mortality of embryos and developmental abnormalities of 

young) and chronic poisoning of adult animals (Ohlendorf, 1989).  

The need for this study is highlighted by the gaps in current research in these estuaries. 

Although a number of studies have investigated the concentration of metals in estuarine 

ecosystems affected by coal-fired power stations, there are still information gaps in the 

biogeochemical cycles of selenium and other metals in these estuarine lakes. None of the 

studies to date has consistently investigated the whole cycle of selenium from the point of its 
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release into the lake through its potential pathways into the food webs or its release through 

volatilization into the atmosphere. Moreover, existing studies are patchy, do not use 

consistent methodology and are generally restricted only to Lake Macquarie. For Lake 

Budgewoi, an estuarine lake also receiving input from coal-fired power stations, no 

contamination studies have been performed apart from reports requested by the power station 

in order to meet environmental requirements, which are not available to the public. Studies in 

Lake Illawarra have only investigated the presence of metals other than selenium. The current 

thesis addresses this gap by examining the concentrations of selenium as well as other metals. 

Studies of metal contamination in Lake Illawarra date from the 1970s, most of them focused 

on horizontal and vertical distribution of copper, zinc, cadmium and lead concentrations in 

sediments (Chenhall et al., 1994; Ellis and Kanamori, 1977, 1977; Gillis and Birch, 2006; 

Payne et al., 1997). These studies have reported that sediment metal concentrations in the 

lake, in general, were in concentrations lower than the ANZECC/ ARMCANZ (2000) Interim 

Sediment Quality Guideline-Low (ISQG-Low). These guidelines delineate the concentrations 

of sediments below which adverse biological effects are frequently observed. Griffins Bay 

(close to the industrial area of Port Kembla) was the only area in Lake Illawarra with metal 

concentrations above Interim Sediment Quality Guideline-High (ISQG-High), where adverse 

biological effects may occur.  

Only two studies have investigated metal bioaccumulation in the biota of Lake Illawarra: 

Brown et al. (2006) and Howley et al. (2006). The first study reported that copper, zinc, 

cadmium and lead concentrations in fish and shellfish were generally low and represented a 

minimal health risk to human consumption. Howley et al. (2006) studied arsenic, cadmium, 

copper, lead, manganese, nickel and zinc concentrations in Zostera capricorni leaves and 

rhizomes. They reported that metal concentrations in seagrass tissues collected near the Port 

Kembla industrial complex, and adjacent to the former Tallawarra power station, were 

significantly higher than metal concentrations in seagrass samples collected from the lake 

entrance. In addition, this sea grass species was reported as playing a significant role in the 

cycling of copper, manganese, and possibly lead, via uptake from sediments, acropetal 

transference to leaves, and the release of metals from leaves into the water column or into the 

detrital food chain via leaf litter (Howley et al., 2006).  

Lake Macquarie, perhaps because of the more extensive industrial activity on its margin, has 

been the subject of many studies. The first studies in the lake investigated metal 
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concentrations in sediments, identifying high concentrations of copper, zinc, selenium, 

cadmium and lead reported to come from industrial sources (Batley, 1987; Kilby and Batley, 

1993; Roy and Crawford, 1984; Scanes, 1993). Apart from these studies, the only 

information compiled was in reports produced by researchers contracted by the power 

stations, but not made public (Batley et al., 1992; Batley and Lincoln-Smith, 1994, 1993, 

1993; Brockbank and Batley, 1998; Jung et al., 1998). Based on the evidence of high metal 

concentrations found in the earlier studies, Maher et al. (1992) and Maher and Batley (1990) 

reviewed the current literature concerning selenium in marine organisms in Australia and 

expressed concern that selenium has not been characterised sufficiently in Australian marine 

ecosystems to determine whether or not it poses an environmental hazard.  

As a result, further studies were conducted investigating selenium and other metal 

concentrations in sediments. These studies have collected additional information on sediment 

redox states, age profiles, bioturbation by organisms and the relationship between sediment 

and benthic infauna selenium concentrations (Batley, 1987; Kilby and Batley, 1993; Nobbs et 

al., 1997; Peters et al., 1999a, 1999b; Roach, 2005; Roy and Crawford, 1984). Research has 

also been conducted on the concentrations of selenium and other metals in the Lake biota. 

Researchers have investigated the use of gastropods and bivalves as biomonitors of metals 

(Burt et al., 2007; Scanes, 1993, 1993; Taylor and Maher, 2006, 2003) and the metal 

exposure-dose response of bivalves (Burt et al., 2007; Taylor and Maher, 2013, 2012a, 

2012b, 2012c). Other studies have focused on bioaccumulation and biomagnification of 

metals into food webs (Barwick and Maher, 2003) and bioaccumulation specifically in fish 

(Kirby et al., 2001; Roach et al., 2008).  

Studies investigating the volatilization of selenium in Lake Macquarie have not been 

undertaken. Through volatilization, microorganisms are able to reduce selenium in sediments 

from higher to lower oxidation states, thereby volatilising it and reducing the level of 

selenium in the lake through loss to the atmosphere. Peters et al. (1999a) reported the ability 

of bacteria in Lake Macquarie to biotransform selenium into volatile forms through isolating 

the bacteria in sediments using laboratory experiments. A previous study has also shown the 

formation of volatile selenium species in Lake Macquarie (Kirby, 2005), but no data on the 

volatile selenium fluxes have been produced. This study addresses this gap. 
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1.3. Thesis Objectives 

Chapter 2: Recent History of Metal Contamination and Distribution in Sediments of 

Australian Estuaries Receiving Inputs from Coal-Fired Power Stations 

In this study, sediment metal concentrations in Lake Budgewoi, Lake Macquarie and Lake 

Illawarra were measured to determine the rates at which metals have accumulated in the 

sediments during the past 60 years, since coal-fired power stations started their activities. 

Metal concentrations in sediment profiles had already been measured to some extent in Lake 

Macquarie and Lake Illawarra, but these studies date from more than 10 years ago. The 

previous measurements have not been consistent across the three lakes either in terms of time 

or methodology, making it difficult to compare the results between the three lakes. There 

have been no studies to measure the metal concentrations following the introduction of new 

coal ash handling procedures for contaminant control. In addition, many of the previous 

studies reporting a history of contamination have not been supported by 210Pb techniques, the 

most frequently used technique to age sediments and determine recent metal and 

sedimentation rates.  

While this chapter focuses on the changing metal concentrations over time, information was 

also collected on the spatial distribution of metal concentrations in the three lakes and this is 

included in the appendix to support the discussion of this chapter. 

The hypothesis that metal concentrations have decreased after new coal ash handling 

procedures were implemented by power stations located at Lake Macquarie was also tested.  

Specific objectives 

- To measure metal concentrations in sediments of Lake Macquarie, Lake Budgewoi 

and Lake Illawarra, particularly in relation to the source of contamination, and assess the 

level of ecological concern for these lakes based on ANZECC/ ARMCANZ (2000) interim 

sediment guidelines. 

- To use a multi-proxy approach combining 210Pb, 137Cs and metal concentrations in 

selected cores to understand historical changes in metal concentrations in sediment cores 

close to suspected contamination sources. 
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Chapter 3: Selenium Bioaccumulation in an Estuarine System Receiving Inputs from 

Coal-Fired Power Stations 

The study in this chapter is based on the findings from Chapter 2 which showed that 

Lake Macquarie sediments had higher selenium concentrations than Lake Illawarra and Lake 

Budgewoi, at concentrations that are potentially harmful to aquatic ecosystems. This study 

investigates bioaccumulation and biomagnification of selenium in a seagrass ecosystem in 

Lake Macquarie. It establishes trophic positions based on δ
13C and δ15N which enabled the 

application of the biodynamic model developed by Presser and Luoma (2010) widely used 

across the word but not previously applied in Australia. 

The seagrass ecosystem was the focus of this study as it has been described as one of 

the most important estuarine habitats in NSW (Creese et al., 2009). Seagrasses are 

particularly valuable as nursery, feeding and shelter areas for many aquatic animals, 

including commercially and recreationally important fish, crabs and prawns. They are 

renowned worldwide as rich and productive nursery areas for juveniles of economically 

important species (David et al., 1998; West et al., 1985). 

Only one study on bioaccumulation and biomagnification of selenium in a Lake 

Macquarie seagrass food web has previously been undertaken. That study was based on 

published literature on the diet of seagrass ecosystem components, and was not based on 

actual measurement of selenium pathways through food webs. In order to understand the 

trophic hierarchy of seagrass organisms and their selenium source, in this chapter  stable 

isotopes (δ15N and δ13C) techniques are applied to establish the path of selenium through 

seagrass food chains and establish if biomagnification is occurring. 

Specific Objectives:  

- To use δ13C and δ15N analysis in biota of a seagrass ecosystem in Lake Macquarie to 

determine the trophic levels in seagrass food chains. 

- To determine selenium transference paths and rates from particulate organic matter 

(POM) to the top carnivores following the Ecosystem-Scale Modelling of Selenium 

developed by Presser and Luoma (2010). 

- To investigate whether selenium bioaccumulation in organisms is influenced by the 

association of organisms with sediment. 
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- To determine if selenium concentrations in organisms are above the generally 

expected levels (GELs) provided by the Food Standards Australia New Zealand  

(FSANZ, 2013).  

 

Chapter 4: Bioaccumulation of Copper, Zinc, Arsenic, Cadmium and Lead in Aquatic 

Food Webs of Lake Macquarie 

The study in this chapter investigates whether the other metals (apart from selenium) taken up 

by marine organisms are being biotransferred to the higher trophic levels of the food chain. 

Bioaccumulation and biomagnification of metals in food webs is of particular concern in 

Lake Macquarie because this estuary is a low energy environment with limited water 

exchange which facilitates the retention and portioning of metal to its sediments and transfer 

to biota. This can result in deleterious effects on habitats, organisms, and possible poisoning 

of humans. 

The food chains established in Chapter 3 were used to investigate bioaccumulation and 

biomagnification of metals copper, zinc, arsenic, cadmium and lead in a seagrass ecosystem 

in Lake Macquarie. The published literature on the mechanisms of biomagnification for these 

metals released by coal-fired power station is not consistent and this study seeks to 

understand whether this is occurring in the food chain of Lake Macquarie.  

Specific Objectives 

- To investigate the bioaccumulation and biomagnification of copper, zinc, arsenic, 

cadmium and lead in a seagrass foodweb. 

-  To examine if there are differences in bioaccumulation patterns between essential 

metals (copper and zinc) and non-essential metals (cadmium, lead and arsenic). 

-  To investigate the influence of habitat and feeding zones on metal accumulated by 

organisms. 
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Chapter 5: Volatile Selenium Flux from a Selenium-Contaminated Site near the Vales 

Point Power Station in Lake Macquarie 

The most important gap in understanding the selenium cycle in Australian estuarine 

ecosystems is the function of volatilisation as a possible removal mechanism of selenium. To 

fill this gap, volatile selenium fluxes were measured in Morisset Bay, in Southern Lake 

Macquarie, as this area has been shown to have high selenium concentrations in sediments 

(see Chapter 2).  

Only a limited number of international studies have attempted to measure the selenium flux 

due to the challenges of developing an effective methodology. The development and 

optimization of the method used to measure selenium flux was complex and time consuming, 

and a decision was made to only measure selenium volatilisation in late Autumn rather than 

across the whole year as originally planned. Bacterial respiration data from Lake Macquarie 

was then used to estimate selenium fluxes in summer. 

Specific Objectives: 

- To develop an insitu cryogenic trapping method to trap, separate and quantify DMSe 

and DMDSe volatile forms using an Atomic Fluorescence Spectrometry (AFS) in 

water samples. 

- To quantify the volatile selenium flux from sediments in Morisset Bay in Lake 

Macquarie in late autumn. 

-  To use benthic microorganism respiration data to estimate the selenium flux for the 

whole year in the entire area of Lake Macquarie.  
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Chapter 2. Recent History of Metal Contamination 

and Distribution in Sediments of Australian 

Estuaries Receiving Inputs from Coal-Fired Power 

Stations  
 

2.1. Introduction 

 

Estuaries and coastal lagoons act as sinks for sediments and contaminants derived from their 

catchments. Consequently, sediment core studies can be used to examine the history of 

contamination over periods spanning years to centuries (Brenner et al., 1999; Nichols and 

Boon, 1994; Wetzel, 2001). The purpose of this study was to measure and understand the 

impact of metals in three estuarine lakes of nearby coal-fired power stations: Lake 

Macquarie, Lake Budgewoi and Lake Illawarra. The study compared the degree of metal 

contamination by applying the same methods simultaneously across the three lakes. The 

efficiency of new metal control measures taken by coal-fired power stations in Lake 

Macquarie were assessed for the first time. 

In Australia, coal-fired power stations are one of the main sources of metal contaminants to 

estuarine lakes as a result of coal ash residues generated during combustion (Batley, 1987; 

Chenhall et al., 1994; Peters et al., 1999a, 1999c; Sloss et al., 2004). In New South Wales 

(NSW), coal-fired power stations are the most common way to generate electricity with 90% 

of NSW's electrical energy derived from burning coal (IEA/OECD, 2013). In addition to 

coal-fired power stations, Australian estuarine lakes have also received metals from industrial 

development in coastal areas, such as lead-zinc and copper smelters, fertiliser plants, steel 

foundry and collieries (Batley, 1987, 1987; Chenhall et al., 2004; Peters et al., 1999a). The 

co-occurrence of several industries on the shores of the same lake has generated arguments 

between power generation and other industries with regard to who is discharging metals into 

the lakes.   

Industrialisation is central to economic development and improved prospects for human well-

being (World Resources Institute, 2013), however, continued development of industries 
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needs to take into account various environmental issues. Overflow from ash dams and stack 

emissions associated with the coal-fired power stations have historically been contributing 

metals to estuarine lakes in NSW (Davies and Linkson, 1991). As sediment moves around the 

estuary, it is deposited in low-energy environments. These elements are potentially toxic 

substances and may cause harm to ecosystems and biodiversity (Lemly, 2002).  

An effective way to understand the contaminant inputs and sources into lakes is to measure 

the history of contamination using sediment records (Hollins et al., 2011; Kilby and Batley, 

1993). Once the history of contamination is reconstructed in estuarine lakes of NSW, it will 

be possible to determine how the power stations new coal ash handling procedures have 

influenced the metals released into lakes and provide firm indicators of coal-fired power 

stations contaminant contribution to the area. In addition, if lead-zinc-copper smelters were 

the main source of metals into these lakes, as stated by power stations, the time that they 

ceased operations should be able to be tracked in the sediment layers.    

The most frequently used approach to determine recent sedimentation history is the use of 
210Pb geochronology, a method suitable for dating approximately the last 150 years (Appleby, 

2002; Cundy et al., 2003; Harrison et al., 2003; Kirchner and Ehlers, 2012; Marques et al., 

2006; Oldfield, 1984). Measurements of recent contaminant history and sediment 

accumulation rates (SARs) using sediment cores allow sediment and contaminant fluxes to be 

quantified and correlated to catchment activities. Dating is based upon the determination of 

the vertical distribution of unsupported 210Pb, a naturally occurring radionuclide that is 

present in aquatic sediment as a result of atmospheric fall-out. By taking samples at regular 

intervals over the depth of a sediment core and determining the atmospherically derived 210Pb 

activity, a chronology can be established, and a sedimentation rate calculated (Hancock et al., 

2011). 

210Pb geochronology relies on the modelling of a series of 210Pb measurements over the 

sediment profile and can be problematic. Sedimentation histories relating human activities to 

environmental change often span periods of rapid change in the fluxes of sediment from 

catchments, and it is in this environment of rapid change that interpretation of 210Pb profiles 

can be challenging (Hancock et al., 2011). Consequently, it is important to verify 210Pb 

geochronologies determined via models with independent dating techniques such as the 

radionuclide 137Cs chronomarkers as proxy age indicators, or by using other chemical 

indicators (Hollins et al., 2011; Kilby and Batley, 1993). 137Cs, produced during the period of 
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atmospheric nuclear weapons testing from 1950 to circa 1975, is the most commonly utilised 

method for verifying sediment chronologies spanning the last 100 years and can be measured 

concurrently with 210Pb. In the southern hemisphere nuclear weapons fallout is about three 

times lower than in the north, and the 137Cs fallout peak is usually more difficult to positively 

identify due to the relatively high measurement uncertainties associated with low 137Cs 

concentrations (Hancock et al., 2011). Thus, only the first-onset 137Cs horizon can be 

routinely used, and even this is subject to vagaries associated with dilution of fallout 137Cs by 

high sediment fluxes. Another problem associated with the use of 137Cs as a chronomarker is 

its potential mobility in the sediment profile, especially in saline sediments (Beasley et al., 

1982; Sholkovitz and Mann, 1984).  

To overcome 137Cs limitations, metals can also be used to date sediments in core profiles 

(Hollins et al., 2011; Kilby and Batley, 1993). The contamination histories of coastal 

estuaries or lagoons can be reconstructed through the collection of sediment cores and 

analysis of metal concentrations within these profiles from selected areas, as demonstrated by 

Kilby and Batley (1993), Chenhall et al. (1995), Croudace and Cundy (1995), Fox et al. 

(1999), Hoolins et al. (2011), Hornberger et al. (1999), Lee and Cundy (2001), Ramesh et al. 

(2002), Cundy et al. (2003), and Vaalgamaa and Conley (2008). 

In this study, Lake Macquarie, Lake Budgewoi and Lake Illawarra (Figure 2.1) were 

investigated to determine the rates at which metals have accumulated in sediments during the 

past 60 years, which encompasses the time coal-fired power stations started activities. The 

history of metal profiles in sediment was previously investigated in Lake Macquarie and 

Lake Illawarra, but these studies used different methodologies, were conducted in different 

times and more than 10 years ago and do not reflect recent pollution control. There is no 

study published for Lake Budgewoi, beyond reports from governmental agencies. This study 

sought to: i) investigate the metal concentration changes with depth between sites and their 

sources to understand the changes between years per location to seek differences in 

contamination per area; ii) compare metal concentration per location within lakes in order to 

identify metal hot spots in lake sediments; and iii) use a multi-proxy approach which 

combines 210Pb dating results, measurement of fallout 137Cs and metal concentrations in 

selected cores to assess historical changes in cores collected close to pollution sources; Of 

particular interest, this chapter tests the hypothesis that metal concentrations have decreased 
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after new coal ash handling procedures were implemented by power stations situated on Lake 

Macquarie.  

 

2.2. Material and Methods 

2.2.1. Study Location 

Three coastal lakes in NSW, Australia- Lake Macquarie, Lake Budgewoi and Lake Illawarra- 

were chosen for this study as they host large capacity coal-fired power stations which are 

suspected sources of metals (Figure 2.1). 

These lakes are located in the major coal resource area of NSW, the Sydney-Gunnedah Basin, 

extending from south of Wollongong to north of Newcastle and north-westerly through 

Narrabri into Queensland. The lakes are classified as barrier estuaries, which are typical of 

much of the south-eastern coastline of Australia (Roy et al., 2001). Barrier estuaries are 

characterised by narrow, elongated entrance channels with broad tidal and back-barrier sand 

flats (Roy et al., 2001). Behind the entrance, barrier estuarine lakes comprise shallow, low-

energy environments with margins that are often densely covered by seagrasses. These lakes 

provide a valuable ecological resource for the biota of coastal NSW (Steffe et al., 2005), but 

the lakes also contain power stations, coal smelters, mining, rapidly expanding light 

industries and urban development in their catchments.  
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Figure 2.1. Sample locations: Lake Macquarie, Lake Budgewoi and Lake Illawarra in NSW, 
Australia. The black diamonds are major cities located near the lakes. 

 

2.2.2. Historical setting 

2.2.2.1. Lake Macquarie 

Lake Macquarie is situated in the lower Hunter Valley, approximately 90 km north of Sydney 

and close to the city of Newcastle (Figure 2.1). The lake extends approximately 22 km in a 

north-south direction, has a maximum width of about 10 km, a maximum depth of 

approximately 11 m, with an average depth of 8 m (Maunsell and Partners, 1974). The lake is 

separated from the ocean by a narrow entrance channel and sand-bars at Swansea (Figure 

2.2a). The tidal range in Lake Macquarie is small with the spring tidal range being estimated 

at 0.15 m at the western end of the tidal channel (Roy and Peat, 1976; Stone, 1964), 

decreasing with distance from the entrance to 0.06 m. Despite this poor tidal exchange, the 

lake has a marine character because of minimal freshwater dilution from the two main fluvial 

inputs. Tidal currents are non-existent in most of the lake (with the exception of the tidal 

channel at Swansea); winds are considered to produce larger changes in water levels in the 

lake than do tides (Roy and Crawford, 1984). Shallows between Swansea and Wangi Wangi 
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Point (Figure 2.2a) effectively bar deepwater movement within the lake, resulting in a 

division of the lake into northern and southern components about this latitudinal axis. As 

such, water movements in the two portions of the lake are essentially independent (Spencer, 

1959). 

This study was undertaken in the southern part of Lake Macquarie, focusing on metal inputs 

from coal-fired power stations (Figure 2.2a). Electricity is currently generated from burning 

coal at Eraring and Vales Point Power Stations, and was previously generated at Wangi 

Power Station. The power station at Wangi Wangi was commissioned in 1958, with a 

capacity of 330 MW but was decommissioned in 1986 because it was replaced with a more 

modern station at Eraring. Vales Point started operations in 1963 and Eraring Power Station 

in 1981. Both power stations are still operating and have a combined output of 5390 MW, 

which is a large part of NSW's generating capacity (Peters et al., 1999a). A change in metal 

releases to Lake Macquarie is purported to have happened in 1996, when Vales Point 

instigated new ash handling practices (Peters et al., 1999b). Previously, ash was slurred with 

lake water and pumped to an ash dam. Now the system recycles water from the ash dam 

discharge to be used back in the cooling water system, a practice that may be expected to 

raise the soluble selenium concentration in the dam, but reduce the amount of suspended and 

dissolved selenium reaching the lake (Davies and Linkson, 1991).  

On the northern part of the lake, industrial development is extensive with a lead-zinc smelter, 

a fertiliser plant, a steel foundry, collieries and sewage treatment works operating in the past 

(Batley, 1987).  Metals released by these industries into the lake are not believed to be 

transported to the southern part because the two portions of the lake are essentially 

independent, however, airborne contamination from industry in the northern part of the lake 

can reach the southern part directly or indirectly via deposition in the catchment area (Batley, 

1987). Pasminco Cockle Creek lead-zinc smelter operated for over 100 years in Lake 

Macquarie until its closure in 2003. This industry is the main source of lead, zinc and 

cadmium released into the north part of the lake (Batley, 1987). 
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2.2.2.2. Lake Budgewoi 

Lake Budgewoi, a lagoon that is part of the Tuggerah Lakes system, is located within the 

Wyong Shire local government area in the Central Coast region of New South Wales, 

Australia. The lake is located near the settlement of Budgewoi and is situated about 100 

kilometres north of Sydney (Figure 2.1). 

The lake is shallow, with an average depth of 1.9 metres. The Tuggerah Lakes complex has 

only limited interchange of water between lakes and the sea through a narrow channel at The 

Entrance, and hence tides in the main body of the lakes are negligible. Tidal exchange has 

been estimated at approximately 1% (IDC, 1979; Scott, 1999).  

The main industrial activity in Lake Budgewoi is the Munmorah Power Station (Figure 2.2b) 

with a production of 1400 MW which draws water continuously from Lake Munmorah to 

cool the condensers, and heated water is then discharged into Lake Budgewoi (Scott, 1999). 

The first generation unit in the station was originally built in 1967, another in 1968, and the 

remaining two in 1969.  

In September 2007, the New South Wales State Government announced the commencement 

of a trial of clean coal technology at Munmorah Power Station, but in 2012, Delta Electricity 

announced the closure of Munmorah Power Station after 45 years of operation due to 

inefficient production. The station’s ageing infrastructure and high maintenance costs mean 

that it was not economically viable to operate (Delta Electricity, 2013).  

At Munmorah Power Station, the bottom coal ash was disposed of in the Munmorah ash dam 

on Colongra Lake and the fly ash was disposed of in the Vales Point ash dam (Stivano, 

2010). The overflow from Colongra Lake re-enters the inlet canal, thence to be reused in the 

water circuit. Floating ash particles are prevented from passing into the canal by floating 

booms. Inevitably, however, some suspended ash is carried with the overflow into the system 

for eventual discharge to the outlet canal and Budgewoi Lake, and this may be a source of 

metals (Batley et al., 1990). In addition to the ash dam, an important fact to be considered as 

a contamination source in Lake Budgewoi is copper and zinc coming from brass fittings in 

the condensers of the power stations.  Historically this has been an issue with many power 

stations and other cooling water circuits generally.  Many of these are being replaced by less 

contaminating materials (Batley, pers. comm.). 
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Figure 2.2. Sample sites in three estuarine lakes in NSW (a- Lake Macquarie, b- Lake Budgewoi, c- Lake Illawarra) receiving inputs from coal-
fired power stations. Power station symbol indicates the locations of power stations. Orange triangle indicates locations of ash dams and core 
sampling locations are indicated with white circles with core number inside. Asterisks indicate the cores selected for dating analysis. 
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2.2.2.3. Lake Illawarra 

 Lake Illawarra is a coastal lagoon located 10 km south of Wollongong (Figure 2.1). It is a 

relatively shallow lake, with an average depth of 1.9 m and its deepest point being 3.7 m 

(Yassini and Jones, 1987).  

On several occasions in the past 50 years, heavy shoaling at the mouth has resulted in the 

complete closure of the lake; such an event occurred most recently in 1971 (Eliot et al., 

1976). Lake Illawarra is connected to the ocean by a narrow tidal channel approximately 2.4 

km long, with a micro-tidal environment and low current velocities resulting in restricted 

lake-ocean water exchange (Chenhall et al., 1994). 

Tallawarra Power Station, located on the western foreshore of the lake (Figure 2.2c), 

originally operated as a power station powered only by coal, beginning in 1954 and reaching 

full operation by 1961. At its peak, it had a capacity of 320 MW from four 30 MW and two 

100 MW coal burning units. The station closed in 1989, and stood abandoned by the 

foreshore of Lake Illawarra until 2003, when it was sold by Pacific Power to TRUenergy and 

recommissioned as a gas powered combined cycle plant (Energy Australia, 2013). Tallawarra 

ash dam,  located  by Duck Creek, was used as the dumping ground for ash from the coal-

fired Tallawarra Power Station in the last years of its life between 1983 and 1989 

(TRUenergy Tallawarra, 2005).  

Besides Tallawarra Power Station, the northern hinterland of the Lake is host to the 

diversified Port Kembla industrial complex, including Bluescope (BHP) Steel (which started 

in 1928), Port Kembla Copper (PKC) refining and smelting plant (which started in 1910 and 

closed in August 2003), coal and grain handling facilities, and chemical fertiliser works 

(Chenhall et al., 2004). The majority of these industries are in close proximity to, but not 

within, the lake’s catchment (Figure 2.2c). Although these industries are not located within 

the catchment, particulate matter from Port Kembla is deposited directly onto the lake and 

surrounding catchment under certain wind conditions (Gillis and Birch, 2006). Previous 

studies have found concentrations of zinc, copper, lead and cadmium in the fine (and total) 

sediments of Griffins Bay, located close to Port Kembla, to be substantially higher than the 

rest of the lake, suggesting that the Port Kembla industrial complex is an important source of 

metals (Chenhall et al., 1995; Ellis and Kanamori, 1977; Payne et al., 1997; Roy and Peat, 

1976). In addition, the Windang Peninsula was the site of a large deposition of copper slag at 
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around 200 to 500 m from the foreshore of Lake Illawarra (Figure 2.2c), releasing heavy 

metals into the Windang unconfined sandy aquifer and transferring them to Lake Illawarra 

(Yassini, 2004). 

2.2.3.  Sediment Collection 

Sediment cores were collected from nine sites in Lake Macquarie, six sites in Lake Budgewoi 

and eight sites in Lake Illawarra. The sites were chosen based on their proximity to the power 

plants or zone of deposition of sediments affected by industrial activity. Two replicate cores 

were collected per site in order to obtain average profiles and check that the sediment profile 

was not disturbed by collection procedures or by local human activities. Three cores (at sites 

M7, M8 and M9, Figure 2.2) in Lake Macquarie did not have replicates and were only used 

for dating analysis. 

Sediment cores were collected using acid-washed polyvinylchloride tubes. After retrieval, the 

cores were maintained in a vertical orientation and a steel stick used to push the sediment up 

to the top part of the tube. The 15 cm deep cores were sliced every three cm using a steel 

stainless spatula and ruler (Figure 2.3). Sediments were stored in zip-lock plastic bags at 4ºC 

until analysis.  

 

Figure 2.3. Core collection using polyvinylchloride tubes. Fifteen cm cores were sliced into 
five layers of three centimetres. 
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2.2.4. Sediment Core Analysis  

2.2.4.1.  Metal analysis 

All sediment core sections were freeze-dried for 72 h. Approximately 0.2 g of freeze-dried 

material was weighed into a 60 ml polytetrafluroacetate (PFA) closed digestion vessel (Marz 

Express) and 1 mL of concentrated nitric acid (Aristar, BDH, Australia) and 2 mL of 

hydrochloric acid (Merck Suprapur, Germany) added (Telford et al., 2008). Each PFA vessel 

was then capped tightened, placed into a model MDS-81 (CEM, Indian Trail, NC, USA) 

microwave oven in a 800 W, heating samples at 120ºC for at least 15 min. The digests were 

cooled to room temperature and diluted to 50 mL with deionised water (Millipore, Milli Q). 

The tubes were then centrifuged at 5,000 rpm for 10 min. One mL of the digest was 

transferred into a 10-mL centrifuge tube and then diluted to 10 mL with ICP-MS internal 

standard. Digests were stored (0 - 5°C) until analysis. 

Samples were analysed for metals using a Perkin-Elmer Inductively coupled plasma weight 

spectrometer (ICP-MS DRC-e) with an AS-90 auto-sampler (Maher et al., 2001). Selenium 

concentrations were cross checked on a Perkin-Elmer 5100 Zeeman graphite furnace atomic 

absorption spectrometer, with AS-60 auto-sampler, using a mixture of palladium and 

magnesium as the matrix modifier (Deaker and Maher, 1997, 1995). 

The Certified Reference Materials (CRMs) NRC-BCSS1, NRC-Mess1, NIST-1646, NRC-

PCAS1 were used as a controls to check the quality and traceability of metals. Recoveries 

were in agreement with certified values (Appendix 1.1). 

2.2.4.2. Dating analysis 

Two cores from Lake Budgewoi sites B3 and B4 and Lake Illawarra sites I1 and I8 (Figure 

2.2b,c) were chosen for dating analysis according to their proximity to the historical metal 

sources. For Lake Macquarie, the biggest of the three lakes, three extra cores were collected 

for dating analysis based on the results of previous collected cores M1 to M6, which 

indicated the locations that best reflected the metal variations caused by the power stations 

(Figure 2.2a). 

The sediments were dated using 137Cs and 210Pb methods. The total 210Pb activity in 

sediments has two components; supported 210Pb activity (210Pbs) which derives from the 
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decay of in situ radium-226 (226Ra), and unsupported 210Pb activity (210Pbu) which derives 

from atmospheric fallout. 210Pbs activity is determined indirectly via its grandparent 

radioisotope 226Ra. 210Pbu activity was estimated by subtracting 210Pbs activity from the total 

activity of 210Pb (210Pbt) or its progeny polonium-210 (210Po). 

The in-situ production of supported 210Pb was measured indirectly by measuring the activity 

of 226Ra using gamma spectrometry.  Unsupported 210Pbu cannot be measured directly and so 

is inferred from the activity of total 210Pbt minus the activity of supported 210Pbs.  The activity 

of total 210Pbt was determined measuring 210Pb directly using gamma spectrometry.  

Between 20 and 40 g of dried and ground whole sediment was analysed for 137Cs, 210Pb and 

226Ra activities by Compton Suppression Gamma Spectrometry. The detector system energy 

calibration was carried out using a National Institute of Standards and Technology (NIST) 

traceable multi-nuclide standard source and the detector system efficiency calibration was 

determined using IAEA reference materials including RGU-1, RGTh-1, RGK-1 and Soil-6.  

 As grain size distribution of sediment samples can greatly affect the adsorption of 210Pbu and 
137Cs (He and Walling, 1996), the 210Pbu activities were normalised using the < 63µm fraction 

(referred to as 210Pbu,<63µm) prior to sedimentation rate determination. 

Both the Constant Initial Concentration (CIC) and Constant Rate of Supply (CRS) models 

(Appleby and Oldfield, 1992) of 210Pb dating were used to construct chronologies for each of 

the sites, using the 137Cs date as a reference point. Inflections in the 210Pbu,<63µm activities 

profile usually reflect changes in sediment accumulation rate or bioturbation. For those sites 

where the weight accumulation rate is fairly constant, i.e. where 210Pbu,<63µm activity 

monotonically decreases with depth, the CIC and CRS models are usually in agreement. 

Where there is a non-monotonic trend in the 210Pbu,<63µm depth profile, the use of the CIC 

model is usually precluded and the CRS model is used to calculate the chronology. 

2.2.4.3. Grain Size  

All sections of all cores were analysed for sediment grain size. Samples were first sieved to 

the particle size of < 2000 µm (i.e. gravel-free) and sediment fractions were determined using 

laser detection on a Malvern Mastersizer 2000 with a 300RF lens, 0.05–900. Samples were 

dispersed in water and 30 seconds ultrasonication was used to break up agglomerated 

particles. A total of three measurements were made for each sample and the average used as 
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the final value. The distribution abundances within the 2 to 2000 µm grain size range were 

calculated by the Malvern built-in software.  

(i) Grain size used for dating analysis 

For samples used for dating analysis, the unsupported 210Pb activity was normalised to the 

percentage of grain size < 63 µm, according to equation 1: 

	�������	
�		���� = 	

����(��/��)			

%	�����		��
	 < 63	μ�
 

(Eq. 1) 

Then sediment ages were calculated using these normalised data, according to the CIC and 

CRS models. 

(ii) Grain size used for metal analysis 

Sediment sizes were classified to four classes: clay (particles with diameter < 2 µm), silt (2-

20 µm), fine sand (20-200 µm), coarse sand (200-2000 µm). This classification was 

developed by McKenzie et al. (2000) and Carlile et al. (2001) to generate soil attribute 

surfaces for the Australian Soil Resource Information System.  

Grain size analysis is an important tool to interpret metal concentration in sediments because 

surface area of sediments is grain-size dependent and controls the adsorption of metals in the 

sediment (Mayer and Fink Jr., 1980). In some cases, the correct interpretation of sediment 

metal concentrations is possible only if the metal concentrations are normalised to a grain-

size parameter or to an adequate substitute for grain-size (Blomqvist et al., 1992; De Groot et 

al., 1976; Hanson et al., 1993). In this study, metal concentrations in sediments were 

normalised using iron (Fe) following the methodologies of Breslin and Sanudo-Wilhelmy 

(1999) and Suh and Birch (2005). Metals data are reported in Appendix 1.2. In this process of 

normalisation, the correlation between iron concentration and fine fraction (silt and clay) was 

the basis for normalisation. Mud content (< 20 µm) significantly predicted iron concentration 

in total sediment (grain size < 2000 µm) (slope = 225.2, t (33) = 4.14, p < 0.001). Mud 

content percentage explained 34% of the variance in iron concentrations in total sediments 

(R2 = 0.34, F1,33 = 17.22; p < 0.001; Figure 2.4). Iron concentrations were corrected to the 

mud content by using the regression equation 2: 
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�������	
�	!
 = 	8816.7 & (225.1	 ) %	�*�	+��,
�,) (Eq. 2) 

Metal concentrations values in the total sediment were normalised by multiplying a given 

metal concentration value by 10000 and dividing by the iron-normalised value.  Normalised 

data were only used for comparisons of metal concentrations between sites. As grain size 

does not significantly change vertically within a core, the original non-normalised data were 

used in dating interpretation of sediment in this study.   

 

Figure 2.4. Correlation between iron concentration (µg/g) in gravel-free total soil (< 2000µm) 
and mud content. 

 

2.2.4.4. Statistical Analysis 

To compare the pattern of metal concentrations by sites and by sediment depths, a 

dissimilarity matrix was built and samples were tested using an Analysis of Similarities Test 

(ANOSIM). This technique is analogous to an ANOVA but able to handle pairwise distance 

matrices (Legendre and Legendre, 2013). ANOSIM explicitly compares the level of 

similarity found in all pairs within each level of a factor against the similarity found in 

between-level pairs. Significance testing is obtained through randomizations (Legendre and 

Legendre, 2013). 
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Specifically, this procedure was used to test the null hypothesis that there is no difference in 

metal concentrations in sediments between sites. If the p-value was less than 0.05, then the 

null hypothesis was rejected and a t-test pairwise with Bonferroni correction was conducted 

at the level 0.05 based on dissimilarity ranks.  

A Nonmetric Multidimensional Scaling (NMDS) was used to input the resulting metal 

concentration similarity matrix. Each site was placed in the NMDS algorithm in N-

dimensional space such that the between-object distances were preserved.  

All computations were performed using the software R 2.14.1 (R Development Core Team, 

2011), using the package Vegan (version 2.0-7; URL: http://cran.r-project.org/web/packages/ 

vegan/index.html). The graphs of profile cores were built using package Analogue (version 

0.10-0; http://cran.r-project.org/web/packages/analogue/index.html) and package Lattice 

(version 0.20-15 http://cran.r-project.org/web/packages/lattice/index.html).  

 

2.3. Results 

 

2.3.1. Lake Metal Distribution within Lakes  

Metal concentrations in this study were found to be correlated with the clay fraction of the 

sediment, therefore, in order to make a correct comparison of cores from different sites, metal 

concentrations were normalised to a grain-size parameter using iron. Figures reporting 

normalised concentrations and original concentrations are in Appendices 1.2. 

2.3.1.1. Lake Macquarie 

Metal concentration profiles of sediment cores had great variability between sites, with 

concentrations labile with depth at sites M1, M2 and M5 while sites M3, M4 and M6 

presented a constant metal concentration within cores (Figure 2.5). From the sites with labile 

metal concentrations within cores, a metal concentration increase up to the core could be 

observed in sites M1 and M2 followed by a decrease. Site M5 had a constant increase in 

metal concentrations from the bottom to the top of the cores. 
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 Metal concentrations over time were very similar within sites, with the exception of arsenic 

(Figure 2.5). Arsenic had a peculiar behaviour with depth, with different trends in 

concentration change from other metals. 

 

Figure 2.5. Profiles of normalised metal concentrations within sediment cores of Lake 
Macquarie by collection sites. Blue dots represent the two replicate cores collected per site 
and blue lines represent the average metal concentration between replicates. 

 

Based on metal background concentrations previously reported for Lake Macquarie of zinc 

<70µg/g, copper < 20 µg/g , arsenic < 15 µg/g , selenium < 1 µg/g , cadmium < 0.8 µg/g and 

lead < 15 µg/g (Kilby and Batley, 1993; Kirby, et al., 2001; Peters et al., 1999a; Roy and 

Crawford, 1984), in this study, copper, zinc and selenium concentrations reached background 

values at the bottom layers of the sediment cores at sites M1 and M5 (Figure 2.5, Appendix 
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1.2). Arsenic reached background concentrations at site M6, cadmium at site M5 and lead at 

sites M2, M5, and M6.  

2.3.1.1. Lake Budgewoi 

Metal concentrations in sediment cores of Lake Budgewoi varied between sites, but to a 

much lesser extent than those of Lake Macquarie and Lake Illawarra. Changes in metal 

concentrations within cores were smoother (Figure 2.6) and therefore, more difficult to 

interpret with the most noticeable changes observed in sites B3 and B6. Site B3 cores showed 

that metals increased at the bottom of the core, followed by a decrease towards the top. Site 

B6 had an opposite trend, with a decrease in metal concentrations towards the bottom of the 

core followed by an increase at the deepest point (Figure 2.6). 

Based on background concentrations previously reported for Lake Budgewoi of zinc < 80 

mg/ kg, copper < 16 mg/g and lead < 20 µg/g , in this study, zinc concentration of bottom 

sediment cores reached background for sites B1, B4, B5 and B6, copper reached background 

at sites B4 and B6 and lead reached background for sites B1, B4, B5 and B6.  Although there 

is no study reporting arsenic and selenium in this lake, if we consider a background value of 

arsenic < 15 µg/g and selenium < 1 µg/g based on Lake Macquarie and Lake Illawarra 

values, arsenic reached background concentrations at all sites while selenium reached 

background concentration at all sites except B3 (Figure 2.6, Appendix 1.2).  

Cadmium concentrations were so low in this lake that it is not feasible to make any comment 

on the influence of industrial activities on cadmium concentrations within cores. All the sites 

had a constant cadmium concentration near or at background values. 

1.1.1.1. Lake Illawarra 

Metal concentrations in sediment cores of Lake Illawarra were similar between sites, except 

for sites I1, I3 and I8 which presented a high metal variability compared to other sites (Figure 

2.7). Site I1 had great variability in metal concentration pattern with depth, with constant 

increases and decreases in metal concentrations. Similarly, site I3 cores had high variability, 

but metals were in lower concentrations than site I1 and cadmium concentration particularly 

was below the measurable limit of < 0.01 mg/ kg. Site I8 had a particular distinction from the 

other sites for having only arsenic, selenium and lead in high concentrations compared to the 

general concentration of metals in the lake (Figure 2.7).  
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Figure 2.6. Profiles of normalised metal concentrations within sediment cores of Lake 
Budgewoi by collection sites. Blue dots represent the two replicate cores collected per site 
and blue lines represent the average metal concentration between replicates. 

Metal concentrations within cores were similar between sites, with the exception of arsenic 

which had a smoother change in site I1 and greater variability at site I8 than other metals 

(Figure 2.7).  

Based on metal background concentrations previously reported for Lake Illawarra of zinc < 

87 µg/g, copper < 39 µg/g, cadmium  < 1 µg/g and lead < 19 µg/g (Ellis and Kanamori, 1977; 

Gillis and Birch, 2006), in this study, copper, zinc and lead concentrations reached 

background concentrations at sites I2, I3 and I4 and cadmium reached background 

concentrations at all sites but not I1 (Appendix 1.2, Figure 2.7). If considering Lake 

Macquarie background values of < 1 µg/g for selenium and < 15 µg/g arsenic, selenium 
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reached background concentrations at all sites but not I2, I7 and I8 while arsenic reached 

background values at all sites but not I8 (Figure 2.7, Appendix 1.2).  

 

Figure 2.7. Profiles of normalised metal concentrations within sediment cores of Lake 
Illawarra by collection sites. Blue dots represent the two replicate cores collected per site and 
blue lines represent the average metal concentration between replicates. No lines indicate that 
samples are below detection limit. 
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2.3.2. Metal Distribution between Sample Sites  

2.3.2.1. Lake Macquarie 

Dissimilarity rankings of normalised metal concentrations in sediment cores of Lake 

Macquarie showed a significant difference in metal concentrations between sites (R= 0.33, p 

= 0.001; Figure 2.8). Pairwise comparisons using the Bonferroni t-test revealed that sites M1, 

M2 and M5 had the highest dissimilarity rank and were similar in metal concentrations in 

sediments. Sites M3 and M4 had an intermediate dissimilarity rank and shared similarities in 

metal concentration. Site M6 had the lowest dissimilarity rank, sharing similarities in metal 

concentration only with site M4 (Table 2.1, Figure 2.8).  

Table 2.1. Pairwise comparisons of metals dissimilarity ranks between cores from Lake 
Macquarie. 

Sites Between M1 M2 M3 M4 M5 
M1 1 - - - - - 
M2 1 1 - - - - 
M3 < 0.001 < 0.01 0.2 - - - 
M4 < 0.001 < 0.001 < 0.01 1 - - 
M5 1 1 0.9 < 0.001 < 0.001 - 
M6 < 0.001 < 0.001 < 0.001 < 0.01 0.3 < 0.001 

 

Sites M2, M3 and M4 were particularly high in selenium concentrations while M2 was 

particularly high in copper concentrations. Representation of the data in the NMDS plot 

(Figure 2.9) shows the differences between sites confirmed by the ANOSIM. M5 and M1 

were spread, with some samples high in arsenic, lead, zinc and cadmium concentrations. 

 



Chapter 2 
 

31 

 

 
Figure 2.8. Boxplot of ranked metal concentration dissimilarities from sediments of Lake 
Macquarie. Pairwise comparisons were grouped as between sites or within site (individual 
groups shown in the plot). Boxes represent the median and interquartile range (IQR); 
whiskers extend to the most extreme data points up to 1.5 times the IQR; open dots represent 
outliers outside this range. Letters shared in common between or among the groups indicate 
no significant difference. 

 
Figure 2.9. NMDS plot showing between-site similarity in metal concentrations in sediments 
from Lake Macquarie. Plot based on data for six original cores (circles) and six replicates 
(triangles), with points colour coded for sites. Arrows represent the relative contribution of 
the original variables to the variability along the first two NMDSs. 
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2.3.2.2. Lake Budgewoi 

Dissimilarity ranks of metal concentrations in sediment cores from Lake Budgewoi showed a 

significant difference in metal concentrations between sites (R= 0.36, p = 0.001). Pairwise 

comparisons using the Bonferroni t-test revealed that sites B1 and B6 had the highest 

dissimilarity rank, followed by sites B4 and B5. Sites B2 and B3 were significantly different 

to all other cores except site B5 (Table 2.2, Figure 2.10).  

Table 2.2. Pairwise comparisons of metals dissimilarity ranks between cores from Lake 
Budgewoi. 

Sites Between B1 B2 B3 B4 B5 
B1 0.08 - - - - - 
B2 < 0.001 < 0.001 - - - - 
B3 < 0.001 < 0.001 1 - - - 
B4 < 0.001 < 0.001 0.01 0.08 - - 
B5 < 0.001 < 0.001 0.06 0.4 1 - 
B6 1 0.17 < 0.001 < 0.001 0.14 0.02 

  

 

 

Figure 2.10. Boxplot of ranked metal concentration dissimilarities between sites from Lake 
Budgewoi. Pairwise comparisons were grouped as between sites or within site (individual 
groups shown in the plot. Boxes represent the median and interquartile range (IQR); whiskers 
extend to the most extreme data points up to 1.5 times the IQR; open dots represent outliers 
outside this range. Letters shared in common between or among the groups indicate no 
significant difference 
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Sites B3 and B4 were particularly high in cadmium, arsenic and selenium concentrations 

while site B6 was particularly high in cadmium. Sites B1, B2 and B5 were particularly high 

in copper, zinc and lead. Representation of the data in the NMDS plot (Figure 2.11) shows 

the differences between sites confirmed by the ANOSIM. 

 

Figure 2.11. NMDS plot showing between-site similarity in metal concentrations in 
sediments from Lake Budgewoi. Plot based on data for six original cores (circles) and eight 
replicates (triangles), with points colour coded for sites. Arrows represent the relative 
contribution of the original variables to the variability along the first two NMDSs. 

 

2.3.2.3. Lake Illawarra 

Dissimilarity rankings of normalised metal concentrations in sediment cores of Lake 

Illawarra showed that there was a significant difference in metal concentrations between sites 

(R= 0.57, p = 0.001). Pairwise comparisons using the Bonferroni t-test revealed that site I1 

was the highest site in the dissimilarity rank, being significantly different from all other sites. 

Sites I2, I3, I4 were intermediate in rank. Sites I5, I6 I7 and I8 were the sites with lowest rank 

(Table 2.3, Figure 2.12). 
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Table 2.3. Pairwise comparisons of metals dissimilarity ranks between cores from Lake 
Illawarra. 

Sites Between I1 I2 I3 I4 I5 I6 I7 
I1 < 0.05 - - - - - - - 
I2 < 0.001 < 0.001 - - - - - - 
I3 0.0023 < 0.001 1 - - - - - 
I4 < 0.001 < 0.001 1 0.4 - - - - 
I5 < 0.001 < 0.001 < 0.01 < 0.001 0.1 - - - 
I6 < 0.001 < 0.001 < 0.05 < 0.001 0.4 1 - - 
I7 < 0.001 < 0.001 1 < 0.01 1 1 1 - 
I8 < 0.001 < 0.001 1 < 0.001 1 1 1 1 

 

 

 

 
Figure 2.12. Boxplot of ranked metal concentration dissimilarities from sediments of Lake 
Illawarra. Pairwise comparisons were grouped as between sites or within site (individual 
groups shown in the plot). Boxes represent the median and interquartile range (IQR); 
whiskers extend to the most extreme data points up to 1.5 times the IQR; open dots represent 
outliers outside this range. Letters shared in common between or among the groups indicate 
no significant difference. 

 

 

Sites I1, I7 and I8 had particularly high metal concentrations in sediment compared to the 

other sites. Representation of the data in the NMDS plot (Figure 2.13) shows the differences 

between sites confirmed by the ANOSIM.  
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Figure 2.13. NMDS plot showing between-site similarity in metal concentrations in 
sediments from Lake Illawarra. Plot based on data for eight original cores (circles) and eight 
replicates (triangles), with points colour coded for sites. Arrows represent the relative 
contribution of the original variables to the variability along the first two NMDSs. 

 

2.3.3. History of Anthropogenic Metal contamination 

Grain size within cores was similar with depth (Appendix 1.2) and normalisation was not 

needed for analysis of historical metal changes within core. 
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(i) Lake Macquarie core M7 

Unsupported 210Pb activities for this core located at Morisset Bay (Figure 2.2a) exhibited a 

decreasing profile with increasing depth (Table 2.4, Figure 2.14). The calculated CIC and 

CRS model sediment ages were in agreement (Table 2.4). 137Cs activities were higher in the 
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137Cs activity dropped to 0.6 Bq/kg. According to the 210Pb chronology, the sediment layer at 

3 - 6 cm is 43 years old (post nuclear test), whereas the sediment at 6 - 9 cm is 72 years old 

(pre nuclear test). The 137Cs profile for this core was used to validate the 210Pb dating 

chronology. 

Based on 210Pb age results, this core had a constant sedimentation rate of 0.1 cm y-1. Core M7 

showed a decreased concentration of zinc, selenium and lead at 12 - 15 cm corresponding to 
210Pb dating of about 1882 (Figure 2.14). All metals had increased concentrations from a 

depth of 9 cm, corresponding to the 210Pb date of about 1939 to 3 cm, corresponding to 1997, 

and a decrease from this layer to the surface. 

 

 

Figure 2.14. Lake Macquarie (core M7) depth profiles of a) grain size distributions with 
depth; dark grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20-200 
µm), light grey % coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb 
activity depth profile. The red arrow on the right axis corresponds to the start of power station 
activity and green arrow corresponds to the period when new ash handling procedures were 
applied.  
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Table 2.4. Sediment model CIC and CRS age profiles using 210Pb and 137Cs, and grain size analysis by depth of sediment cores from Lake Macquarie, Lake 
Illawarra and Lake Budgewoi . 

Lake ID Depth Supported Unsupported 137Cs CIC age CRS age Sedimentation % Clay % Silt % Sand % Coarse sand 

  (cm) 210Pb (Bq/kg) 210Pb (Bq/kg) (Bq/kg) (y) (y) (g/cm2/y) < 2 µm 2-20 
µm 

20-200 
µm 200-2000 µm 

Macquarie M7 0 - 3 15.3 + 1.5 37.9 + 4.9 2.1 + 0.2 14 + 15 13 + 4 0.1 3.4 50.4 38.0 8.2 

Macquarie M7 3 - 6 16.1 + 1.2    15 + 3.5 1.7 + 0.1 43 + 19 36 + 6 0.1 5.5 60.1 33.7 0.8 

Macquarie M7 6 - 9 14.9 + 1.5      15 + 4.1 0.8 + 0.2 72 + 26 68 + 8.2 0.1 4.3 52.2 43.5 0 

Macquarie M7 9 - 12 17.9 + 1.5 1.9 + 4.2 < 0.6 100 + 34 110 + 10 0.1 5.1 56.3 37.5 1.1 

Macquarie M7 12 - 15 14.9 + 1.5 2.1 + 3.8 < 0.4 129 + 42 174 + 13 0.1 4.3 47.5 40.2 8 

Macquarie M8 0 - 3 18.5 + 1.6 71 + 6.6 2.2 + 0.2 13 + 3 8.2 + 3 0.1 1.8 34.9 60.8 2.5 

Macquarie M8 3 - 6 15.8  ± 1.8 57.7 + 6.6 2.6 + 0.3 39 + 15 28 + 5 0.1 2.2 34.3 59.9 3.5 

Macquarie M8 6 - 9 17.7  ± 1.4 33.8 + 4.2 2.8 + 0.2 65 + 19 58 + 8 0.1 2.3 33.2 60.7 3.8 

Macquarie M8 9 - 12 15.9  ± 1.2 14 + 3.4 1.2 + 0.1 91 + 23 102 + 10 0.1 2.3 34.8 59.9 3.1 

Macquarie M8 12 - 15 16  ± 1.2 2.5 + 3.9 0.5 + 0.1 117 + 28 179 + 13 0.1 2 30.7 60.9 6.4 

Macquarie M9 0 - 3 16.6 + 1.6 76.2 + 7.8 2.3 + 0.3 9 + 3 8 + 3 0.2 2.3 40.9 55.0 1.8 

Macquarie M9 3 - 6 17.8 + 1.4 67.6 + 5.6 3.2 + 0.2 26 + 9 24 + 5 0.2 2.6 46.9 50.5 0 

Macquarie M9 6 - 9 16.7 + 1.8 30.7 + 6.4 3.0 + 0.3 43 + 6 43 + 6 0.2 2.7 47.2 48.5 1.6 

Macquarie M9 9 - 12 15 + 1.2 21.6 + 3.9 2.2 + 0.2 60 + 11 61 + 8 0.2 2.8 45.1 52.0 0 

Macquarie M9 12 - 15 14.8 + 1.5 9.2 + 4.7 1.2 + 0.2 77 + 13 79 + 9 0.2 3.1 50.1 46.4 0.4 

Illawarra I 1.1 0 - 3 10.7 + 1.8 85 + 5.7 2.1 + 0.4 9 + 9 9 + 3 0.2 7 35.9 40.7 16.5 

Illawarra I 1.1 3 - 6 11.3 + 1.4 54 + 3.6 2.2 + 0.3 28 + 9 27 + 5 0.2 6 29.5 55.0 9.5 

Illawarra I 1.1 6 - 9 9.3 + 1.2 26 + 3.2 1.1 + 0.2 46 + 9 46 + 9 0.2 2.8 16.5 58.8 21.9 

Illawarra I 1.1 9 - 12 6.7 + 1.6 16.6 + 1.9 0.6 + 0.4 65 + 10 64 + 8 0.2 3.5 14.7 43.6 38.1 

Illawarra I 1.1 12 - 15 6.1 + 1.4 8.5 + 2.3 0.6 + 0.2 83 + 10 82 + 9 0.2 0.6 3.5 35.0 60.9 

Illawarra I 8.2 0 - 3 13.7 + 1.8 55.9 + 5.3 2.9 + 0.4 4 + 4 7 + 2 0.3 14.7 73.2 12.1 0 

Illawarra I 8.2 3 - 6 16.1 + 1.5 47.6 + 5.3 2.7 + 0.4 13 + 5 11 + 3 0.3 15.2 74.0 10.6 0.2 

Illawarra I 8.2 6 - 9 15.5 + 1.5 35 + 3.5 3.3 + 0.3 23 + 5 19 + 4 0.3 13.7 66.6 16.5 3.2 

Illawarra I 8.2 9 - 12 15.9 + 1.5 22.1 + 5.2 2.6 + 0.5 32 + 6 25 + 5 0.3 14.7 67.9 11.2 6.3 

Illawarra I 8.2 12 - 15 20.1 + 1.4 15.9 + 4.3 3.7 + 0.4 40 + 6 41 + 6 0.3 15.0 72.5 12.0 0.5 
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Lake ID Depth Supported Unsupported 137Cs CIC age CRS age Sedimentation % Clay % Silt % Sand % Coarse sand 

  (cm) 210Pb (Bq/kg) 210Pb (Bq/kg) (Bq/kg) (y) (y) (g/cm2/y) < 2 µm 2-20 
µm 

20-200 
µm 200-2000 µm 

Budgewoi B3.1 0 - 3 25.5 + 1.2 97.9 + 5.7 4.2 + 0.3 5 + 6 5 + 2 0.3 10.5 40.6 42.7 6.2 

Budgewoi B3.1 3 - 6 24.2+ 1.5 87.7 + 3.6 3.9 + 0.3 16 + 7 14 + 4 0.3 12.9 44.4 42.1 0.7 

Budgewoi B3.1 6 - 9 23.7 + 1.6 66.3 3.2 4.3 + 0.3 27 + 8 25 + 5 0.3 16.9 67.2 15.4 0.5 

Budgewoi B3.1 9 - 12 24.2 + 1.4 47.3 + 1.9 5.0 + 0.3 38 + 11 36 + 6 0.3 14.3 66.5 19.0 0.1 

Budgewoi B3.1 12 - 15 22.6 + 1.8 47.8 + 2.3 1.5 + 0.2 49 + 13 50 + 7 0.3 15.9 55.9 24.9 3.3 

Budgewoi B4.1 0 - 3 10.1 + 1.2 19.1 + 5.3 0.6 + 0.2 4 + 4 1 + 1 0.3 2.0 7.6 27.2 63.2 

Budgewoi B4.1 3 - 6 11.1 + 1.5 22.8 + 5.3 1.0 + 0.2 11 + 4 6 + 2 0.3 4.6 16.2 30.9 48.3 

Budgewoi B4.1 6 - 9 11.4 + 1.4 20 + 3.5 1.1 + 0.3 18 + 5 10 + 3 0.3 3.2 10.9 26.9 59.0 

Budgewoi B4.1 9 - 12 11.5 + 1.5 16.1 + 5.2 1.1 + 0.2 26 + 5 15 + 4 0.3 4.4 14.8 28 52.8 

Budgewoi B4.1 12 - 15 10.6 + 1.2 11.3 + 4.3 < 0.5 41 + 6 19 + 4 0.3 0.8 3.8 32.6 62.8 
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(ii) Lake Macquarie core M8 

Unsupported 210Pb activities for this core sampled from the entrance of Morisset Bay (Figure 

2.2a) exhibit a decreasing profile with increasing depth (Table 2.4, Figure 2.15). Sediment 

ages calculated using the CIC and CRS 210Pb dating models are in agreement, except for the 

last sample (Table 2.4). Significant levels of 137Cs activity were detected in all the samples 

from this core, but much lower activity was found below 9 cm. As 137Cs should be detected in 

sediment samples post the atmospheric nuclear test which took place between 1954 and 1963, 

according to the CIC and CRS ages, 137Cs activity should decrease below 6 cm, but it was 

still high. 137Cs profile for this core could not therefore be used to validate the 210Pb dating 

chronology. 

Based on 210Pb results, this core had a constant sedimentation rate of 0.1 cm y-1. Core M8 

showed an increase in metal concentrations from the deepest layer 12 - 15 cm, reaching a 

maximum at the mid layer 6 - 9 cm, corresponding to 210Pb date between 1946 and 1972 

(Figure 2.15). At the depth 3 - 6 cm, all the metals had decreased, corresponding to the period 

of 1972 to 1998. There was high arsenic concentration at depth and no historical link to the 
210Pb dates.  

 

Figure 2.15. Lake Macquarie (core M8) depth profiles of a) grain size distributions with 
depth; dark grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20-200 
µm), light grey % coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb 
activity depth profile. The red arrow on the right axis corresponds to the start of power station 
activity and green arrow corresponds to the period when new ash handling procedures were 
applied. 
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(iii) Lake Macquarie core M9 

Unsupported 210Pb activities for this core located at the mid-point between Vales Point Power 

Station and Eraring Power Station (Figure 2.2a) exhibit a decreasing metal profile with 

increasing depth (Table 2.4, Figure 2.16). Sediment ages calculated using the CIC and CRS 
210Pb dating models are in agreement, except for the last 12 - 15 cm subsample (Table 2.4). 
137Cs activity was detected in all the samples from this core, including the deepest sediment, 

which according to the 210Pb chronology was around 80 years old (≈ 1930s). The activity of 
137Cs detected in all samples may be a result of 137Cs being mobile in the sediment core 

material, therefore, the 137Cs profile for this core could not be used to validate the 210Pb 

dating chronology. 

Based on 210Pb results, this core had a constant sedimentation rate of 0.1 cm y-1. Core M9 

showed metal concentration increases at a depth of 9 - 12 cm, corresponding to 210Pb date of 

approximately 1968 (Figure 2.16). Cadmium, selenium and arsenic concentrations reached a 

maximum at mid depth 6 - 9 cm, corresponding to the peak of power stations activities; while 

lead, zinc and copper concentrations reached a maximum in the top layer 0 - 3 cm, 

corresponding to a 210Pb date of 2002 to 2011. Cadmium, selenium and arsenic 

concentrations decreased in the next layer 3 - 6 cm corresponding to a 210Pb date of 1985. 

 

Figure 2.16. Lake Macquarie (core M9) depth profiles of a) grain size distributions with 
depth; dark grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20- 200 
µm) light grey % coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb 
activity depth profile. The red arrow on the right axis corresponds to the start of power station 
activity and green arrow corresponds to the period when new ash handling procedures were 
applied. 

0-3 

3-6 

s 
~ 
-= 6-9 
Q. .. 
A 

9-12 

12-15 

a b 

Grain size (% in fraction) Concentration (µgig) 
Cu Zn As Se 

20 .. 60 80 100 0 20 '° 60 80 150 200 2,0 4 I I 10 U 2.0 2.4 0.10.91.01 .1 2S 3S 45 0 

C 

Unsupported " 0Pb 
(Bq/ kg) 

H 2002-2011 

H 1985-2002 r: .. .. ., 
> . .. .. 

-0 = 
H 

., 
1968-1985 " " G 

Q, 
-= ~ 

H 
.. 

1951-1968 .. 
20 40 60 80 



Chapter 2 
 

41 

 

2.3.3.2. Lake Budgewoi Sediment Core Dating and Metal Concentrations  

(i) Lake Budgewoi core B3.1 

Unsupported 210Pb activities for this core from the middle of the Lake (Figure 2.2b) exhibited 

a decreasing profile with increasing depth (Table 2.4 and Figure 2.17). The calculated CIC 

and CRS model sediment ages were in agreement (Table 2.4). 137Cs activities are higher in 

the top 9 cm of the core (Table 2.4). At 12 - 15 cm the activity dropped three fold (from 5.0 

to 1.5 Bq/kg), which indicated that the sediment consisted of materials which had 

accumulated pre and post nuclear weapon testing. According to the 210Pb chronologies, the 

age of the sediment layer at 9 - 12 cm was about 38 years old, whereas at 12 - 15 cm the 

sediment age was about 50 years old. Therefore the 137Cs activities in this core supported the 
210Pb chronologies calculated using the CIC and CRS dating models. 

Based on 210Pb results, this core had a constant sedimentation rate of 0.3 cm y-1. Lake 

Budgewoi core B3.1 shows an increase in metal concentrations from the bottom 12 - 15 cm 

layer to the mid 6 - 9 cm, corresponding to a 210Pb date range of approximately 1983 to 1994 

(Figure 2.17). Metals then started to decrease until the top sediment layer, with exception of 

zinc, arsenic and selenium which slightly increased at the top.  

 

Figure 2.17. Lake Budgewoi (core B3.1) depth profiles of a) grain size distributions with 
depth; dark grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20-200 
µm), light grey % coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb 
activity depth profile. The red arrow indicates the time when Munmorah Power Station 
started activity. The green arrow indicates the decommission of Munmorah Power Station 
which was after sampling for this study was concluded. 
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(ii) Lake Budgewoi core B4.1 

The radionuclide activities for this core from the south of Lake Budgewoi (Figure 2.2b) were 

much lower than the Budgewoi B3.1 core. This may be due to the sediment materials of this 

core being sandier than core B 3.1 (Table 2.4, Figures 2.17 and 2.18). Metal adsorbs poorly to 

sandy materials. Unsupported 210Pb activities in Budgewoi B4.1 core exhibited a decreasing 

profile with increasing depth (Table 2.4, Figure 2.18). The CIC model sediment ages were 

calculated using unsupported 210Pb data between 3 - 15 cm only, where unsupported 210Pb 

activities exhibited a monotonic profile with increasing depth. The surface layer of the core 

may be slightly disturbed, as indicated by the activity of unsupported 210Pb deviating from a 

monotonic profile. All unsupported 210Pb data between 0 - 15 cm were used in the CRS 

model sediment age calculation. The CIC and CRS calculated sediment ages were not in 

agreement for this core (Table 2.4). If the top sediment layer was disturbed, then the CIC 

model should be more accurate than the CRS model. 137Cs activity was detected in the top 10 

cm of the core only (Table 2.4). 137Cs was not detected at 12-15 cm. The sediment at this 

depth may consist of materials which had accumulated pre and post the nuclear weapon 

testing, similar to B3.1 core (Figure 2.17), however, due to the low activity of all 

radionuclides for this core, the 137Cs activity at 12 - 15 cm fell below the limit of detection. 

The 137Cs activities for this core supported the 210Pb chronology, in that the top 12 cm of the 

core had accumulated post the nuclear test. 

Based on 210Pb results, this core had a constant sedimentation rate of 0.3 cm y-1. Lake 

Budgewoi core B4.1, as with core B3.1, shows an increase in metal concentrations from the 

bottom 12 - 15 cm layer to the mid 6 - 9 cm, corresponding to a 210Pb date range of 

approximately 1992 to 1999 (Figures 2.17 and 2.18). Metals then started to decrease until the 

top sediment layer, with exception of selenium which slightly increased at the top (Figure 

2.18).  
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Figure 2.18. Lake Budgewoi (core B4.1) depth profiles of a) grain size distributions with 
depth; dark grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20-200 
µm), light grey % coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb 
activity depth profile. The red arrow indicates the time when Munmorah Power Station 
started activity. The green arrow indicates the decommission of Munmorah Power Station 
which was after sampling for this study was concluded. 
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arsenic and cadmium, metal concentrations decreased in the top layer which corresponded to 

a 210Pb date of 2001 to 2010.  

 
Figure 2.19. Lake Illawarra (core I1.1) depth profiles of a) grain size distributions with depth; 
dark grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20-200 µm), 
light grey % coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb activity 
depth profile. The red arrow on the right axis corresponds to the start of Tallawarra Power 
Station activity and green arrow corresponds to the period when Tallawarra was 
decommissioned.  
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layer, with the exception of selenium which kept increasing and reached its maximum 

concentration at 3-6 cm corresponding to a 210Pb date 1997 to 2006, followed by a decrease 

in the top sediment layer. 

 

Figure 2.20. Lake Illawarra (core I8.2) depth profiles of a) grain size distributions with depth; dark 
grey % clay (<2 µm), medium grey % silt (2-20 µm), grey % fine sand (20-200 µm), light grey % 
coarse sand (200-2000 µm), b) total concentration of metals and c) 210Pb activity depth profile. The 
red arrow on the right axis corresponds to the start of Tallawarra Power Station activity and green 
arrow corresponds to the period when Tallawarra was decommissioned. 
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2.4.1. Within Sediment Core Metal Distribution 

Within sites, the different metals had similar profiles over time, except for arsenic and 

selenium which are more mobile elements. This result shows that cores were not mixed 

during collection procedures and represent a reliable history of metal inputs.  

Arsenic and selenium concentrations in sediments had a different variation over time from 

other metals. Selenium was closer to the pattern observed for other metals than arsenic, but 

its variation was usually less than for other metals. This different variation in arsenic and 

selenium concentrations in sediment cores may be explained by mobilisation, intimately tied 

to their oxidation state and redox reactions. Arsenic is unique among the heavy metalloids 

and oxyanion-forming elements in its sensitivity to mobilisation at the pH values of 6.5 - 8.5 

and under both oxidising and reducing conditions (Smedley and Kinniburgh, 2002). While 

most metals occur in solution as cations which generally become increasingly insoluble as the 

pH increases, arsenic become less strongly sorbed as the pH increases. At near-neutral pH, 

the solubility of most trace-metal cations is severely limited by precipitation as, or 

coprecipitation with, an oxide, hydroxide, carbonate or phosphate mineral, or more likely by 

their strong adsorption to hydrous metal oxides, clay or organic matter. In contrast, most 

oxyanions including arsenate tend to become less strongly sorbed (Dzombak and Morel, 

1990). Relative to the other oxyanion-forming elements, therefore, arsenic is distinctive as 

the most mobile element over a wide range of redox conditions (Smedley and Kinniburgh, 

2002). Selenium, as well, as being an anion, under oxidising conditions becomes mobile and 

under reducing conditions becomes immobile as elemental selenium (Se0) or for example, 

FeSe and MnSe. 

Remobilisation of selenium in contaminated sediments was reported by (Bowie et al., 1996). 

This remobilization can cause pore water concentrations to create a concentration driving-

force and a mass flux of selenium from sediments into the overlying water column. The same 

mechanisms would also create a downward diffusional mass selenium flux if there is 

precipitation. In deeper sediment, reduction and sorption mechanisms would then immobilise 

the selenium at a rate related to the concentration of metabolic and sorption substrates (Bowie 

et al., 1996). 

 The changes in arsenic and selenium concentrations down cores show that these two 

elements need to be cross-checked with other elements. In this study, selenium concentrations 
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follow the overall pattern of other metals despite fewer changes within core profiles 

compared to other metals. Changes in arsenic, however, are not similar to the patterns of 

other metal concentrations. 

 

2.4.2. Dating and Sedimentation Rates 

The 210Pb and 137Cs results from cores collected in the three estuarine lakes demonstrated that 

this methodology was successfully used to track records of metal contamination over years 

with precision. The unsupported 210Pb had a steadily decreasing profile with increasing depth, 

suggesting that cores were not mixed and metal profiles were well preserved. The consistency 

in metal concentrations in core profiles between replicates (Figures 2.5 to 2.7), also indicate 

that core sediments were not mixed.  

137Cs was successfully used as a proxy to validate 210Pb results for most of the cores, 

dropping at the time atmospheric nuclear weapons were tested from 1950 to ≈ 1975. Some 

cores had a 137Cs activity detected in all layers and could not be used to validate 210Pb results. 
137Cs as a chronomarker can be inaccurate in saline sediments due to its mobility in the 

sediment profile (Beasley et al., 1982; Sholkovitz and Mann, 1984). On encountering 

seawater, a significant fraction of surface-bound 137Cs can be rapidly desorbed from sediment 

particles by ion-exchange with dissolved cations such as Na+ and K+ (Everett, 2009). As a 

consequence, desorption of 137Cs from sediment grains into pore water and diffusion into 

deeper sediment can distort the sediment profile, potentially leading to a downward shift in 

the first-onset horizon.  

In this study, the problems associated with using 137Cs to validate 210Pb age were overcome 

by correlating metal sediment profiles with historical development of coal-fired power 

stations. This solution worked very well, especially for cores collected close to the point 

source as metals were useful chronological indicators.  

Sedimentation rates based on 210Pb results for cores collected in this study were extremely 

low: 0.1 cm/y-1 in Lake Macquarie to 0.3 cm/y-1 in Lake Illawarra. These sedimentation rates 

generated metal concentration profiles over time in agreement with historical inputs in the 

lake.  
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Lake Macquarie low deposition rate is in agreement with previous studies describing the lake 

as an extremely low-energy depositional environment both at present and in the geological 

past (Peters et al., 1999a; Roy and Crawford, 1984). Roy and Crawford (1984) collected 

cores in Lake Macquarie of 60 and 100 cm depth and found a sedimentation rate ranging 

from 0.1 to 0.8 mm/y (mean 0.3 mm/y-1) using 14C dating, however, carbon dating is 

unreliable for recent sediments. Peters et al. (1999b) found similar rates of 0.1 cm/y-1 at 

Mannering Bay and 0.1 and 0.6 cm/y in Nords Wharf using 210Pb dating.  

For Lake Budgewoi, the sedimentation rate of 0.3 cm/y-1 found in cores B3.1 and B4.1 is in 

agreement with cores collected at the edge of this lake in a previous study requested by 

Munmorah Power Station (Batley et al., 1990). This report, not available to the public, 

described a sedimentation rate of 0.4 cm y-1 at the southern end but a higher sedimentation 

rate of 0.7 and 1.0 cm y-1 in cores collected at the lake centre. 

For Lake Illawarra, sedimentation rates of 0.2 cm/y-1 for site I1 in Griffins Bay and 0.3 cm/y-1 

for site I8 in the centre of the lake based on 210Pb results are similar to previous studies for 

site I1, but not for site I8. These comparisons, however, are not ideal considering the different 

methodologies applied. In a study where sedimentation rates were calculated based on the 

depth distribution and composition of industrial ash and metals in sediments, sedimentation 

rates were reported as 0.2 cm/y for site I1 based on metal sediment profile and 0.9 cm/y-1 for 

site I8 based on ash sediment profiles (Chenhall et al., 1994). For site I8, the sedimentation 

rate was reported as double that found in this study, however, there was a discrepancy 

between ash and metal profile for dating in the study of Chenhall et al. (1994) with ash 

profiles resulting in a higher sedimentation rate. It is difficult to determine which method is 

the most reliable because for most sites in Lake Illawarra, utilisation of metal profiles as 

estimators of sedimentation rate is complicated by the low concentrations of enrichment of 

trace elements and by variations in depth (on a core-by-core basis) to which individual trace 

element enrichment extends. Two more studies have reported sedimentation rates at Griffins 

Bay in Lake Illawarra (site I1 in this study). Based on the date and source of introduction of 

trace elements in the sediment record as a chronology for sediments, Chenhall et al. (1994) 

reported a sedimentation rate of 0.3 to 0.5 cm/y-1. Payne et al. (1997), based on a 1910 

(Southern Copper) or 1928 (BHP Steel International) date of trace metal introduction 

respectively, reported a sedimentation rate of 0.4 to 0.6 cm/y-1. Neither study reported 

sedimentation rates around location I8.  
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A shortcoming of this study was the slicing of sediment cores into 3 cm layers. This is 

extremely thick considering the sedimentation rates in these estuarine lakes. The hypothesis 

that ash handling procedures taken by Vales Power Station were effective in decreasing 

contamination of metals in sediments of southern Lake Macquarie is supported by sediment 

metal concentration profile, but if cores had been sliced in thinner layers, historical metal 

changes would be more detailed, as would have been the sedimentation rates. Future research 

to examine the question of ash handling should focus on the upper layers and use thinner 

slices to improve data for this period.     

 

2.4.3. Between Sites Variation 

2.4.3.1. Lake Macquarie 

Metal concentration variation within cores (Figure 2.5) showed the importance of considering 

the geographic shape of the lake and its water flow dynamics when studying metal 

distribution in sediments. Cores M4 and M6 had the least changes in metal concentrations 

within the core. This is a result of their location in an open area of the lake and water flow 

moving particles rather than letting them settle in the area (Figure 2.2a, Appendix 1.3). The 

hydrological modelling of particles tacking and movement based on wind speed, inflows and 

salinity (Appendix 1.4) shows that Eraring Power Station has a lower effect on metal 

concentration because of its location next to an open area of Lake Macquarie and therefore 

contaminants are spread over this large area rather than concentrating in one hot spot. Eraring 

and Vales Point Power Station produce a similar amount of energy, but Vales Point ash dam 

is located next to Wyee Bay, a closed area which is historically known for its sediment to act 

as a sink for contaminants (Batley, pers. comm. and Appendix 1.5). This can be confirmed by 

cores M2, M3 and M5 (Figure 2.2a) which are located in bays and reflect the greatest metal 

changes of all the sites. Although these cores are not all located close to the power stations, 

they are located within protected embayments and the predominant southerly wind direction 

leads to water flow to those southern areas and metal deposition (Appendix 1.3 to 1.5).  

The appropriateness of collecting sediments in bays rather than open areas is also shown by 

the ANOSIM results. Sites M1, M2 and M5 are characterised by strong heterogeneity 

between samples within a site while M3, M4 and M6 have little variance (Figure 2.9). Sites 

with highest heterogeneity between samples correspond to the sites located in bays while the 
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sites with the lowest variance, with the exception of M3, are the sites located in open areas of 

the lake. Cores located in open areas have more water flow and wind influences, which 

spreads metal in sediments and are more susceptible to sediment mixing resulting in a 

consistent pattern of metals within cores.  

 

2.4.3.2. Lake Budgewoi 

Site B1 was the site which reflected most changes within cores, while site B2 was the site 

with the most stability of metal concentration with depth (Figure 2.6). Cores B1 and B3 are 

the cores that better reflected power station activities in their sediment metal profiles, 

showing increasing concentration at the bottom of the core, followed by a decrease reflecting 

Munmorah’s production in the market being overtaken by newer and more efficient 

generators. 

Although sites B1 and B2 are receiving direct discharge from the power station outlet, the 

water flow might transport metals as far as sites B3 and B4 where particle flow loses energy 

and is deposited. Hence, the changes in metal profile are most evident in the latter sites and 

cores from these two sites were chosen for dating analysis. 

Dissimilarity rankings of normalised metal concentrations between and within sites of Lake 

Budgewoi showed a significant difference in metal concentration. The ANOSIM analysis 

shows that sites B1, B4, B5 and B6 are characterized by strong heterogeneity between 

samples within site while B2 and B3 show little variance (Figure 2.10). Sites with highest 

heterogeneity between samples correspond to the sites located at the edge of the lake 

receiving inputs from the power station outlets, creeks or they are located in the channel 

between Budgewoi and Tuggerah Lakes. Sites B2 and B3, located in the centre of the lake, 

are the sites with the lowest variance. This result might be explained by sedimentation 

patterns in the two locations of the lake, but further studies need to be conducted to affirm 

this hypothesis. 

Sites B1, B2 and B3 were the sites with the highest metal concentrations, showing that these 

are the hot spots for metals in Lake Budgewoi. It is important to note here that the only 

known source of contamination in this lake is the cooling water outlet of Munmorah Power 

Station, indicating that, although to a lesser extent than ash dams, power station outlets also 
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release a significant amount of metals into lake sediments. Although not specified in the 

literature, potentially there are possible diffuse urban inputs contributing to the metal 

concentrations in this lake. 

The smaller size of the lake and the water flow of the outlet make understanding the 

distribution of metals in this lake clear. Site B1 is the location directly where the water is 

discharged after cooling down the power station engines, and the water flow leads toward site 

B2 and B3. Site B3 was the site which reflected the most changes in metal concentrations 

within sediment cores (Figure 2.6).  

 

2.4.3.3. Lake Illawarra 

Sites I1 and I3, located next to the Port Kembla industrial area and the Windang Peninsula 

copper slag emplacement area, showed the most changes in metal concentrations within cores 

(Figure 2.7). Cores from site I1 and I8 were therefore chosen for dating analysis as I1 was 

expected to reflect Port Kembla inputs and I8 to reflect Tallawarra Power Stations inputs. 

Sites I2, I4, I5 I6 and I7 had a small variation in metal concentration within core because they 

were collected far from source points. 

Dissimilarity rankings of normalised metal concentrations between and within sites of Lake 

Illawarra showed a significant difference in metal concentration (Figure 2.12). The ANOSIM 

analysis (Figure 2.13) showed that site I1 is characterised by strong heterogeneity between 

samples within site, followed by I2, I3 and I4 with an intermediary heterogeneity and I5, I6, 

I7 and I8 with the lowest variance.  

Site I1 at Griffins Bay (Figure 2.2c), with the highest variance in dissimilarity rank, was the 

site receiving the highest metal inputs and the site that best reflected historical industrial 

activities in metal concentration changes in cores. The high concentrations of metals in 

sediments in this site just next to Port Kembla suggests that this industrial complex is an 

important source of trace metals, which is in agreement with previous studies (Chenhall et al., 

1994; Chiaradia et al., 1997; Ellis and Kanamori, 1977; Gillis and Birch, 2006; Payne et al., 

1997; Roy and Peat, 1976). A feasible explanation for this discharge of metals has been given 

by Gilles and Birch (2006) who reported sediment in creeks Minnengang and Wegit 

discharging into Griffins Bay contains higher metal concentrations than sediments mantling 

Griffins Bay, suggesting that these creeks are a source of trace metals to the embayment. 
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These creeks drain sub-catchments associated with urban areas adjacent to Port Kembla, 

which may be a source of trace metals from the industrial complex. Beavington (1973) 

observed elevated concentrations of acetic acid-extractable zinc (103 µg/g), lead (17 µg/g), 

cadmium (1.0 µg/g) and EDTA-extractable copper (488 µg/g) in soils from urban areas 

adjacent to Port Kembla, suggesting that topsoil erosion may be a source of trace metals to 

the creeks. Urban runoff will also be a source of trace metals to these creeks. Water exchange 

between Griffins Bay and the main body of the lake is usually limited by a sub-aqueous spit 

(Clarke and Eliot, 1984) so that Griffins Bay acts as a sink for sediments and associated trace 

metals entering the embayment. Distinctively higher metal concentrations in Griffins Bay 

sediments compared with the rest of Lake Illawarra suggest that direct atmospheric 

deposition is not the main mechanism governing trace metal distribution in the Lake. Had 

atmospheric contributions been the dominant source of metals to the Lake, metal 

concentrations would show a strong northeast-south-west gradient across the lake, which is 

not evident from the data collected in the current work. Inputs from creeks in the northeast, 

reported by Gilles and Birch (2006) appear to be more important in determining spatial 

patterns than atmospheric processes. 

Although sediment metal concentrations were lower at sites I5, I7 and I8 than at site I1, they 

were higher than at the other locations sampled (Figure 2.7). This could be due to inputs from 

Tallawarra Power Station. An interesting point here is that no marked enrichment of metals in 

sediments at these two areas has been reported in previous studies. By analysing the 210Pb age 

and the history of inputs of metals in the lake, it is clear that the bottom peak of metal 

concentrations in these cores reflects the Port Kembla industrial activities. The wide range of 

industrial activities in this lake resulted in difficulty in interpreting data in locations where 

there is more than one source of metals. In Lake Illawarra, site I1 next to Port Kembla seems 

to be the best place to trace past history of metal concentrations in sediment. 

 

2.4.4. History of Contamination 

2.4.4.1. Lake Macquarie 

Although the length of cores collected in this study was only 15 cm, based on background 

values reported in previous studies, the cores collected in Lake Macquarie were shown to 

reach background metal values at that depth. In previous studies on metal concentrations in 
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Lake Macquarie using cores deeper than 50 cm (Batley and Lincoln-Smith, 1993; Kilby and 

Batley, 1993; Kirby, et al., 2001; Peters et al., 1999a; Roy and Crawford, 1984), background 

values were reported as zinc <70 µg/g, copper <20 µg/g, arsenic <15 µg/g,  selenium <1 

µg/g, cadmium <0.8 µg/g and lead <15 µg/g. In this study, only zinc and lead concentrations 

in core M9 did not reach these reported background values. This exception could be a result 

of the core location towards the centre of the lake, which may receive atmospheric inputs 

from the lead-zinc smelter located at the north of the lake. Batley (1987) described lead 

concentration distributions in Lake Macquarie as closely parallel to those for zinc, and 

perhaps their concentrations above background value in the bottom layer of core M9 are a 

result of atmospheric transport and precipitation from the north (Roy and Crawford, 1984) or 

these metals were being discharged by local sewage and urban runoff (Batley, 1987). 

The distributions of copper, zinc, arsenic, selenium, cadmium and lead concentrations within 

the dated cores M7 and M8 (Figures 2.14 and 2.15) were in agreement with historical events 

in the south part of the lake contributing to the inputs of metals. Concentrations of these 

metals in all cores increased in the bottom of the cores and decreased at the top of the cores. 

The pattern was the same at the bottom for the core M9, but at the top there was an increase 

(Figures 2.16). The increase in metal concentrations in the bottom of cores is in agreement 

with the start of the power station activities from 1959, with peaks in 1982 when the third 

power station started its activity. Arsenic, however, had greater variability of concentration 

when compared to the other metals, especially in Lake Macquarie core M8 (Figure 2.15). As 

previously discussed in 2.4.1, this study shows that before relying on arsenic concentration as 

a proxy for a history of metal contamination, it should be crosschecked with other metals as it 

is the most mobile metal in sediments over a wide range of redox conditions. 

The cores used for dating analysis (core M7 and core M8) were all collected close to Vales 

Point Power Station and show that the metal concentration profiles in that area reflects the 

Vales Point Power Station activity. These results clearly show that Power Stations are the 

main contributors of metals in south Lake Macquarie and clarify the question whether power 

stations or smelters are the main polluters in this area of the lake. In addition, metal 

concentration were at background values at the time the lead-zinc-copper smelters were 

already in activity supports the lack of contamination in this region of the lake from the 

industries from the north area of the Lake.  
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The top two layers of cores M7 and M8, located close to Vales Point Power station (Figures 

2.14 and 2.15), represent sediment concentrations after the 1990s and show a uniform 

decrease of metal concentrations. This is the first study to evaluate long-term changes of 

metal concentrations in sediments of Lake Macquarie after improved ash handling procedures 

were adopted by Vales Point Power Station in 1996. From previous studies in the Lake, only 

Peters et al. (1999a) and Kirby et al. (2001) have assessed metal concentrations after ash 

handling procedures were implemented. Peters et al. (1999a) results reflected only two years 

of new ash handling procedures, while the study by Kirby et al. (2001), besides not including 
210Pb dating analysis, collected cores only at Nord’s Wharf, the area in most southerly part of 

Lake Macquarie known to be least affected by metals from power stations (Batley, 1987; 

Peters et al., 1999a). 

The increases in metal concentrations in the top of core M9 might reflect the distance from 

Vales Point Power Station (Figure 2.2a and 2.16) and metals discharged by this power station 

are not reaching sufficient concentrations in that location to reflect the improvement in ash 

handling procedures. This finding corroborates previous studies which concluded that the 

history of contamination and sedimentation cannot be established with confidence using trace 

metals at sites far from established point sources, primarily due to the diverse sources and 

dates of introduction of these metals (Payne et al., 1997). This limitation was clearly 

highlighted in core M9 of Lake Macquarie. 

Comparison of the metal sediment concentration profiles with previous studies is only 

possible with results from Peters et al. (1999a), who collected cores close to Vales Point 

Power Station and conducted 210Pb analyses. In their cores, selenium concentrations fell to 

background values by 15 cm depth, with a single peak corresponding to the maximum 

concentration at a depth of 5 cm. Based on the sedimentation rate of 0.1 cm/y-1 reported by 

Peters et al. (1999a) at Mannering Bay and also reported for cores M7, M8 and M9 in this 

study, the metal peak in this study at about 6 cm depth is in agreement with results found by 

Peters et al. (1999a) which corresponds to the 1990s.   

 

2.4.4.2. Lake Budgewoi 

Metal concentration profiles in the two cores B3.1 and B4.1 (Figures 2.17 and 2.18) used for 
210Pb dating analysis reached background values in B4.1 but not in B3.1. However, it is 
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important to note that metal concentrations in the bottom layers were affected by the start of 

Munmorah Power Station in 1967, but increases in metal concentrations were not above 

concentrations considered to be background concentrations. This is clearly seen in Figures 

2.17 and 2.18 show that the metal concentration profile in agreement with the date profiles as 

Munmorah Power Station started activities in 1967 reaching its peak in 1969. The bottom 

layer of core B3.1 corresponds to years 1961 to 1972 while the bottom layer of core B4.1 

corresponds to years 1969 to 1984 and are in agreement with 11 cores collected by Batley et 

al. (1990). Their cores showed stable background metal concentration values below 10 cm, 

except for one site that had background values below 30 cm but was located just next to the 

power station outlet. Therefore, the 15 cm cores collected in the area, although they do not 

reached stable background values, represent exactly the time of start of the power station if 

5cm deposition rate is assured for Batley et al. (1990) data from 1990 and this study from 

2010. 

 The further decrease in metal concentrations in the top sediment layers is also in agreement 

with the history that Munmorah’s place in the power generation market has been overtaken 

by newer and more efficient generators, such as Eraring Power Station in Lake Macquarie. 

The station has been maintained on standby but has not been in production since August 

2010. Further, in 2012, Delta Electricity announced the closure of Munmorah Power Station 

after 45 years of operation as the station’s ageing infrastructure and high maintenance costs 

mean that it is not economically viable to operate. The decrease of metals in surface 

sediments of Lake Budgewoi is also in agreement with the study of Batley et al. (1990).  

In addition, the decrease in metal concentrations in sediments of Munmorah Power Station 

may be a result of operational management actions taken in the 1980s to ensure that less 

sediment enters from Colongra ash dam than in previous years. Previously, most of the storm 

water runoff would be carried by Colongra Creek, which is adjacent to the ash dam. Batley et 

al. (1990) reported that there is capacity in the ash dam to take up most of the flood 

discharges down Colongra Creek and the storms of 1974 and 1976 caused a significant 

overspill. Unfortunately, as the sedimentation rate for this lake is very low (0.3 g cm y-1), it is 

not possible to track these overspills in the 3 cm sediment layers with confidence as this 

sediment layer thickness comprises a history in sediments of about 28 years altogether. 

To the best of my knowledge, this is the only work done in regards to metal concentrations in 

Lake Budgewoi available to the public. 
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2.4.4.3. Lake Illawarra 

In this study, only sites I2, I3 and I4 reached background metal concentration values. This 

problem was overcome by relating the results of previous studies to the ones of this study 

using sedimentation rates. Background concentrations in Lake Illawarra sediments were 

determined by Gillis and Birch (2006) and Ellis and Kanamori (1977) by calculating the 

mean concentration of metals in the fine fraction from the pre-anthropogenic section of 

sediment cores, which was assumed to be where the metal concentrations declined to a 

consistent minimum. Background concentrations in Lake Illawarra were set for zinc as < 87 

µg/g, copper < 39 µg/g, cadmium < 1 µg/g and lead < 19 µg/g. Copper background values for 

Lake Illawarra are distinctly higher than background concentrations in other estuaries in the 

region (≈ 17 µg/g). Background sediment copper concentrations may be affected by naturally 

high concentrations of copper in the Gerringong Volcanics, located in the catchment 

(Carballeira et al., 2000; Carr, 1984; Smith, 2001; Zhou, 1985). To my knowledge, this is the 

first study reporting selenium concentrations in sediments of Lake Illawarra. Based on Lake 

Macquarie background values, selenium concentrations did not reach background 

concentrations at sites I2, I7 and I8 and arsenic at site I8 (Appendix 1.2, Figure 2.7). These 

sites are located in close proximity to Tallawarra ash dam and might reflect inputs from this 

power station. 

No metal concentration has reached background values at site I1 as a result of Port Kembla 

long-term industrial discharges which started in the late 1800s, agreeing with previous 

studies. The oldest study of metal concentration profiles in Lake Illawarra cores is the one of 

Ellis and Kanamori (1977), who collected samples in the 1980s. Their results agree with later 

results, and deposition during the subsequent 20 years shifted background values to about 5 

cm deeper when Chenhall (1994), Payne et al. (1997) and Gilles and Birch (2006) collected 

their cores. A different result, though, was obtained by Chenhall et al. (1994) who reported 

concentrations in two cores of 1 m depth. Their results showed that zinc, copper and lead 

background values were found at about 60 cm depth. Peaks were different for each element, 

with the zinc peak detected at around 10 to 15 cm, copper at around 50 cm and lead, 

particularly, had different peaks for each core. One core, as for the other elements, had a lead 

peak at around 25 cm while in the second core, an initial peak at 88 cm followed by another 

peak at 25 cm. This initial peak was not recorded in previous published work probably 

because of limitations (60 cm) in core lengths. It is conceivable that the elevated lead in the 
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deeper cores reflects the impact of the first industrial practice (lead smelting, 1896) on the 

sediment. An alternative hypothesis, involving mobilisation of lead down the sediment 

column, does not appear to be feasible, given the sharply defined nature of lead enrichment, 

unless, of course, a change in operative physico-chemical factors resulted in lead fixation at 

specific depths. This demonstrates the importance of collecting long cores to ensure the 

detection of the beginning of anthropogenic era in order to have the maximum information 

possible for chronology. 

The distributions of copper, zinc, arsenic, selenium, cadmium and lead concentrations within 

core I1.1 were in agreement with historical events in the south part of the lake contributing to 

the inputs of metals. Contamination in the lake started below core layers, which corresponds 

to the industrial activities in Port Kembla.  

Core I8.2, however, showed a different metal concentration profile in sediments which does 

not match completely the history of contamination from Tallawarra Power Stations and Port 

Kembla industry. The bottom layer of the core, which according to 210Pb corresponds to the 

1970s, should present an increase in metal concentrations, but contrarily, results have shown 

a decrease of metal concentrations as it corresponds to the start of the power station. The 

decrease of metal concentrations expected in 1989 was only slight in core I8.2, with the 

greatest decrease in metal concentrations actually seen at the top of the core, corresponding to 

the years of 2006 and 2010. These results were really not expected and make it difficult to 

determine sensible explanation of historical changes in metals at this location. Even 

considering that sedimentation rates and dates were underestimated for this core and 

considering a sedimentation rate of 0.9 cm/y-1 as reported by Chenhall et al. (1994), metal 

profile changes do not agree with historical inputs from Tallawarra and Port Kembla. The 

most plausible explanation for the anomaly in this core is that contamination is coming from 

the Windang Peninsula, an area located between the Pacific Ocean and the lake. This region 

has been the subject of significant sand extraction activities, while granulated copper slag 

from a copper-smelter refinery in Port Kembla were emplaced in the voids. Yassini (2004) 

reported this copper slag as consisting of aluminium, magnesium, zinc, copper, lead and 

cadmium. Although selenium was not reported by Yassini (2004), it is known to be produced 

from copper refinery slimes and from flue dusts from copper smelters (Green, 2006; 

Hoffmann, 1989). Examination of early aerial photography suggests that the emplacement 
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activities may have begun as early as 1945 (Yassini, 2004), which agrees with the high 

concentration of metals in the base of the core corresponding to the period of 1970 to 1978. 

Although this study had the objective to assess changes in metal concentrations in sediments 

caused by coal-fired power stations in recent years, it would be better to get deeper cores in 

order to include other industrial changes as one more way to support chronology and reach 

backgrounds to mark the start of anthropogenic era inputs. As well, care should be taken 

when using metal profiles in sediment as a chronological methodology, as Lake Illawarra is 

an open lake with open space to allow water movement, the many industrial activities overlap 

metal inputs in history and only using metals for chronology is probably not wholly reliable.  

 

2.4.5. Sediment Metal Concentration and ANZECC/ ARMCANZ (2000) 

Interim Sediment Quality Guidelines 

From the three lakes studied, Lake Macquarie is the lake with the highest metal 

contamination, followed by Lake Illawarra and Lake Budgewoi (Appendix 1.2). 

In Australia, the Department of Environment (DoE) uses the Australian and New Zealand 

Guidelines for Fresh and Marine Water Quality (2000), which outline the criteria for 

assessing site contamination and determining the requirements for further investigation, or 

assessment of risk to determine if any further action is required. This document, advises 

further investigation if sediment values are above the low trigger values of 1.5 µg/g for 

cadmium, 65 µg/g for copper, 50 µg/g for lead and 500 µg/g for zinc. There is no guideline 

established for selenium in Australia as a result of limited data available at the time of its 

creation. 

Following these sediment quality guideline values, the metal of highest concern in Lake 

Macquarie is cadmium, which was above the guideline lower trigger value at all sites except 

M6 and M9. Zinc and copper sediment concentrations are probably a result of the smelter in 

the north part of the lake as discussed above. 

Lake Illawarra metals of highest concern were zinc, which was higher than the ANZECC/ 

ARMCANZ (2000) sediment guideline values at sites I1 and I8, and copper at sites I1 and I7, 
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most likely as a result of Port Kembla industries more than the activities of the Tallawarra 

Power Station. 

Lake Budgewoi did not have any metals above ANZECC/ ARMCANZ (2000) sediment 

guideline values.   

    

2.5. Summary and Conclusions 

 

Metal concentrations in sediment cores from Lake Macquarie, Lake Budgewoi and Lake 

Illawarra confirmed previous results that sediments have elevated metal concentrations and 

furthermore indicate that Lake Macquarie is the lake with the highest metal concentrations in 

sediments.  

For all lakes, metal concentration profiles within cores were consistent, with exception of 

arsenic and selenium, confirming that cores were not mixed during collection and represent a 

reliable history of metal inputs. Arsenic in all three lakes behaved within sediment differently 

from other metals because it is the most mobile element over a wide range of redox 

conditions. Selenium usually followed the same pattern as for other metals, but with less 

changes in concentration in some cores. This could be a consequence of remobilisation of 

selenium in sediments caused by pore water concentrations creating a concentration driving-

force and a mass flux from sediments into the overlying water column as reported in the 

literature. The changes in metal concentrations of these two metals show that, when studying 

the history of metal contamination in sediments, these two elements need to be cross-checked 

with other elements. In this study, selenium results can be interpreted as selenium does follow 

the overall pattern of other metals despite the smoother changes than other metals. Changes 

in arsenic, however, were less interpretable. 

137Cs was successfully used as a proxy to validate 210Pb results for most of the cores. For 

some cores, 137Cs could not be used to validate 210Pb because of its mobility in the sediment 

profile. This problem was overcome by correlating metal sediment concentration profiles 

with historical development of coal-fired power stations. 
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In Lake Macquarie, the ability to reach background metal concentrations confirms that metal 

inputs into this lake date from the 1960s as a result of coal-fired power station activities. The 

best profile representations were found in cores collected in bays rather than open areas of the 

lake. Although Vales Point and Eraring Power Station produce the same amount of energy, 

cores sampled next to Vales Point reflected much better the changes in metal concentrations 

within cores as a result of the embayment of sediment. Eraring Power Station ash dam is 

located next to an open area of Lake Macquarie and cores collected close by did not reflect 

changes in metal inputs to the lake because of the dispersal of metals via water flow. 

Lake Macquarie sediment cores collected close to Vales Point Power Station showed clearly 

the increase in metal concentrations in the bottom of the core when the power stations started, 

followed by a decrease in metal concentrations as a consequence of the new ash handling 

procedures in 1996. This change in sediment metal concentration profile confirms the 

hypothesis that Vales Point new ash handling procedures were very effective in regards to 

metal input control in Lake Macquarie.  

Lake Macquarie sedimentation rates based on 210Pb results were extremely low (0.1 to 0.2 

cm/y-1), but they are in agreement with previous studies describing Lake Macquarie as an 

extremely low-energy depositional environment both at present and in the geological past.  

In Lake Budgewoi, the higher metal concentrations in bottom layers represent exactly the 
210Pb dating related to the time of start of the power station. The further decrease in metals 

concentration in the top sediment layers is in agreement with the history of Munmorah’s 

place in the power generation market being overtaken by newer and more efficient 

generators. Site B3 was the site which reflected the most changes in metal concentrations 

within cores because it is the place where water from the power station outlet loses energy 

and sediment deposition happens. Lake Budgewoi sedimentation rate of 0.3 cm/y-1 found in 

cores B3.1 and B4.1 is in agreement with history of metal inputs in this Lake.  

In Lake Illawarra, background metal concentration values were not reached in cores from this 

study and confirms results from previous studies which indicate that metal contamination has 

been occurring in this lake since the start of industrial activities in Port Kembla in late 1800s. 

Cores from sites I1 and I3, located next to Port Kembla industrial area and the Windang 

Peninsula copper slag emplacements area, showed the most changes in metal concentrations 

within cores. The high concentrations of metals in sediments at this site just next to Port 
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Kembla suggest that this industrial complex is an important source of metals, which is in 

agreement with previous studies. The wide range of industrial activities in this lake resulted 

in difficulty in interpreting the history and source of metal inputs, especially from Tallawarra 

Power Station which is located in an open area of the lake where metals are spread by water 

and wind forces. 

Lake Illawarra sedimentation rates of 0.2 cm/y-1 and 0.3 cm/y-1 in this study seem to have 

been underestimated when compared to previous studies, which might be a result of between 

laboratories’ errors or use of different methodologies. 

A shortcoming of this study was the slicing of 3 cm core layers, which is extremely thick 

considering the low sedimentation rate reported for these lakes. In addition, even though this 

study had the objective to assess metal contaminations of sediments caused by coal-fired 

power stations in recent years, it would be better to collect deeper sediment cores in order to 

assess changes caused by either industrial input to support chronology and reach background 

metal concentrations to mark the start of anthropogenic era. If high cost of 210Pb analyses is 

not an issue, future studies should consider collecting longer sediment cores and slicing into 

thinner layers. As well, the cores to be chosen should be located in bays, rather than open 

areas, and close to the input source so as to get the best metal profile possible. 

Following the Australian and New Zealand Guidelines for Fresh and Marine Water Quality 

(ANZECC/ ARMCANZ, 2000) the metal of highest concern in Lake Macquarie is cadmium, 

which was above the guideline lower trigger values at all sites except sites M6 and M9. The 

Lake Illawarra metal of highest concern are zinc, which was higher than the guideline values 

atn sites I1 and I8, and copper in sites I1 and I7, most probably as a result of Port Kembla 

industrial activities more than the activities of Tallawarra Power Station. Lake Budgewoi did 

not have any sediment metal concentrations above the sediment guideline values, and with 

the recent closure of Munmorah Power station, metal contamination is unlikely to be a 

problem in the lake. 
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Chapter 3. Selenium Bioaccumulation in an 

Estuarine System Receiving Inputs from Coal-

Fired Power Stations  
 

 

3.1. Introduction 

 

Lake Macquarie is the lake with the greatest selenium metal concentrations of the three 

estuarine lakes studied receiving inputs from coal-fired power stations in New South Wale 

(NSW), Australia (see Chapter 2). The purpose of this study was to understand the 

bioaccumulation and biomagnification of selenium in seagrass food webs in Lake Macquarie. 

Based on δ13C and δ15N, a Ecosystem-Scale Selenium Model widely used across the world 

was applied in a Lake Macquarie seagrass ecosystem in order to understand the dynamics of 

selenium trophic transfer up food webs.  

Selenium is an essential micronutrient in animals as a component of selenoproteins which are 

crucial for thyroid hormone metabolism, antioxidant defence systems, and immune function 

(Eisler, 2000; Klasing, 1998). The Recommended Dietary Allowance (RDA) in humans for 

selenium, based on the amount needed to maximize synthesis of the selenoprotein glutathione 

peroxidase, is 55 µg (0.7 µmol)/day for the age group 19 through 50 years (Institute of 

Medicine (U.S.) and Panel on Dietary Antioxidants and Related Compounds, 2000). 

However, selenium presents a nutritional conundrum: it is an essential, but also a highly toxic 

element (Daniels, 2004).  

Selenium is toxic at high tissue concentrations because it is chemically similar to sulfur and if 

accumulated in excess, it can replace sulphur into amino acids of essential proteins, leading to 

malformation of these proteins (White et al., 2004). The eightfold gap between the estimated 

average requirement and the upper limit of safe intake is relatively narrow. Toxic levels of 

selenium result in damage to internal organs, physiological dysfunction, and death (Lemly, 

1993; Ohlendorf et al., 1986). In addition to these direct toxic effects, selenium consumed in 
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the diet of adult birds and fish is passed to their offspring via eggs, where embryos absorb the 

selenium as they develop. This can culminate in teratogenic deformities, reproductive failure, 

and elimination of entire animal communities (Hoffman and Heinz, 1998; Lemly, 1993; 

Ohlendorf et al., 1986).  

The release of selenium from coal combustion during power generation is the major 

anthropogenic source of selenium in the environment, either directly during combustion or 

indirectly from disposal of solid combustion waste (coal ash) (Young et al., 2010). Although 

present naturally in coal in only small amounts, the large volume of coal used in electricity 

generation results in significant emissions of selenium to the environment (Swaine, 1990). In 

Australia, Lake Macquarie has been contaminated with selenium from three coal-fired power 

stations (one decommissioned in 1986) situated on its south-western and southern shores 

(Batley, 1987). Historically, the highest selenium concentrations were found in waters near 

Mannering Lake and Whitehead’s Lagoon, as a result of overflow from these two water 

bodies which were used as ash dams by the power stations. Fish collected at these sites had 

high selenium concentrations (> 2 µg/g wet mass) (Barwick and Maher, 2003; Kirby, et al., 

2001).  

As a result of wind and other environmental factors, selenium has been mobilized in the lake 

causing Morriset to be the current selenium hotspot in the lake (Appendix 1.3 to 1.5). 

Measurements of water samples in the area conducted in this study showed very low 

concentrations of selenium (0.5 µg/g). Although water might be a source of selenium for 

biota, sediment is mostly likely to be the main source via efflux from the sediment as 

dissolved selenium (selenate and selenite) or dimethylselenium to the overlying water. In 

addition, sediment can influence selenium uptake to the food chain through uptake by benthic 

biota in intimate contact with the sediment and sediment pore waters (Simpson et al., 2005). 

Understanding bioaccumulation and trophic transfer is central to managing ecological risks 

from selenium. In this sense, biodynamic models can be useful in explaining the interactions 

among the biological- and environment-specific functions that ultimately define 

bioaccumulation and therefore ecological risks from selenium. With the present state of 

knowledge, the Ecosystem-Scale Selenium Model developed by Presser and Luoma (2010) 

provides a broad framework for understanding controls on selenium bioaccumulation and can 

be used for evaluating selenium bioavailability and determining the relative importance of 

different routes of selenium accumulation. The model incorporates environmental variability 



Chapter 3 
 

64 

 

of selenium sources, selenium concentrations, food availability and organism growth rates to 

predict organism selenium accumulation rates (Figure 3.1). 

 

Figure 3.1. Ecosystem-scale selenium model from Presser and Luoma (2010). The model 
conceptualises processes and parameters important for quantifying and understanding the 
effects of selenium in the environment. Kd = empirically determined environmental 
partitioning factor between water and particulate material; TTF = biodynamic food web 
transfer factor between an animal and its food. Reprinted from Presser and Luoma (2010). 

  Important components of the model are: 

1) Empirically determined environmental partitioning factors between water and 

particulate material that quantify the effects of dissolved selenium and phase 

transformation; 
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2) Selenium concentrations in living and non-living particulates at the base of the food 

web that determine selenium bioavailability to invertebrates; 

3) Selenium biodynamic food-web transfer factors that quantify the physiological 

potential for bioaccumulation from particulate matter to consumer organisms and prey 

to predators, and 

4) Critical tissue values that relate bioaccumulated selenium concentrations to toxicity to 

predators. 

As linkages at the ecosystem-scale are required in the conceptual model of Presser and 

Luoma (2010) for selenium, carbon and nitrogen stable isotope data are useful to obtain 

information about consumer diets and trophic positions to use in the model (Peterson and Fry, 

1987). The ratio of carbon isotope (δ13C) changes little as carbon moves through food webs 

(France and Peters, 1997; Peterson and Fry, 1987; Rounick and Winterbourn, 1986) and, 

therefore, can be used to evaluate the original sources of carbon in the diet. The trophic 

hierarchy of organisms can be determined using the δ
15N content, as δ15N increases by ≈ 3‰ 

for each trophic level (Post, 2002; Post et al., 2000). Thus, carbon and nitrogen isotopes can 

be used to understand selenium biomagnification by allowing the calculations of trophic 

magnification factors (TMF) (Beneditto et al., 2011; Gobas et al., 1999; Weisbrod et al., 

2009).  

In addition to the factors used in the model to determine selenium bioaccumulation in biota, 

two other factors may significantly influence the intake of selenium in a given organism: i.e. 

their habitat (benthic or pelagic) and feeding zone (benthos or water column) (Barwick and 

Maher, 2003; Besser et al., 1996; Young et al., 2010). Both factors may be strongly affected 

by selenium concentration in sediments as selenium concentrated in organic detritus in 

sediments is thought to be more important than that selenium dissolved in water in 

contaminating food webs (Van Derveer and Canton, 1997). In Lake Macquarie many sites 

have selenium concentrations in sediments above a background of 1 µg/g. The two sites at 

South Lake Macquarie with the highest reported concentrations are Mannering Bay and east 

of the Vales Point Power Station, with concentrations of 12 µg/g and 10 µg/g respectively 

(Peters et al., 1999a). If selenium concentrations are higher in the sediments than the water 

column, then species capable of absorbing selenium directly from substrate sediments and 

species that accumulate selenium via sediment ingestion will have a higher likelihood of 

bioaccumulating selenium at higher concentrations than pelagic species (King et al., 2006; 
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Simpson and King, 2005). Organisms living on sediments and feeding on benthic organisms 

are therefore expected to have a higher selenium concentration than pelagic biota. 

Concerns over selenium toxicity and its ability to biomagnify to potentially harmful 

concentrations in aquatic food chains have led to a need to understand the cycling of 

selenium in sea grass ecosystems of Lake Macquarie. Previous studies have attempted to 

establish the movement of selenium through the food web by inferring trophic position based 

on animal physiology and ecology. The present study establishes trophic position based on 

δ
15N and δ13C which enable the application of the Presser and Luoma (2010) Ecosystem-

Scale Selenium Model to fully describe selenium movement in the system and allow 

comparisons with other systems. This work will only deal with the first three components of 

the model. As selenium released by coal-fired power stations is known to be immobilized 

within sediments, it was also investigated if association with sediment influences selenium 

bioaccumulation in organisms. Specific objectives of this study are: (1) to investigate the 

enrichment function of (EF) selenium uptake from sediment and water by particulate organic 

matter; (2) to investigate selenium trophic transfer from POM to invertebrates (TTFinvertebrates); 

(3) to investigate selenium trophic transfer from invertebrates to fish (TTFfish); (4) to 

investigate whether benthic infauna accumulate selenium in a higher rate than pelagic 

organisms at the same level of the food chain (Figure 3.2). 

 



Chapter 3 
 

67 

 

 

Figure 3.2. Lake Macquarie seagrass food web representation. The bold arrows with numbers 
indicate the specific objectives which will be investigated in this study. 

 

3.2. Material and Methods 

3.2.1. Study Location 

The location of Lake Macquarie is described in Chapter 2. The sampling site for the analysis 

in this chapter was selected based on a pilot study to identify hot spot for metals in 66 sites 

sampled for the collection of the top 5 cm sediment (Appendix 1.3 to 1.5). In the case of 

selenium, the main site of accumulation in the southern part of the lake was Morisset Bay 

(Figure 3.3). 

Coal-fil'ed 

Se 

• POM - Particulate 
Organic Matier TTF 

Pelagic 
Invertebrates 

EF Invertebrates 
econcentratlonls .. J:i .. 1gber rn sediments 

than waler Bentblc Invertebrates 
feeding on water 

A@ ~Aft. >~ .~. 
Bentbic invertebrates 

feedln on bentbos 

TTF 
Fish 

Pelagic fish 
feeding on water 

Pelagic Osb 
feeding on benthos 

~ 

Bentblc Osh 
feeding on benthos 

~ 

Pelagic 

Benthic 



Chapter 3 
 

68 

 

 

Figure 3.3. Lake Macquarie, NSW, Australia. The black circle represents the location of 
biotic collection site and the Xs are the location of Eraring and Vales Point Power Stations. 
Orange arrows represent the associated ash dams: Whiteheads Lagoon in the north and 
Mannering Bay in the south.   

 

3.2.2. Sample Collection 

In order to maximise the suite of organisms collected, samples were collected at two different 

times: in early September 2011 during spring and late February, 2012, during summer. A 

variety of species were collected (with n = 10 replicates if possible) in order to obtain 

representatives of each trophic level of the seagrass food webs of Lake Macquarie, from both 

benthic and pelagic habitats, classed as: 
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- Autotrophs: particulate organic matter (detritus, benthic microalgae, 

epiphytes), macroalgae, sea grasses, plankton and mangrove trees.  

- Herbivores-suspension feeders: bivalves and snails. 

- Detritivores: amphipods, bivalves, crabs, yabbies, polychaetes and fish. 

- Carnivores: fish. 

 

3.2.2.1. Autotrophs 

Plankton samples were collected in daylight hours by dragging a net (mesh size 150 µm) 

approximately 4 m behind a boat at a speed of less than 1 knot for at least 5 minutes. A 

weight was placed on the opening of the net to perform horizontal and oblique hauls in order 

to collect samples from all depths. Plankton samples were then placed in acid-washed 100 

mL screw-top glass bottles with lake water for 12 h to depurate and filtered through a glass-

fibre filter paper (1.2 µm pore size). Water for selenium analysis was collected after filtering. 

Although it was not possible to separate zooplankton from phytoplankton, the δ
15N signal 

showed that the sample was predominantly composed of phytoplankton.   

Zostera capricornii and Halophila sp. and macroalgae species were collected by hand with 

plastic gloves at a maximum depth of 1 m. Samples were removed from the substrate, rinsed 

in lake water to remove particulate material and placed in plastic bags. Detritus was obtained 

by randomly collecting dead material along the shore line. Mangrove leaves were obtained 

from trees along the shore. Epiphytes were obtained by scraping seagrass leaves using a 

stainless blade into clean polystyrene sample vials. Although epiphytes can be composed of 

sessile animals, the δ15N signal showed that the sample was predominantly composed of plant 

material.   

Benthic microalgae (BMA) samples were collected by scraping the top layer of sediment 

from 30 cm cores to separate the surficial layer from woody debris and rocks. The samples 

consisted of cyanobacteria and microalgae in slurry mixed with sediment, water and detritus.  
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3.2.2.2. Invertebrates 

Amphipods were collected from frozen detritus using tweezers. Crabs were collected from 

under rocks. Trypaea australiensis, Metapenaeus insolitus and polychaetes were obtained by 

using a yabbie pump to collect sediment and sieving through a 5 mm sieve. Anadara 

trapezia, Batillaria australis, Paphia undulate, Soletellina alba, Corbula truncate and a 

mollusc species from the Achidae family were collected by sieving sediment obtained from 

seagrass beds using a stainless shovel. Trichomya hirsuta, Saccostrea glomerata, Bembicium 

auratum and Ostrea angasi were collected by hand from rocks. 

 

3.2.2.3. Vertebrates  

Fish samples were collected using seine nets (length: 100 m, drop: 1.5 m, mesh: 5 mm). Nets 

were set from the bay, extending out into the bank at a 90º angle to shore. Fish were 

euthanased with benzocaine, stored individually in sealed plastic bags and then frozen on site 

using ice.  

 

3.2.3. Sample Preparation and Analysis  

3.2.3.1. Selenium analysis 

All samples were placed in a cooler for transport to the laboratory. Invertebrates were 

removed from shell and fish tissue excised. They were then washed in deionised water, to 

remove any particulate matter. Fish length (total length) was recorded and the whole body 

muscle tissue was removed. Juvenile fish were collected to minimize the influence of size, 

age and change of migration patterns on selenium concentration (Appendix 2.3). Tissues 

were freeze-dried at -80ºC for 48 h (Labconco FreeZone plus 6) and ground to a fine powder 

with an Ika A11 Basic Analytical Mill. Ground samples were placed into sterile 30 ml screw 

cap vials and stored in a desiccator prior to analysis. 

Approximately 0.07 g of freeze-dried material was weighed into a 7 mL polytetrafluroacetate 

(PFA) closed digestion vessel and 1 mL of concentrated nitric acid (Aristar, BDH, Australia) 

added. Each 7 ml PFA vessel was then capped and tightened to 2.3 Nm, and placed into 
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larger 120 mL screw-top pressure vessels, tightened to 16.3 Nm. A model MDS-81 (CEM, 

Indian Trail, NC, USA) microwave oven rated at 600 W was used for all digestions, with the 

microwave procedure consisting of three steps: 2 min at 600 W, 2 min at 0 W; and 45 min at 

450 W (Baldwin et al., 1994). After digestion, the 7 mL PFA vessels were allowed to cool at 

room temperature for 20 mins, and then diluted to 10 mL with de-ionised water. Digests were 

stored in labelled polyethylene vials in a cool room (5ºC) until analysis. 

Samples were analysed for selenium using a Perkin-Elmer Inductively coupled plasma mass 

spectrometry (ICP-MS DRC-e) with an AS-90 auto-sampler (Maher et al., 2001). Selenium 

concentrations were cross checked on a Perkin-Elmer 5100 Zeeman graphite furnace atomic 

absorption spectrometer, with AS-60 auto-sampler, using a mixture of palladium and 

magnesium as the matrix modifiers for selenium (Deaker and Maher, 1997, 1995). 

The Certified Reference Materials (CRMs) NIST 1566a Oyster Tissue, NIES No.9 

Sargassum, CCRM DORM Dogfish Muscle No.2, AGAL Tissue No. 3 Prawn, NIST 2976 

mussel tissue, BCR 278R mussel tissue, BCR 279 sea lettuce, BCR402 white clover, NIST 

1515 apple leaves and IAEA 407 fish tissue were used as a controls to check the quality and 

traceability of selenium. Recoveries of selenium was in agreement with certified values 

(Appendix 2.1). 

 

3.2.3.2. Benthic Microalgae 

Benthic microalgae (BMA) were separated from sediments following the method of 

Hamilton et al. (2005). Sediments were washed through a 200 µm mesh to remove infauna, 

coarse sediments and detritus. Collected material was placed in a 30 mL centrifuge tube 

containing 21 mL of colloidal silica (density = 1.3) and 9 mL of deionised water, and 

centrifuged at 1100 rpm for 7 min. Material that settled at the silica/deionised water interface 

was pipetted onto a 47 mm glass-fibre filter paper (1 µm pore size) and the process repeated 

until the filter paper clogged. BMA and filters were weighed into 7 mL polytetrafluroacetate 

(PFA) tubes and the filter mass subtracted. Two blanks were produced using clean filters to 

check for possible cross contamination in the BMA. 1 mL of concentrated nitric acid (Aristar, 

BDH, Australia) was added to the 7 mL PFA vessel and digested as previously described.  
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3.2.3.3. Analysis of δ13C and δ15N 

Freeze-dried and ground samples were weighed into tin capsules and analysed for δ
13C and 

δ
15N using an ANCA GSL2 elemental analyser interfaced with a Hydra 20-22 continuous-

flow isotope ratio mass-spectrometer (Sercon Ltd., UK). The precision was ±0.1‰ for 13C 

and ±0.2‰ 15N (SD, n=5). Stable isotope data are expressed in the delta notation (δ
13C and 

δ
15N), relative to the stable isotopic ratio of Vienna Pee Dee Belemnite standard (RVPDB = 

0.0111797) for carbon and atmospheric nitrogen (RAir = 0.0036765) for nitrogen. 

 

3.2.4. Trophic Level (TL), Biomagnification Calculations  

3.2.4.1. Classification of samples to trophic groups, habitat and feeding 

zones 

Animals were classified by trophic position, habitat, based on their association with 

substrates (benthic) or whether they live in the water column (pelagic) and feeding zone, that 

is, whether an organism eats from the benthos or from the water column (Table 3.1).  

Carbon and nitrogen isotope results and stomach contents reported in the literature for 

invertebrates and fish species were used to classify organisms to appropriate trophic levels 

(Table 3.1, Appendix 2.2). 

 

3.2.4.2. Trophic Levels (TL) and Trophic Magnification Factor (TMF) 

TMFs were determined using selenium concentrations and trophic (TL) estimated from stable 

nitrogen isotope ratios (δ15N) calculated from tissue ratios of δ15N / δ14N in food webs, which 

represent average food web biomagnification (Fisk et al., 2001; Jardine et al., 2006). This 

method corrects for the baseline variation in δ
15N that occurs among systems as a result of 

human inputs of nitrogen from wastewaters or agriculture and allows unique enrichment 

factors for ecosystems, species or groups of animals to be incorporated into the TL equation.  

In this study, TL was determined relative to benthic microalgae (BMA) as the baseline. It is 

assumed that BMA represent the primary producer occupying TL 1. For species and trophic 
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positions investigated, an equation described by Post (2002) was used (Equation 1) to 

calculate TL: 

-./0123456 =	
7 & 89�25/01:;6<	/0123456 −	89�>;25

Δ1
	 

 (Eq. 1) 

      

where λ is the trophic position of the organism used to estimate δ15N base (e.g., λ = 1 for 

primary producers), δ15N secondary consumer is measured directly, and ∆n is the enrichment in δ15N 

per trophic level.  

The trophic fractionation of nitrogen (∆n) is assumed to be 3.4‰ as it represents the trophic 

enrichment factor that has been reported for muscle or total body homogenates of food-web 

components for marine ecosystems (Hobson and Welch, 1992; Hobson et al., 2002). 

The ability of a contaminant to biomagnify can be expressed in terms of trophic 

magnification factor (TMF), where TMF > 1 indicates biomagnification (Borgå et al., 2012). 

TMF has been applied to determine biomagnification of contaminants throughout the food 

web (Atwell et al., 1998; Beneditto et al., 2011; Campbell et al., 2005) and is based on the 

trophic-level parameter in the linear regression model. It is derived from the slope of the log–

linear relation between selenium concentration and trophic level as shown by Equations 2, 3 

and 4: 

Equation 2 was used to find an exponential relationship between selenium x TL: 

@A
B = 	10; 	)	10>	)	DE  (Eq. 2) 

 where a is the intercept, b is the slope and TL is the trophic level. 

Equation 3 was used to convert the exponential curve from equation 1 to a linear model using 

logarithm base 10:  

.���A
 = � & �	 ) -.  (Eq. 3) 

TMF was then calculated by obtaining the slope (b) from the linear model in equation 3:  

-F! =	10>  (Eq. 4) 
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The TMF was used in this study to provide a mean rate of increase per trophic level and 

assumes that uptake from the diet is the main exposure route (Hop et al., 2002). 

 

3.2.5. Lake Macquarie Selenium Trophic Transfer Model  

The trophic transfer of selenium up through the Lake Macquarie food web was modelled 

following the method developed by Presser and Luoma (2010). The organizing principle for 

this model is the progressive solution of a set of simple equations, each of which quantifies a 

process important in selenium exposure: 

 

3.2.5.1. Environmental partitioning between dissolved and particulate 

phases (Kd) 

Environmental partitioning between dissolved and particulate phases, Kd, characterizes the 

bioconcentration of dissolved selenium into the base of the food web (Presser and Luoma, 

2010). By calculating Kd values, it is possible to check selenium residence times in different 

environments and to determine the proportion of dissolved selenium entering the food web.  

In this study, particulate phase was characterized by particulate organic matter (hereafter 

called POM) composed of benthic microalgae, detritus and epiphytes. In order to quantify the 

relationship between dissolved selenium and particulate organic material at the base of the 

food web, the following function was applied:  

   G� =		
HIJK

HLMNOP	QRSTUV
    

This operationally defined ratio is an instantaneous observation in which Cparticulate is the 

particulate material selenium concentration in µg/kg dry mass and Cwater-column is the water-

column selenium concentration in mg/L.  
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3.2.5.2. Trophic transfer function (TTF) 

Assuming that food is the dominant source of selenium, the trophic transfer function (TTF) 

was used in this study to assess the transfer of selenium between trophic levels. The TTF is 

species-specific, may vary with dietary selenium concentration and is affected by factors that 

influence assimilation efficiency and ingestion rate. 

Trophic transfer factor (TTF) is defined as the concentration in consumer organisms divided 

by the concentration in (inferred) diet measured at the same or similar time and place. 

The available data in this study represented three trophic transfer steps: Step 1, water to base 

of the food chain (Kd); Step 2, POM to benthic invertebrates; and Step 3, benthic 

invertebrates to fish.  

In order to obtain a TTF for step 2, a field TTFinvertebrate of particulate and invertebrate dry 

mass selenium concentrations was calculated: 

--!W1X56Y5>6;Y5 =	
ZW1X56Y5>6;Y5

Z[\]
 

where Cinvertebrate is the selenium concentration in µg/g dry mass for an invertebrate species 

(reported as whole-body tissue) and CPOM is the mean selenium concentration for POM in 

µg/g dry mass. 

TTF values for fish were calculated either as: 

--!̂ W2_ =	
Ẑ W2_

ZW1X56Y5>6;Y5
 

Cfish is the selenium concentration in a given fish species, reported in µg/g dry mass for 

muscle tissue and C invertebrate is the selenium concentration in µg/g dry mass for 

invertebrate whole-body tissue. This equation is applicable for a given fish species with a 

specific known prey species.  

Most fish eat a mixed diet, with preferences for specific types of foods. In this case, 

modelling of selenium bioaccumulation should represent a diet that includes a mixed 

proportion of prey in the diet through use of the equation: 
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--!̂ W2_ =	
Ẑ W2_

Z`65<
 

being Z`65< =	
Z`65<	 &	Z`65<	� &	Z`65<	a &⋯

�`65<
 

where Cprey is the selenium concentration in µg/g  dry mass of a fish species prey and nprey is 

an estimate of the number of different organism types consumed by that fish species. 

 

3.2.6. Statistical Analysis 

Data were analysed using the statistical package R (R Core Team, 2011) with p ≤ 0.05 as the 

level of statistical significance. The assumptions of normality and homogeneity of variances 

were checked by examining plots of residuals. If data were not normal, they were log 

transformed, and parametric tests used.  

A one-way ANOVA was used to test if there was significant difference of log-transformed 

selenium concentrations between trophic groups (source, autotrophs, herbivore-filters 

feeders, detritivores and carnivores). Post-hoc Tukey tests were performed to identify trophic 

groups in which selenium concentration differed significantly (p < 0.05). An ANOVA was 

also performed to check for differences of δ15N between trophic levels. 

A linear regression model was used to determine the relationship between TL and δ
15N for 

log-transformed selenium concentrations. Prior to regressing selenium concentration versus 

δ
15N  and TL to calculate TMFs, the energy flow between food web organisms was checked 

and any organisms that do not rely on others removed prior to performing regressions (Borgå 

et al., 2012; Wyn et al., 2009).  

The effects of habitat and feeding zone on selenium concentrations of invertebrates and 

vertebrates were examined using an ANCOVA. Log Se concentration was used as the 

dependent variable, habitat and feeding zone as predictor variables and δ
15N as a continuous 

covariate. As TMF in invertebrates and fish are, to different degrees, influenced by different 

metabolisms (Braune and Norstrom, 1989), direct uptake across respiratory surfaces, and the 

relative food vs. sediment vs. water exposure (Borgå et al., 2004), invertebrates and 

vertebrates were analysed separately. 



Chapter 3 
 

77 

 

All the five ANCOVA assumptions were checked prior to analysis: the normality of 

residuals, homogeneity of variances, homogeneity of regression slopes, linearity of regression 

and independence of error terms. The third assumption, concerning the homogeneity of 

different treatment regression slopes is particularly important in evaluating the 

appropriateness of ANCOVA model. Therefore, in the case that this assumption could not be 

met and the main effects interaction was significant, a regression of covariate against the 

dependent variable was run for each of the habitat/feeding zone categories independently to 

check whether the covariate effect was significant. 

  

3.3. Results 

 

3.3.1. Nitrogen and Carbon Isotopes 

The δ13C and δ15N isotopic ratios (Table 3.1 and Appendix 2.5)  revealed that the base of the 

food web was composed of three main classes of food: (1) particulate organic matter (POM) 

and benthic microalgae (BMA), (2) detritus and associated microorganisms, and (3) seagrass 

and associated epiphytes (Figure 3.4).  

All consumers had δ13C values that ranged between the δ
13C values of BMA, POM and sea 

grasses (Figure 3.4), suggesting that they fed on a mixture of these sources. Invertebrates fed 

from all the three sources. The gastropods Bembicium auratum, Batillaria australis and 

Nerita sp. were relatively enriched (-13.9 ± 0.3, -15.0 ± 0.7 and -15.4 ± 0.9 δ
13C 

respectively). The filter feeding bivalves Ostrea angasi, Anadara trapezia, and the 

polychaetes occupied intermediate positions (-19.1 ± 0.2, -19.3 ± 0.3 and -18.6 ± 3.3 δ
13C 

respectively). Paphia undulata, the Achidae and Corbula truncata were relatively depleted (-

23.3 ± 0.4, -22.9 ± 1.8, -22.4 ± 0.3 δ13C respectively). The fish species had a narrower range 

of δ13C values than first order consumers, indicating they obtain their carbon from sea grass 

components and detritus.  

δ
15N values of vertebrates were enriched in relation to the invertebrates (invertebrates = 5.8 ± 

1.2 and vertebrates = 10.6 ± 1.3). The pelagic fish Hyporhamphus regularis which usually 
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feeds on sea grass, was the most δ
15N-depleted fish species (8.9 ± 0.6) while the carnivorous 

tailor (Pomatomus saltatrix) was the most δ15N- enriched fish species (13.6 ± 0.3).  

 

Figure 3.4. Food web for the sampled area of south-western Lake Macquarie, based on δ
13C 

and δ15N isotope analysis. Dashed lines indicate subjectively-identified general boundaries of 
carbon sources based on δ

13C signal. 
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Table 3.1. δ15N  and δ14C and selenium concentrations in species from food web sampled in south-western  Lake Macquarie. 

Common Name Scientific Name n TLa Habitat Feeding 
Zone 

Mean δ15N + SD 
(min. – max.) 

‰ 

Mean δ13C + SD 
(min. – max.) 

‰ 

Mean Se + SD 
(min – max) 

µg/g dry mass 
Water NI  9  - - _ _ 0.1 + 0.3 µg/L 

Detritus NI * _ - - 3.4 -16 1.7 + 0.2 (1.4 -–2.0) 

POM NI *  - - 0.6 -23.2 1.8 

Autotrophs         

BMA NI * 0.3 - - 1.1 -23.1 1.37 

Brown alga Cystpseira trinodis 5 _ - - _ _ 0.3 + 0.1 (0.3 – 0.4) 

Epiphytes NI 6 1.4 - - 4.7 + 0.8 (3.7 - 5.4) -14.9 + 3.2 (-17.2 – -9.2) 1.1 + 0.4 (0.6 – 1.8) 

Gracilaria Gracilaria sp 6 _ - - _ _ 0.2 + 0.4 (BDL – 0.9) 

Red algae Laurencia sp. 10 _ - - _ _ 0.2 + 0.1 (0.1 – 0.3) 

Sargassum Sargassum sp. 12 1.5 - - 5.1 + 0.9 (3.8 - 6.4) -16.6 + 1.8 (-20.4 – -14.6) 0.7 + 0.2 (0.5 – 1.2) 

Spaghetti algae Chaetomorpha sp. 6 _ - - _ _ 0.3 + 0.2 (0.2 – 0.8) 

Velley Microdictyon umbilicatum 5 _ - - _ _ 1.6 + 0.6 (0.6 – 2.0) 

Halophila Halophila sp. 15 0.5 - - 1.9 + 0.0 (1.8 – 1.9) -13.8 + 0.1 (-13.8 – -13.7) 0.4 + 0.2 (0.1 – 0.7) 

Grey mangrove Avicennia marina 10 1.4 - - 4.7 + 5.0 (4.8 – 5.3) -27.1 + 0.1 (-28.5 – -28.3) 0.3 + 0.2 (0.1 –0.8) 

Zostera Zostera capricornii 12 1.0 - - 3.7 + 1.3 (1.5 – 5.1) -10.0 + 10.0 (-11.0 – -8.1) 0.7 + 0.2 (0.2 – 1.1) 

Plankton NI * 1.4 Pelagic Water 4.8 + 0.3 ( 4.6 – 5.0) -22.6 + 0.7 (-23.1 – -22.1) 2.2 + 0.3 (2.0 – 2.5) 

Herbivores – Suspension Feeder 
Grazing snail Nerita sp. 2 1.8 Benthic Benthos 6.4 + 1.2 (5.6 – 7.3) -15.4 + 0.9 (-16.4 – -14.7) 2.2 + 2.3 (0.6 – 3.8) 

Grazing snail Bembicium auratum 10 1.7 Benthic Benthos 6.0 + 0.3 (5.5 – 6.4) -13.9 + 0.3 (-14.5 – -13.7) 1.9 + 0.7 (0.9 – 3.0) 

Basket shell Corbula truncata 7 1.3 Benthic Water 4.5 + 0.0 (4.3 – 4.7) -22.4 + 0.3 (-22.8 – -21.9) 2.5 + 0.2 (2.3 – 3.0) 

Hairy mussel Trichomya hirsuta 10 1.3 Benthic Water 4.6 + 0.7 (3.7 – 5.6) -20.4 + 1.0 (-21.4 – -18.6) 4.9 + 1.6 (3.2 – 8.0) 

Southern mud oyster Ostrea angasi 7 2.0 Benthic Water 7.0 + 0.2 (6.6 – 7.3) -19.1 + 0.2 (-19.3 – -18.7) 3.6 + 1.5 (0.4 – 4.6) 

Sydney cockle Anadara trapezia 3 2 Benthic Water 6.9 + 0.4 (6.5 – 7.2) -19.3 + 0.3 (-19.6 – -19.0) 4.8 + 2.2 (3.4 – 7.4) 

Sydney rock oyster  Saccostrea glomerata 18 1.9 Benthic Water 6.6 + 0.5 (5.8 – 7.5) -21.2 + 1.3 (-22.8 – -18.2) 2.9 

Detritivores  

Amphipods NI * 2.10 Pelagic Water 7.2 + 0.2 (6.9 – 7.3) -17.5 + 1.0 (- 19.0 – -16.7) 1.2 + 0.1 (1.1 – 1.4) 

Achidae NI 7 1.4 Benthic Benthos 4.7 + 0.3 (4.2 – 5.0) -22.3 + 1.8 (-23.5 – -18.5) 5.6 + 2.2 (1.2 – 8.1) 

Grapsid crab Helograpsus haswellianus 11 1.9 Benthic Water 6.6 + 0.8 (5.4 – 7.7) -16.3 + 0.9 (-19.0 – -15.4) 2.1 + 0.7 (1.5 – 3.9) 
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Common Name Scientific Name n TLa Habitat Feeding 
Zone 

Mean δ15N + SD 
(min. – max.) 

‰ 

Mean δ13C + SD 
(min. – max.) 

‰ 

Mean Se + SD 
(min – max) 

µg/g dry mass 
Greasyback prawn  Metapenaeus insolitus 2 _ Pelagic Benthos _ _ 3.9 

Polychaete NI 23 2.0 Benthic Benthos 6.9 + 1.2 (4.9 – 9.4) -18.6 + 3.3 (-30.4 – -15.0) 6.2 + 1.8 (1.5 – 9.0) 

Short necked clams Paphia undulata 2 1.4 Benthic Water 5.0 + 0.2 (4.9-5.1) -23.0 + 0.4 (-23.3 – -22.7) 3.9 + 0.3 (3.7 – 4.2) 

Small mud whelk Batillaria australis 10 1.4 Benthic Benthos 4.8 + 0.2 (4.5 – 4.9) -15.0 + 0.7 (-15.7 – -14.2) 5.5 + 0.6 (4.8 – 6.4) 

White sunset-shell Soletellina alba 10 1.4 Benthic Benthos 4.7 + 0.3 (4.1 – 5.1) -19.0 + 0.2 (-19.9 – -19.2) 7.8 + 0.9 (6.4 – 9.4) 

Yabbie Trypaea australiensis  6 2.1 Benthic Benthos 7.3 + 0.1 (7.1 – 7.4) -17.3 + 0.7 (-17.8 – -16.3) 2.4 + 0.2 (2.2 – 2.8) 

Garfish Hyporhamphus regularis 10 2.6 Pelagic Water 8.9 + 0.6 (8.3 – 10.4) -13.3 + 0.9 (-14.5 – -11.7) 1.4 + 0.4(0.9 – 2.1) 

Common silver belly Gerres subfasciatus 10 3.3 Pelagic Benthos 11.2 + 0.6 (10.4 – 12.2) -15.1 + 0.9 (-16.4 – -13.6) 7.3 + 2.7 (3.7 – 12.9) 

Fan-belly leader jacket Monacanthus chinensis 8 2.7 Pelagic Benthos 9.1 + 0.4 (8.7 – 9.8) -15.3 + 1.2 (-17.1– -14.1) 4.3 + 1.0 (2.7 – 5.6) 

Flathead mullet  Mugil cephalus 10 3.0 Pelagic Benthos 10.4 + 1.3 (8.6 – 12.9) -16.7 + 2.5 (-19.5– -12.0) 3.3 + 0.6 (2.4 – 4.3) 

Luderick Girella tricuspidata 5 2.9 Pelagic Benthos 9.9 + 0.9 (8.9 – 11) -15.7 + 1.8 (-17.8 – -13.5) 4.2 + 3.3 (0.9 – 8.7) 

Tarwhine Rhabdosargus sarba 5 2.9 Pelagic Benthos 10.1 + 0.1 (9.8 – 10.2) -14.8 + 1.4 (-15.6– -12.3) 3.7 + 1.7 (2.5 – 6.6) 

Carnivores         

Three-bar porcupine fish Dicotylichthys punctulatus 2 3.2 Benthic Benthos 11.0 + 1.5 (10.0 – 12.1) -14.1 + 0.1 (-14.0– -14.2) 5.4 + 0.1 (5.4 – 5.5) 

Eastern striped trumpeter Pelates sexlineatus 10 3.0 Benthic Benthos 10.2 + 0.8 (9.1 – 11.4) -14.7 + 0.7 (-15.7– -13.5) 3.9 + 0.9 (2.5 – 5.5) 

Long tom Tylosurus gavialoides 1 3.7 Pelagic Water 12.8 -15.5 3.6 

Sand whiting Sillago ciliata 4 3.2 Benthic Benthos 11.1 + 0.3 (10.8-11.4) -14.1 + 1.0 (-15.0– -12.7) 5.3 + 1.4 (4.4 – 7.4) 

Tailor Pomatomus saltatrix 2 4.0 Pelagic Water 13.6 + 0.3 (13.4 – 13.8) -17.7 + 0.1 (-17.8– -17.7) 3.6 + 1.0 (2.9 – 4.3) 

Trumpeter whiting Sillago maculata 10 _ Benthic Benthos _ _ 6.8 + 1.1 (4.8 – 8.1) 
      a Trophic level: determined relative to BMA as the baseline, as described in equation 1 in methods; *  Composite samples. 
    POM: particulate organic matter; BMA: benthic microalgae; NI: not identified to species level. 
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3.3.2. Selenium concentrations 

For the 311 samples collected, selenium concentrations ranged from 0.2 µg/g dry mass in 

macroalgae species to 12.9 µg/g in the fish silver belly (Gerres subfasciatus) with an overall 

mean among all organisms of 3.1 + 2.1 µg/g. Selenium concentrations (mean ± standard 

deviation) in water, detritus and all organisms are reported in Table 3.1. Mean selenium 

concentrations were different between trophic levels, following the order: autotrophs < 

herbivores-suspension feeders < detritivores-omnivores < carnivores (0.7 ± 0.3, 3.0 ± 1.2, 4.3 

± 1.4 and 4.6 ± 1.1 µg/g respectively). A one-way analysis of variance revealed significant 

differences between the groups, F3, 297 = 160.8, p < 0.001.  Post-hoc comparisons using the 

Tukey-HSD test revealed that autotrophs and herbivorous-suspension feeders had 

significantly lower selenium concentrations than detritivores and carnivores (Figure 3.5; 

Appendix 2.4).  

 

Figure 3.5. Selenium concentrations in food web samples from the study area classified by 
trophic levels. Bar whiskers show the 10th and 90th percentiles, the box shows the 25th and 
75th percentiles and the solid line in the box shows the median selenium concentration for 
each trophic group. The open circles indicate values that are more extreme than 1.5 inter-
quartile range. Letters shared in common between or among the groups indicate no 
significant difference. 
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3.3.4. Relationship between Selenium Concentration, Trophic Position, 

Habitat and Feeding Zone 

Following the classification of organisms by habitat and feeding zone (Table 3.1), 

invertebrates were classified in three categories: pelagic invertebrates feeding from water 

column; benthic invertebrates feeding from water column; and benthic invertebrates feeding 

from benthos. Vertebrates were included in three categories: pelagic vertebrates feeding from 

the water column; pelagic vertebrates feeding from benthos; and benthic vertebrates feeding 

from benthos. It is important to note that in this study no pelagic invertebrates that feed on 

benthos and no benthic vertebrates that feed from the water column were collected. These 

two combinations were, therefore, excluded from the ANCOVA model. 

For invertebrates, there was no significant effect of δ
15N on selenium concentration (F 1, 128 = 

5.34; p > 0.05), however, there was a significant effect of habitat, feeding zone and selenium 

concentration (F 2,128 = 24.80; p < 0.001). A Tukey-HSD test adjusted for ANCOVA showed 

significant differences between selenium concentrations in habitats. The category of pelagic 

organisms feeding from the water column had lower selenium concentrations than benthic 

organisms feeding from the water column (p < 0.001), which had lower selenium 

concentrations than benthic organisms feeding on benthos (p < 0.001) (Figure 3.7). 

For fish, the ANCOVA results showed a significant effect of δ15N on selenium 

concentrations (F 1,73 = 10.9; p < 0.01). Likewise, there was a significant effect of 

habitat/feeding zone on selenium concentration (F 2,73 = 14.41; p < 0.001). A Tukey-HSD test 

adjusted for ANCOVA showed that pelagic fish feeding from the water column had 

significantly lower selenium concentrations than pelagic fish feeding on benthos (p < 0.001). 

There was no difference in selenium concentration between pelagic fish feeding on benthos 

and benthic fish feeding on benthos (p > 0.05) (Figure 3.8).  
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Figure 3.7. Effects of habitat, feeding zone and δ
15N on selenium concentrations of 

invertebrates from the study area. Slopes determined by ANCOVA. Note the ln scale in the Y 
axis. 

 

 

Figure 3.8. Effects of habitat, feeding zone and δ
15N on selenium concentrations of 

vertebrates/fish from the study area. Slopes determined by ANCOVA procedure. Note the ln 
scale in the Y axis. 
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3.3.5. Trophic Transfer 

The Kd value for Lake Macquarie was calculated as 4180. Trophic transfer factor (TTF) 

values are given in Table 3.3, with a larger range in invertebrates (0.46 to 4.15) than fish 

(1.05 to 1.75) (Figures 3.9 and 3.10). 

Table 3.3. Selenium concentration and trophic transfer factors for Lake Macquarie food web 

species. 

POM Se 
µg/g dry mass Invertebrate Species TTF invert Fish Species TTF fish 

Epiphytes 1.46 Nerita sp. 0.46 Hyporhamphus regularis 1.05 
Detritus 2.34 Amphipod 0.64 Pomatomus saltatrix 1.15 
BMA 1.85 Bembicium auratum 1.01 Gerres subfasciatus 1.41 

Helograpsus 
haswellianus 

1.14 
Dicotylichthys punctulatus 1.42 

Plankton 1.18 Monacanthus chinensis 1.43 
Trypaea australiensis 1.23 Sillago maculata 1.45 
Ostrea angasi 1.97 Mugil cephalus 1.47 
Saccostrea glomerata 2.01 Pelates sexlineatus 1.53 
Anadara trapezia 2.57 Girella tricuspidata 1.53 
Trichomya hirsuta 2.59 Rhabdosargus sarba 1.67 
Batillaria australis 2.95 Sillago ciliata 1.71 
Polychaete 3.16 Tylosurus gavialoides 1.75 

Soletellina alba 4.15 

C particulate* 1.88 Mean TTFinvertebrate 1.93 Mean TTFfish 1.46 
* Enrichment Factor 
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Figure 3.9. Selenium concentration and δ
13C of organisms from the study area. Particulate 

organic matter (POM) consists of benthic microalgae (BMA), epiphytes and detritus. 
Numbers on lines are trophic transfer factors (TTF) per predator-prey. Average TTF per 
species is given in Table 3.3. Black dots are prey sources not presented in this scheme. 

 
Figure 3.10. Selenium enrichment and trophic transfer factors for the study area ecosystem. 
Enrichment factor (EF), obtained by calculating Kd, represents the increase in selenium 
concentration (left axis) between water and the base of the aquatic food web, in this study 
particulate organic matter (POM) (EFPOM: 103). Trophic transfer factor represents the increase 
in selenium concentration between POM and invertebrates (TTFprey: 1.93, range 0.62 to 5.60) 
and invertebrates and fish (TTFpredator: 1.46, range 1.05 to 1.75). The whiskers represent the 
coefficient of variation (CV) of the TTF for each of the ecosystem groups (right axis).  
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3.4. Discussion 

 

3.4.1. Seagrass Food Web 

The range of δ15N values in this study supports the hypothesis that movement up the food 

chain tends to concentrate the δ
15N isotope by approximately 3‰. All values increased from 

primary producers (BMA) towards the top carnivore, represented here by tailor fish 

(Pomatomus saltatrix) (Table 3.2). The enrichment from primary producer to carnivores was 

8.8‰, with a mean increment of 2.93‰ from one trophic level to another. This increment 

value is a little lower than predictions for food web components of coastal ecosystems (3.4-

3.8‰) (Hobson and Welch, 1992; Hobson et al., 2002), but are consistent with results 

obtained by other investigators (Beneditto et al., 2011; Bowles et al., 2001; Jarman et al., 

1996; Senn et al., 2010). 

The range of δ13C values in this study revealed that invertebrates were distributed according 

to the three dietary sources: invertebrates that derive most of their diet from BMA or/and 

POM (plankton, Corbula truncata, Achidae, Paphia undulata, Trichomya hirsuta, Saccostrea 

glomerata), from detritus (Ostrea angasi, Anadara trapezia, Trypaea australiensis, amphipods, 

Soletellina alba, Batillaria australis, Helograpsus haswellianus and Nerita sp.) and seagrass 

associated components (Bembicium auratum) (Figure 3.4). It is important to note, however, 

that this division is subjective and organisms close to the boundary lines are using both food 

sources. For example, Ostrea angasi and Anadara trapezia while in detritus physically are 

filter feeders and are feeding on POM and BMA; however, because they accidentally ingest 

detritus particles, their δ13C signal placed them in the boundary between detritus and 

POM/BMA. As well, Bembicium auratum is located in the seagrass boundaries, but feed on 

microalgae on the surface of the hard substrate or the mud on which they live, therefore their 

δ
13C signal placed this species in the boundary between seagrass and detritus. These results 

illustrate the importance of considering the diet and habitat of organisms in addition to δ
13C 

signal. δ13C is an absolute value and does not consider the variations involved with an 

animal’s life characteristics. 

Fish were mostly distributed according to their derived diet on seagrass-associated 

components. Avicennia marina and Zostera capricornii leaves had δ13C values (-27.9 + 0.1 -
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and -10.0 + 0.8 respectively) clearly showing that this material is not being substantially 

incorporated into the diet of the organisms in the seagrass food web. 

Based on δ15N values, invertebrates were categorized to two different trophic groups. The 

first group, with lower δ15N values, included the bivalve Paphia undulata, Achidae, 

Soletellina alba, Corbula truncata and Batillaria australis. The second group, with high δ15N 

values, included Trypaea australiensis, amphipods, Ostrea angasi, Nerita sp., amphipods, 

Trichomya hirsuta, Saccostrea glomerata, Helograpsus haswelianus, Anadara trapezia and 

the polychaetes. These differences in δ
15N values may be a consequence of ingestion of plant 

material by the lower δ15N group while the upper group is feeding on more animal material 

and decomposing organisms. Although organisms do not derive nutrition from inorganic 

components of sediment per se, the BMA and bacteria attached to particles might 

inadvertently be ingested (Peters et al., 1999b). This is evident when considering that the 

group with higher δ15N values have in common detritus as the base carbon source. Dwelling 

in, and bioturbation of sediment may potentially cause the ingestion of BMA and bacteria to 

be accompanied with decomposing animals, which is likely to be reflected in the enriched 

δ
15N signatures. The invertebrates in the δ

15N depleted group were typical filter feeders 

(Lautenschlager, 2011) and their δ15N signature reflects the composition of the estuarine 

water column over time, probably reflecting the δ15N values of POM.  

Fish had clear and expected values of δ
15N, with herbivores showing a relatively depleted 

δ
15N signature reflecting grazing on plants and algae. Carnivores showed a relatively 

enriched δ15N signature reflecting grazing on animals. 

 

3.4.2. Selenium Concentrations  

Selenium concentrations in organisms collected in Lake Macquarie are generally greater than 

those in the organisms of other Australian estuaries not receiving inputs from coal-fired 

power stations (Baldwin et al., 1994; Gay and Maher, 2003; Robinson et al., 2005; Spooner et 

al., 2003; Taylor and Maher, 2006), and similar to Lake Wallace (Jasonsmith et al., 2008) an 

Australian freshwater lake receiving inputs from a coal-fired power station (plankton, 

4.3µg/g; seagrass epiphytes, 1.3 µg/g; BMA, 8.0 µg/g; detritus, 10.0 µg/g; invertebrates 3.9 

µg/g; whole fish, 7.6 µg/g dry mass). Furthermore, selenium tissue concentrations in this 

study (plankton, 2.2 µg/g, seagrass epiphytes, 1.1 µg/g; BMA, 1.4 µg/g; invertebrates 3.7 

-
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µg/g; fish muscle, 4.4 µg/g dry mass), when compared to Barwick and Maher (2003), confirm 

that selenium concentration has, in general, decreased in foodweb elements from Lake 

Macquarie since 1999, which may be a consequence of the new ash handling procedures 

taken by Vales Power Station. 

Although selenium concentrations in organisms from Lake Macquarie are greater than those 

from other Australian estuaries, they are considerably lower than selenium concentration in 

organisms of freshwater lakes in the USA receiving coal-fired power station inputs.  These 

results are explained by the lower selenium concentration found in Australian coals than in 

international coal (Dale, 2006). Consequently, selenium emissions from coal-fired power 

stations are very low relative to other countries such as the USA and Canada.  

In the USA for example, Hyco Lake in North Carolina provides cooling water for a coal-fired 

power station and receives selenium-laden effluent from an ash settling pond. Selenium 

concentrations in organisms of this lake range from 5 to 60 µg/g in phytoplankton, 30 to 88 

µg/g in benthic invertebrates and 22 to 68 µg/g dry mass in Bluegill (Chapman et al., 1998). 

Similarly, the Savannah River in South Carolina receives selenium inputs from a power plant 

after slurried fly ash is discharged in a series of large settling basins before surface water is 

expelled into Beaver Creek, a tributary of Savannah River. This power plant has been 

operating for more than 50 years and as a result selenium concentrations reach 6 µg/g in 

macrophytes, 7 µg/g in periphyton, 20 µg/g in bivalves and 15 µg/g dry mass in fish tissue.  

In Canada, the Elk Valley is rich in high-grade coal deposits that have been mined since the 

1880s. The disturbance in the area and volumes of waste rock led to weathering and release 

of pyrite-associated selenium, leaching and draining to the Elk River. In 2002, selenium 

concentrations in periphyton in lentic waters had a mean selenium concentration of 5 µg/g in 

benthic invertebrates ranging from 26 to 96 µg/g and fish muscle tissues contained up to 76 

µg/g dry mass (Young et al. 2010).  

For all the above cases, selenium concentrations were much higher than Lake Macquarie and 

resulted in health issues for the food web organisms. In Lake Macquarie, to our knowledge 

no visual health problems have been observed and reported for organisms or human beings.  

Nonetheless, laboratory studies were conducted exposing the species Anadara trapezia to 

selenium doses (Taylor and Maher, 2012) and found that A. trapezia was able to detoxify 

only a small percentage of accumulated selenium which suggests a limited detoxification and 
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storage capacity for this element. Although the authors did not find any external health effect, 

there was a significant reduction in the total antioxidant capacity in A. trapezia from both 

selenium treatments. Glutathione peroxidase reduction was reflected in increased total 

glutathione concentrations which the GSH:GSSG ratios indicate was due to a build-up of 

oxidised glutathione. Organisms with reduced total antioxidant capacity showed increased 

lipid peroxidation, lysosomal destabilisation and micronuclei frequency. Therefore, the mean 

concentration of 4.8 µg/g selenium suggests that A. trapezia in Lake Macquarie might have 

been affected physiologically; however, these relationships should be demonstrated in field 

exposed organisms before making any conclusion.  

 

3.4.3. Trophic Level (TL) and Biomagnification 

Selenium concentrations in the food web organisms of Lake Macquarie confirms the 

hypothesis that selenium concentrations are significantly different across trophic levels (F3, 297 

= 160, p < 0.001) (Figure 3.4). Autotrophs and herbivores-suspension feeders had different 

mean selenium concentration with selenium concentrations lower than detritivores and 

carnivores (Figure 3.5).  

Based on the concept that a TMF of 1 means that biomagnification is not occurring in a food 

web and a TMF > 1 indicates that biomagnification is occurring, the TMF value of 1.39 (95% 

conf. int. 1.29-1.51) calculated for the Lake Macquarie seagrass ecosystem shows that 

selenium is being biomagnified through the food web; however, as the TMF value is just 

above 1, the biomagnification is not substantial. This TMF result is corroborated by the 

regression results between selenium concentration and δ
15N (Figure 3.6). The regressions 

resulted in R2 = 0.26, showing a weak relationship between selenium concentration and 

trophic level. This agrees with other studies that examined selenium biomagnification in food 

webs (Barwick and Maher, 2003; Cherry and Guthrie, 1977; Furr et al., 1979; Hamilton, 

2004; Luoma and Presser, 2009; Sandholm et al., 1973). 

Sandholm et al. (1973) examined selenium biomagnification in a laboratory experiment and 

found positive biotransference from phytoplankton (Scenedesmus dimorphus) to zooplankton 

(Daphnia and Cyclops sp.) to fish (Puntius arulius). No biomagnification factor was reported 

in the study of Sandholm et al. (1973), but when looking at selenium concentrations between 

trophic levels, it is clear that species from higher trophic levels were higher in selenium 
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concentrations. In addition, they conducted laboratory experiments and our results are in 

agreement with their findings that enrichment of selenium in fish required the presence of 

phytoplankton as well as zooplankton, since only organisms from lower trophic levels are 

able to absorb selenium from a solution with selenomethionine. The hypothesis that selenium 

biomagnifies up trophic levels of food webs in Lake Macquarie was confirmed. 

Difference in selenium biomagnification between ecosystems is a result of specific-

characteristics of ecosystems that determine the extent of biomagnification such as water 

residence time and dissolved and particulate selenium speciation that contribute to the 

environmental partitioning and bioavailability of selenium (Maher et al., 2010; Presser and 

Luoma, 2010). Studies in the USA have found no biomagnification of selenium. In Pigeon 

River/ Pigeon Lake, Michigan, USA, differences in selenium bioaccumulation among fish 

species were not consistently associated with differences in trophic status (Besser et al., 

1996)(Brix et al., 2005; Hamilton and Palace, 2001; Orr et al., 2006). As well, no evidence of 

selenium biomagnification was found in the Savannah River ecosystem, South Carolina, 

USA, when compared across trophic levels using stable isotopes (Young et al., 2010).  

In this study, the biomagnification of selenium and Kd value of 4180 in Lake Macquarie 

supports the finding that environments with longer water residence time (such as lakes) tend 

to have greater recycling, a higher rate of particulate and/or dissolved selenium, and higher 

concentrations of selenium entering the food web (Brix et al., 2005; Hamilton and Palace, 

2001; Orr et al., 2006).  

 

3.4.4. Relationship between Selenium Concentrations, Tropic Position, 

Habitat and Feeding Zones 

3.4.4.1. Trophic position 

There was a significant relationship between selenium concentration and trophic level for the 

seagrass ecosystem (Figure 3.6), but with a minor slope. This minor slope was biased by 

deposit feeders such as polychaetes and Soletellina alba which have higher selenium 

concentrations than other invertebrates in the same or close trophic levels. This result is in 

agreement with the Luoma and Presser (2009) statement that dissolved selenium makes little 

or no direct contribution to bioaccumulation of selenium in animals, and only influences the 
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concentration of selenium in particulate matter. It is POM, both abiotic and biotic, that is the 

entry point of selenium into food webs. Dissolved selenium uptake by animals is slow (Wang 

et al., 1996). Consequently, selenium in sediments associated with particulate organic matter 

results in higher bioaccumulation by invertebrates consuming sediment particles than 

invertebrates filtering water (Figure 3.6). 

The use of trophic position only is therefore not an appropriate measure to assess selenium 

concentrations in invertebrates of Lake Macquarie. Feeding zones and habitat are also 

important factors determining selenium concentrations in invertebrates.  

For fish, selenium concentrations differ between trophic levels and also within the same 

trophic level. Trophic level differences are clear when comparing the mean selenium 

concentration of the herbivore Hyporhamphus regularis (1.4 ± 0.4 µg/g) with the carnivore 

Gerres subfasciatus (7.3 ± 2.7 µg/g, Table 3.1). The differences within predator species from 

the same environment were also clear, but those differences are driven by differences in 

choice of prey. For example, Gerres subfasciatus, which is known to eat polychaetes and 

crustaceans (Linke et al., 2001), was the fish species with the highest muscle tissue selenium 

concentrations (7.3 ± 2.7 µg/g) while Pomatomus saltatrix, a known piscivore species 

(Harding and Mann, 2001), had muscle tissue selenium concentrations of 3.6 ± 1.0 µg/g. 

These results are not surprising when considering that benthic invertebrates have higher 

selenium concentrations than most fish. Polychaetes in Lake Macquarie had a mean selenium 

concentration of 6.2 ± 1.8 µg/g and their δ13C and δ15N isotopes signatures indicated that they 

have the same food sources as Gerres subfasciatus. Although both fish species are 

carnivores, selenium concentrations have been determined by the difference in selenium 

concentrations of prey species. Identifying food web relationships is thus extremely important 

to understand selenium accumulation patterns of organisms in Lake Macquarie.  

 

3.4.4.2. Habitat and Feeding Zone 

For invertebrates, both habitat and feeding zone were important factors influencing selenium 

concentrations (Figure 3.7). As invertebrates can absorb selenium through their bodies 

directly from pore waters or sediment, benthic invertebrates with close association with 

sediments, had significantly higher selenium concentration than pelagic invertebrates. As 

well, sediment ingestion by invertebrates has been shown to be an important source of metal 
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bioaccumulation (King et al., 2006). The likelihood of species that filter-feeds on particulates 

from the water column to concentrate metals is reduced compared to epibenthic deposit 

feeders (Simpson and King, 2005; Simpson et al., 2005). The results from this study are in 

agreement with these findings, in which benthic dwelling organisms such as polychaetes and 

Soletellina alba had higher mean selenium concentrations (6.2 + 1.5 µg/g and 7.8 + 0.9 µg/g, 

respectively) than zooplankton and Corbula truncata that are filter feeders (2.3 + 0.2 µg/g 

and 2.6 + 0.1 µg/g, respectively).  

The hypothesis that invertebrates are not only bioaccumulating selenium through diet is 

reinforced by δ15N results (Figure 3.7). There was no significant influence of δ
15N on 

selenium concentration and this is very likely to be a consequence of absorption from water 

and sediment as well as sediment ingestion. These results correspond with previous studies 

which have demonstrated a direct transfer of metals from contaminated sediments to marine 

benthic organisms (Griscom et al., 2002; Selck et al., 1998; Wang et al., 1999), even when 

considering the presence of biogeochemical phases such as sulphides and organic carbon, 

which can reduce the bioavailability of metals via pore waters (Chapman et al., 1998). 

Vertebrates, on the other hand, were exposed to selenium mainly via dietary uptake, which 

contributes more to selenium uptake than habitat exposure (Baines et al., 2002; Xu and 

Wang, 2002). This hypothesis was confirmed by the fact that habitat was not an important 

factor in determining selenium concentration in fish, but feeding zone was (Figure 3.8). 

Organisms that feed from benthos had significantly higher mean selenium concentrations (5.1 

+ 2.3 µg/g) than those that were pelagic (2.8 +1.6 µg/g), i.e. feeding from the water column 

(Figure 3.8). Some benthic-feeding carnivorous fish, such as Gerres subfasciatus, clearly 

contained higher mean selenium concentrations (7.3 + 2.7 µg/g) than the pelagic feeders such 

as the carnivorous tailor fish Pomatomus saltatrix (3.7 + 1.0 µg/g). 

The transfer of metals from prey items to fish has also been shown to occur readily (Baines et 

al., 2002; Dallinger et al., 1987; Xu and Wang, 2002). There was a significant relationship 

between trophic position and selenium concentration, with biomagnified selenium in fish 

occurring. This is very likely to be a consequence of diet being the main source of selenium 

for vertebrates.  

The ANCOVA model explains the low R2 and TMF values found for Lake Macquarie food 

webs. It is clear from the ANCOVA results that invertebrates do not obtain selenium only via 



Chapter 3 
 

94 

 

diet; however, fish biomagnified selenium which is certainly a result of diet being the main 

source of selenium. These differences should be taken into account when studying 

biomagnification of selenium in food webs and when comparing biomagnification values 

with other elements, such as mercury. 

 

3.4.5. Seagrass Trophic Transfer 

The high Kd of 4180 (see page 87) found in Lake Macquarie confirms the positive net 

outcome of selenium entering the food chain (Figure 3.10). The higher the Kd, the higher the 

partitioning of selenium into particulate material and consequently more selenium enters the 

food webs. 

In a compilation of Kd values in 52 ecosystems worldwide, Presser and Luoma (2010) 

reported a mean Kd of 3025 (107 to 21500). The Kd of 4180 is above the mean of 3025 found 

by Presser and Luoma (2010) and confirms the potential of Lake Macquarie ecosystem to 

take up selenium via food chains. 

The high Kd, as a result of high selenium concentration in POM and low selenium 

concentration in water, also shows that selenium concentration in waters of Lake Macquarie 

(0.1 µg/L) is very low compared to other sites that also receive inputs from coal-fired power 

stations and from different sources. Luscar Creek in Alberta, Canada for example, had a 

selenium water concentration of 11 µg/L while the San Joaquin River, California, USA had a 

selenium water concentration of 13 µg/L with a Kd of 222 and 360 respectively. These three 

sites are well known for their historical selenium inputs received over many years. Selenium 

discharge into waters of Lake Macquarie is rapidly adsorbed to sediments as confirmed by 

the low water selenium concentration and high selenium concentrations in sediment (refer to 

Chapter 2), but its current selenium contamination, although not evident in water, is reflected 

on EF and TTF  values calculated for the food web.  

These results show that, to assess the ecological risks of selenium in Lake Macquarie, one has 

to consider that selenium concentrations are affected by uptake at the base of the food web, 

dietary exposure, dietary toxicity and transfer through the food web. The direct toxicity of 

waterborne selenium alone which is the basis of most traditional risk assessment and risk 
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management activities tells little, if anything, about ecological risks of exposure to selenium 

in Lake Macquarie.  

With regards to the TTF values measured in Lake Macquarie seagrass ecosystem, the range 

for invertebrates 0.46 to 4.15 (Table 3.3) is very similar to the data compiled in Presser and 

Luoma (2010) (mean 2.8, range 0.6 to 15.8). Fish TTF values of 1.05 to 1.75 are also 

remarkably similar to those reported by Presser and Luoma (2010) (mean 1.1, range 0.5 to 

1.6).   

These results were in part expected as physiological differences in assimilation efficiency and 

the rate constant of loss of selenium from different species results in larger variations in TTFs 

among invertebrates (especially the ones at the second trophic level) than among fish species 

(Schlekat et al., 2004). These results support the concept that, while biogeochemical 

transformation determines the concentration of selenium available to the food web, variability 

in the TTF at the consumer trophic level is influential in determining how much selenium 

different predators will ultimately accumulate. 

 

3.4.6. Human Health Risk  

The Australia New Zealand Food Authority (ANZFA) had, before 2000, a Food Standard 

Code that set maximum levels (MLs) for metal contaminants in food. For selenium, the 

threshold limit was set as 5 µg/g dry mass. ANZFA later determined that many of the current 

MLs were not justified on public health and safety grounds, including selenium. A new code 

was, therefore, developed and the authorities name has changed to Food Standards Australia 

New Zealand (FSANZ, 2013). To bridge the information gap for risk-based assessment for 

selenium in this new code, generally expected levels (GELs) have been introduced for 

selenium to help manufacturers maintain the lowest achievable levels of contaminants in 

food. Unlike MLs, GELs are not legally enforceable, but they provide a benchmark against 

which to measure contaminant levels in food.  

For selenium, the GELs is 0.5 µg/g (wet mass) for crustacean and molluscs and also for fish. 

The 90th percentile is 1 for crustacean and molluscs and 2 for fish. For comparative purposes, 

wet-to-dry mass conversion was applied to the FSANZ GELs values, using a multiplication 

factor of 6.7, which is based on average moisture content in bivalves of 85% (SFEI, 1997) 
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and of 3.3, which is based on average moisture content in fish of 70% (US EPA, 2013). GELs 

dry mass value then become 3.3 µg/g for crustaceans and molluscs, with the 90th percentile 

value of 13.4 µg/g, and 1.65 µg/g for fish, with the 90th percentile value of 6.6 µg/g. 

Based on the GELs values of 13.4 µg/g for crustaceans and molluscs, none of the species 

analysed in this study were above GELs values. Considering the 6.6 µg/g selenium GEL 

value, only one fish species had selenium concentrations above this value, Sillago maculata, 

with a concentration of 6.8 µg/g. 

Although the numbers do not indicate any real human health concern, the most feasible 

conclusion to make here is that Australia needs more studies about risk-dose-response and 

selenium ingestion rates to obtain more realistic values. Taylor and Maher (2012a) found 

sublethal effects caused by selenium concentration of 5 µg/g (dry mass) in the bivalve 

Anadara trapezia, a value below the GELs limits. In addition, it is necessary to develop 

guidelines that ensure limits for the animals themselves and Lake Macquarie would be an 

important study location for selenium given this and other prior studies of the ecosystem and 

selenium uptake in the food web. 

 

3.5. Summary and Conclusions 

 

Lake Macquarie has been contaminated with selenium from three coal-fired power stations. 

The current selenium concentrations in organisms from Lake Macquarie are greater than 

other Australian estuaries, but are currently considerably lower than selenium concentrations 

in organisms in the USA, Canada and elsewhere in the world as a result of relatively low 

selenium concentrations in Australian coal. 

The analysis of stable isotopes δ
13C and δ15N made identification of the food web structures 

and understanding of prey-predators relationship possible so that an Ecosystem-Scale 

Selenium Model could be applied to Lake Macquarie. The model evaluated selenium 

bioavailability and determined the relative importance of different routes of selenium 

accumulation in Lake Macquarie biota. As selenium concentrations in overlying waters are 

low (0.1 µg/L), selenium concentrations measured in organisms examined in this study are 
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the result of dietary uptake of selenium through benthic food chain and associated selenium 

sediment pore water.  

Selenium biomagnification is occurring within the studied Lake Macquarie seagrass 

ecosystem. The minor slipe of the TMF regression equation was most likely influenced by 

the great variability of selenium concentration in invertebrates. As invertebrates can absorb 

selenium directly from waters through their bodies, diet is not their main source of selenium 

and therefore biomagnification does not occur in invertebrates. Either habitat and feeding 

zone were important factors determining selenium bioaccumulation in invertebrates. Fish that 

obtain selenium mainly via diet, had selenium concentrations influenced by feeding zone, but 

not by habitat.  

Selenium biomagnification in food webs is not universal, but in Lake Macquarie water, 

residence time and dissolved and particulate selenium speciation contribute positively to the 

environmental partitioning and bioavailability of selenium. The high Kd of 4180 confirms the 

high potential of selenium partitioning within particulate material and consequently the high 

potential for selenium to enter Lake Macquarie food webs. 

An important issue to be considered in future studies on selenium bioaccumulation and 

biomagnification is consistency in the use of biomagnification factors and statistical analysis. 

This can be achieved by: (1) use of the ecosystem-scale model developed by Presser and 

Luoma (2010) that conceptualises and quantifies the variables that determine how selenium is 

processed from water through diet to predators; (2) the use of TMFs to estimate 

biomagnification of selenium using field measures of both selenium concentrations and 

relative trophic position or level (TL) determined estimated from stable nitrogen isotope 

ratios developed by Fisk et al. (2001a); (3) using regression analysis as a cross-check of 

biomagnification and if weak, consider the application of analysis of co-variance 

(ANCOVA), as demonstrated in this study, integrating habitat and feeding zone of organisms 

as additional factors that might be affecting selenium bioaccumulation in organisms.   

In this study, only one species of fish, Sillago maculate, presented selenium concentrations 

above the FSANZ GEL 90th percentile of 2 µg/g wet mass (6.8 µg/g dry mass). Although 

results indicate the concentrations of selenium in Lake Macquarie organisms are not 

alarming, more studies are needed. A laboratory study with the bivalve Anadara trapezia has 

shown sublethal effects under the GEL value of 13.4 µg/g, confirming the need for a suitable 
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guidelines for selenium in Australian organisms.  There is a need for the development of a 

model integrating laboratory studies and the identification of the food web network for 

Australian ecosystems. This integration would provide information on selenium ingestion 

rates per species and selenium exposure dose and response information. 

The results of this study provide information on network systems of food webs in Lake 

Macquarie and, if integrated with laboratory studies, could generate the first complete study 

of selenium risks to estuarine ecosystems and humans. 
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Chapter 4. Bioaccumulation of Copper, Zinc, Arsenic, 

Cadmium and Lead in Aquatic Food Webs of Lake 

Macquarie 
 

 

 

4.1. Introduction 

 

The fate of various metals, including chromium, nickel, copper, manganese, mercury, 

cadmium, and lead, and metalloids, including arsenic, antimony, and selenium, in the natural 

environment are of concern as, at elevated concentrations, they may cause acute or chronic 

toxicity (Adriano, 1992, 1986). The purpose of this study was to investigate the movements 

and potential of biomagnification of copper, zinc, arsenic, cadmium and lead in organisms of 

seagrass food webs. Also investigated was whether metal concentrations in organisms may 

pose a health risk for human consumption based on FSANZ (2013) guidelines, where they 

exist. In this study, metal is used as a generic term for metals and metaloids. 

Metals are naturally occurring constituents in the environment and vary in concentrations 

across geographic regions (Pan and Wang, 2012). Anthropogenic disturbances, however, can 

increase the input of these elements to the environment resulting in pottentially toxic levels. 

Once in the environment, unlike organic contaminants which can be degraded to less harmful 

components by biological or chemical processes, metals are non-degradable contaminants 

(Pan and Wang, 2012). Consequently, they can be accumulated in sediments, be released 

from sediments, acting as a source to overlying water and can be accumulated in tissues of 

biota causing changes in their physiological and metabolic processes (Giesy, 1988).  

Aquatic biota take up and accumulate metals whether essential or not, all of which have the 

potential to cause toxic effects (Rainbow, 2007). Metals are important elements in the 

biogeochemistry of aquatic ecosystems as many are required micronutrients for plant and 

animal life (e.g. zinc, copper, manganese, chromium, nickel, vanadium, Figure 4.1) (Bohn et 

al., 2001). At very low concentrations, organisms may show deficiencies of certain metals 
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(Simkiss and Taylor, 1994; Spiegel, 2002) while at elevated concentrations, some metals may 

be toxic (e.g. lead, cadmium and mercury). Indeed, many metals, e.g. iron, zinc, copper, 

selenium, are required by organisms at small concentrations but can have deleterious effects 

at high concentrations (Driscoll et al., 1994) (Figure 4.1). It has been suggested that arsenic is 

an essential nutrient (US EPA, 2001; Uthus, 2003, 1992), however, the EPA arsenic science 

advisory panel determined that arsenic essentiality is in “need of further research” (US EPA, 

2007). Based on the controversies and lack of information about this issue, arsenic is treated 

in this chapter as a toxic element, to biota and humans.  

 

Figure 4.1. Periodic table showing those elements required for plant and/or animal life, and 
those which can be toxic. Some elements are nutrients at low concentrations and toxic at high 
concentrations. A division between metals and non-metals is given. Adapted from Driscoll et 
al. (1994). 

The effects of metal contamination on local environments and organisms can be substantial 

and long lasting in spite of years of restoration efforts (Pan and Wang, 2012). More 

importantly, toxic metals can be taken up by marine organisms, entering food chains and 

potentially transferred to the upper trophic levels, which can eventually lead to adverse 

effects on humans due to the consumption of contaminated seafood (Spiegel, 2002; Wang, 

2002). This mechanism of biomagnification, is caused by a higher retention time of toxic 

substances than of the general food components in the organisms (Barwick and Maher, 
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2003). It is not clear which metals can biomagnify up food chains with many inconsistencies 

in the literature. Mercury and selenium are currently the only elements where there is 

agreement among studies that biomagnification occurs (Biddinger and Gloss, 1984; Bowles 

et al., 2001; Chumchal et al., 2011; Kidd et al., 1995; Schneider et al., 2013; Thomé-Souza et 

al., 2004). Some studies have reported biomagnification of cadmium, chromium, copper, 

manganese, iron, lead and zinc (Barwick and Maher, 2003; Croteau et al., 2005; Patrick and 

Loutit, 1976) while other studies have reported that biomagnification does not occur for these 

elements (Amiard et al., 1980; Bargagli, 1993; Liu et al., 1987; Metayer et al., 1980; Mikac et 

al., 2001; Ward et al., 1986). 

Bioaccumulation and biomagnification of a contaminant up a food web can be elucidated by 

establishing the trophic chain network in a given food web system before assessing levels of 

contamination. Carbon and nitrogen isotope ratios have been used to determine trophic 

position and trophic-level increase in the concentrations of elements in marine and coastal 

food webs (Atwell et al., 1998; Cabana and Rasmussen, 1994; Ikemoto et al., 2008; Kidd et 

al., 1995). In general, the nitrogen stable isotope ratio (δ
15N) is about 3-5 ‰ higher on 

average in a predator than in its prey (Minagawa and Wada, 1984). Thus, δ
15N can be used to 

estimate the trophic positions of organisms in a food web. Carbon stable isotope ratios (δ
13C) 

are used to identify dietary carbon sources in food webs (DeNiro and Epstein, 1978; Peterson 

and Fry, 1987) as the isotope ratio only increases slightly with increasing trophic level (< 1‰ 

per trophic level). For this reason, using δ
15N and δ13C isotope ratios together enables 

estimation of food web connections and the biomagnification profiles of elements in a given 

ecosystem.  

The problem of bioaccumulation and biomagnification of metals in food webs has been of 

particular concern in coastal areas where industrial and urban activities have placed 

increasing pressures on estuarine ecosystems over the past decades because of increased 

human activities (Beneditto et al., 2011; Pan and Wang, 2012). In addition, the problem 

becomes of greater concern when considering that estuarine areas are among the most 

important locations for marine life because they are very productive biologically and function 

as nurseries for fish and other animals (Beneditto et al., 2012). The input of toxic chemicals 

into these areas from various sources can result in deleterious effects on habitats, degradation 

of ecosystems, and possible poisoning of humans (Fung et al., 2004; Morton and Blackmore, 

2001).  
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Lake Macquarie, an estuarine lake on the east coast of Australia, is known to have a history 

of metal contamination as a result of excessive amounts of inorganic contaminants generated 

by a lead-zinc smelter, a fertiliser plant, steel foundry, collieries, sewage treatment works and 

two coal-fired power stations commissioned in 1976 and 1977. As a result, Lake Macquarie 

has significantly higher concentrations of metals in its sediment in comparison to other 

Australian estuaries. Sediments act as a local sink for contaminants, which may increase the 

contaminant exposure for sediment-associated biota that indiscriminately ingest sediment 

particles while foraging (Batley, 1987; Kirby et al., 2000a, b; Peters et al.. 1999a,1999b; Roy 

and Crawford, 1984). This area deserves special attention as it is a vital breeding and feeding 

grounds for many birds, fishes, shrimps and larvae of several animals and is home to large 

numbers of organisms (Bianchi, 2013). 

A previous study by Barwick and Maher (2003) investigated the biomagnification of metals 

in organisms of Lake Macquarie, however, their food web structure was estimated using the 

ecological niches of the biota. No study has yet established the food web structure of 

organisms in Lake Macquarie using δ13C and δ15N isotope analyses. Additionally, no 

previous study has considered habitat and feeding zones as possible factors influencing metal 

bioaccumulation in organisms of food webs, an important step toward understanding to what 

extent sediments influence metal uptake in food chains. This study has therefore sought to 

address three main objectives. First, organisms of Lake Macquarie were classified by trophic 

level and δ15N isotope values and regressed with essential metal concentration (copper and 

zinc) and non-essential metals (cadmium, lead and arsenic) to test the hypothesis that metal 

concentrations are biomagnified up food chains. Second, organisms were classified according 

to their habitat and feeding zone in order to test the hypothesis that metal concentrations are 

influenced by where organisms live and feed. Third, metal concentration in organisms of 

different food web groups were ranked by food web groups to recognize similarities and 

differences in metal bioaccumulation in different feeding groups and species. 

 

4.2. Material and Methods 

4.2.1. Study Location 

Study location is described in chapter 3 section 3.2.1. Samples were collected near Morisset, 

in the south-western end of Lake Macquarie (Figure 4.2). This site was chosen based on a 
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pilot study that measured metal concentrations in lake sediments. This site was found to be 

the sediment hot spot for selenium, arsenic and cadmium in this study (Appendix 1.3 to 1.5). 

 

Figure 4.2. Lake Macquarie, NSW, Australia. The black circle represents the biota collection 
site. Xs in the southern portion of the Lake refers to the location of the ash dams of Eraring 
and Vales Point Power Stations. X in the northern area of the Lake refers to the location of 
Pasminco smelter and Incitec Pivot Fertiliser Plant. 

 

4.2.2. Sample Collection 

In order to collect a full suite of organisms, samples were collected on two different field 

trips: the first trip occurred on September 5-8, 2011 during spring, and the second collection 

occurred on February 21-25, 2012, during summer.  

A variety of species were collected (with n=10 replicas if possible) in order to obtain 

representatives of each trophic level of the seagrass food web of Lake Macquarie, from both 

benthic and pelagic habitats: 
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- Autotrophs: Particulate organic matter (plankton, detritus, benthic microalgae, 

epiphytes), macroalgae, sea grasses and mangrove trees.  

- Herbivores-suspension feeders: bivalves and gastropods. 

- Detritivores-omnivores: amphipods, bivalves, crabs, yabbies, polychaetes and fish. 

- Carnivores: fish 

The methods used to collect organisms autotrophs, invertebrates and vertebrates were as 

described previously in chapter 3. 

 

4.2.3. Analytical Methods 

4.2.3.1. Metals analysis 

All samples were placed in a cooler and transported back to the laboratory. They were then 

washed with deionised water, to remove any particulate matter that may have adhered to 

samples. Molluscs were removed from shells and about 3 cm3 of muscle removed from fish. 

All samples (autotrophs, invertebrates and fish) were freeze-dried at -80º C for 48 hours 

(Labconco FreeZone plus 6) and ground to a fine powder with an Ika A11 Basic Analytical 

Mill. Ground samples were placed into sterile 30 mL screw-cap vials and stored in a 

desiccator prior to analysis. 

Approximately 0.07 g of freeze-dried material was weighed into a 7 mL polytetrafluroacetate 

(PFA) closed digestion vessel and 1 mL of concentrated nitric acid (Aristar, BDH, Australia) 

added. Each 7 mL PFA vessel was then capped and tightened to 2.3 Nm, and placed into 

larger 120 ml screw top pressure vessels, tightened to 16.3 Nm. A model MDS-81 (CEM, 

Indian Trail, NC, USA) microwave oven rated at 600 W was used for all digestions, with the 

microwave procedure consisting of three steps: 2 min at 600 W, 2 min at 0 W; and 45 min at 

450 W (Baldwin et al., 1994). After digestion, the 7 ml PFA vessels were allowed to cool at 

room temperature for 20 mins, and then diluted to 10 mL with de-ionised water. Digests were 

stored in labelled polyethylene vials in a cool room (5 º C) until analysis. 

Samples were analysed for copper, zinc, arsenic, cadmium and lead using a Perkin-Elmer 

inductively coupled plasma mass spectrometer (ICP-MS DRC-e) with an AS-90 auto-
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sampler. These five elements were chosen because they were present in high concentrations 

due to industrialization developed in the lake’s shore. 

The Certified Reference Materials (CRMs) NIST 1566a Oyster Tissue, NIES No.9 

Sargassum, CCRM DORM Dogfish Muscle No.2, AGAL Tissue No. 3 Prawn, NIST 2976 

mussel tissue, BCR 278R mussel tissue, BCR 279 sea lettuce, BCR402 white clover, NIST 

1515 apple leaves and IAEA 407 fish tissue were used as a controls to check the quality and 

traceability of selenium. Recoveries of metals were in agreement with certified values 

(Appendix 2.1). 

The analytical techniques to separate benthic macro algae (BMA) from sediment and analysis 

of δ13C and δ15N isotopes are as described in chapter 3. 

 

4.2.3.2. Classification of Samples to Trophic Groups, Habitat and Feeding 

Zones 

Animals were classified by trophic position, habitat, based on their association with substrate 

(benthic) or whether they live in the water column (pelagic) and feeding zone, that is, 

whether an organism eats from the benthos or from the water column (Table 4.2).  

Carbon and nitrogen isotope results and stomach contents reported in the literature for 

invertebrates and fish species were used to classify organisms to appropriate trophic levels 

(Table 4.2, Appendix 2.2). 

 

4.2.3.3. Statistical Analysis 

In order to use parametric tests, the assumptions of normality and homogeneity of variances 

were checked by examining plots of residuals. If the residuals were found to be non-normal, 

data were ln (x) transformed and then parametric tests used. Some samples had a metal 

concentration below detection limit (BDL); in these case, their concentrations were set to 

zero and and all concentrations were subsequently (x + 0.04) transformed. 

A one-way ANOVA was used to test if there was significant difference of log-transformed 

data for metal concentration per trophic levels (autotrophs, herbivores-suspension feeders, 
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detritivores and carnivores). A post-hoc Tukey-HSD test was then performed to identify 

trophic groups in which metal concentrations differed significantly (p < 0.05).  

A linear regression model was used to determine the relationship between δ
15N and log-

transformed metal concentrations and check for biomagnification of metals. It also tested the 

null hypothesis that essential metals would have same relationship with δ
15N than non-

essential metals as a reflect of same degree of homeostatic control. Prior to regressing metal 

concentration versus δ15N, the energy flow between food web organisms as checked and any 

organism that do not rely on others was removed prior to running regressions (Borgå et al., 

2012; Wyn et al., 2009).  

In order to check if habitat and feeding zone influences metal bioaccumulation, an ANCOVA 

was performed for each metal using the logarithm of metal concentration as the dependent 

variable, habitat and feeding zone as predictor variables and δ
15N as the continuous covariate. 

All five ANCOVA assumptions were checked prior to analysis:  the normality of residuals, 

homogeneity of variances, homogeneity of regression slopes, linearity of regression and 

independence of error terms. When the third assumption, concerning the homogeneity of 

different treatment regression slopes could not be met and the main effects interaction was 

significant, a regression of covariate against the dependent variable was run for each of the 

habitat/feeding zone categories independently to check whether the covariate effect was 

significant. 

The multivariate principal component analysis (PCA) technique was applied to the metal 

concentration data, in order to explore the similarity of biota species according to their metal 

concentrations. Four PCA were performed, one considering all the food web groups sampled 

for an overall view, and the other three considering each group separately: autotrophs, 

invertebrates and vertebrates.  

Data were analysed using the statistical package R (R Core Team, 2011) with p ≤ 0.05 as the 

level of statistical significance. 
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4.3. Results 

4.3.1. Nitrogen and Carbon Stable Isotopes 

Carbon and nitrogen isotopes, in this study (Table 4.1 and 4.2), were in good agreement with 

feeding items reported in the literature (Appendix 2.2). The δ
13C and δ15N isotopic ratios 

(Table 4.1 and per individual in Appendix 2.5) revealed three main sources of food: (1) 

particulate organic matter (POM) and benthic microalgae (BMA) (2) detritus and associated 

microorganisms and (3) seagrass (Figure 4.3).  

Most consumers had δ13C values that ranged between the δ
13C values of BMA, POM and sea 

grasses, suggesting that they fed on a mix of these sources. The gastropods Bembicium 

auratum, Batillaria australis and Nerita sp. were relatively enriched (-14 ± 0.3, -15. ± 0.7 

and -15 ± 0.9 δ13C respectively). Ostrea angasi, Anadara trapezia, and polychaetes occupied 

intermediate values (-19 ± 0.2, -19 ± 0.3 and -19 ± 3.3 δ
13C respectively). For polychaetes, 

one individual had a depleted value of -30.4, which may be result of the presence of bacteria 

which occurred during sample storage and may have depleted the δ
13C values. Paphia 

undulata, the Achidae and Corbula truncata were also relatively depleted (-23 ± 0.4, -23 ± 

1.8, -22 ± 0.3 δ13C respectively). The fish species had a narrower range of δ
13C values (-17.7 

to -13.3), indicating they obtain their carbon from sea grass components and detritus.  

δ
15N values per trophic level are presented in Table 4.1. All values increased from primary 

producer (BMA) toward the top carnivore, represented here by the fish Pomatomus saltatrix. 

The enrichment of δ15N from primary producers to carnivores was 8.8‰, with an average 

increment of 2.93 ‰ from one trophic group to another. 

Table 4.1. δ15N values per trophic level and increments up the seagrass food chain of Lake 
Macquarie. 

Trophic Level δ
15N min.  δ

15N max. Average Increment 
Autotrophs 1.10 5.14 3.12 0.00 
Herbivore-Suspension feeders 4.54 6.96 5.75 2.63 
Detritivores 4.73 11.25 7.99 2.24 
Carnivore 10.23 13.60 11.92 3.93 
Average increment       2.93 

 

δ
15N values of vertebrates were enriched in relation to the invertebrates (invertebrates = 6 ± 

1.2 and vertebrates = 11 ± 1.3). Hyporhamphus regularis which usually feeds on sea grass, 
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was the most δ15N depleted fish species (8.9 ± 0.6) while Tailor (Pomatomus saltatrix) was 

the most δ15N enriched fish species (13.6 ± 0.3).  

More detail on δ13C and δ15N is given in Chapter3. 

 
Figure 4.3. Lake Macquarie seagrass food web based on carbon and nitrogen isotope analysis. 
Dashed lines identify carbon sources: benthic micro algae (BMA) and particulate organic 
matter (POM), detritus and seagrasses. Dashed lines indicate subjectively-identified general 
boundaries of carbon sources based on δ13C signal. 

 

4.3.2. Metal Concentrations 

A total of 42 species were collected: combined benthic macro algae species, eight macro 

algae species, three plants, 18 invertebrates and 12 fish species (Table 4.2). Fish were 

collected in juvenile sizes; mean size is reported in Appendix 2.3 and individual size reported 

in Appendix 2.5. 

The mean concentrations and standard deviations of metals in detritus and organisms are 

given in Table 4.3. 
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Table 4.2. δ15N  and δ13C and trophic level of species from food web sampled in Morisset Bay, Lake Macquarie. 

Common Name Scientific Name n TLa Habitat Feeding 
Zone 

Mean δ15N + SD 
(min. – max.) 

‰ 

Mean δ13C + SD 
(min. – max.) 

‰ 
Detritus NI *  _ - - 3.4 -16 
POM NI *   - - 0.6 -23.2 
Autotrophs        
BMA NI *  0.3 - - 1.1 -23.1 
Brown algae Cystpseira trinodis 5 _ - - _ _ 
Epiphytes NI 6 1.4 - - 4.7 + 0.8 (3.7 - 5.4) -14.9 + 3.2 (-17.2 – -9.2) 
Gracilaria Gracilaria sp 6 _ - - _ _ 
Red algae Laurencia sp. 10 _ - - _ _ 
Sargassum Sargassum sp. 12 1.5 - - 5.1 + 0.9 (3.8 - 6.4) -16.6 + 1.8 (-20.4 – -14.6) 
Spaghetti algae Chaetomorpha sp. 6 _ - - _ _ 
Valley Microdictyon umbilicatum 5 _ - - _ _ 
Halophila sp. Halophila sp. 15 0.5 - - 1.9 + 0.0 (1.8 – 1.9) -13.8 + 0.1 (-13.8 – -13.7) 
Grey mangrove Avicennia marina 10 1.4 - - 4.7 + 5.0 (4.8 – 5.3) -27.1 + 0.1 (-28.5 – -28.3) 
Zostera Zostera capricornii 12 1.0 - - 3.7 + 1.3 (1.5 – 5.1) -10.0 + 10.0 (-11.0 – -8.1) 
Plankton NI *  1.4 Pelagic Water 4.8 + 0.3 ( 4.6 – 5.0) -22.6 + 0.7 (-23.1 – -22.1) 
Herbivores-Suspension Feeders       
Common snail Nerita sp. 2 1.8 Benthic Benthos 6.4 + 1.2 (5.6 – 7.3) -15.4 + 0.9 (-16.4 – -14.7) 
Grazing snail Bembicium auratum 10 1.7 Benthic Benthos 6.0 + 0.3 (5.5 – 6.4) -13.9 + 0.3 (-14.5 – -13.7) 
Basket shell Corbula truncata 7 1.3 Benthic Water 4.5 + 0.0 (4.3 – 4.7) -22.4 + 0.3 (-22.8 – -21.9) 
Hairy mussels Trichomya hirsuta 10 1.3 Benthic Water 4.6 + 0.7 (3.7 – 5.6) -20.4 + 1.0 (-21.4 – -18.6) 
Southern mud oyster Ostrea angasi 7 2.0 Benthic Water 7.0 + 0.2 (6.6 – 7.3) -19.1 + 0.2 (-19.3 – -18.7) 
Sydney cockle Anadara trapezia 3 2 Benthic Water 6.9 + 0.4 (6.5 – 7.2) -19.3 + 0.3 (-19.6 – -19.0) 
Sydney rock oyster Saccostrea glomerata 18 1.9 Benthic Water 6.6 + 0.5 (5.8 – 7.5) -21.2 + 1.3 (-22.8 – -18.2) 
Detritivores         
Amphipods NI *  2.10 Pelagic Water 7.2 + 0.2 (6.9 – 7.3) -17.5 + 1.0 (- 19.0 – -16.7) 
Achidae NI 7 1.4 Benthic Benthos 4.7 + 0.3 (4.2 – 5.0) -22.3 + 1.8 (-23.5 – -18.5) 
 Helograpsus haswellianus 11 1.9 Benthic Water 6.6 + 0.8 (5.4 – 7.7) -16.3 + 0.9 (-19.0 – -15.4) 



Chapter 4 
 

110 

 

        

Common Name Scientific Name n TLa Habitat Feeding 
Zone 

Mean δ15N + SD 
(min. – max.) 

‰ 

Mean δ13C + SD 
(min. – max.) 

‰ 
Polychaete NI 23 2.0 Benthic Benthos 6.9 + 1.2 (4.9 – 9.4) -18.6 + 3.3 (-30.4 – -15.0) 
Short necked clams Paphia undulata 2 1.4 Benthic Water 5.0 + 0.2 (4.9-5.1) -23.0 + 0.4 (-23.3 – -22.7) 
Small mud whelk Batillaria australis 10 1.4 Benthic Benthos 4.8 + 0.2 (4.5 – 4.9) -15.0 + 0.7 (-15.7 – -14.2) 
White sunset-shell Soletellina alba 10 1.4 Benthic Benthos 4.7 + 0.3 (4.1 – 5.1) -19.0 + 0.2 (-19.9 – -19.2) 
Yabbie Trypaea austaliensis 6 2.1 Benthic Benthos 7.3 + 0.1 (7.1 – 7.4) -17.3 + 0.7 (-17.8 – -16.3) 
Garfish Hyporhamphus regularis 10 2.6 Pelagic Water 8.9 + 0.6 (8.3 – 10.4) -13.3 + 0.9 (-14.5 – -11.7) 
Common silver belly Gerres subfasciatus 10 3.3 Pelagic Benthos 11.2 + 0.6 (10.4 – 12.2) -15.1 + 0.9 (-16.4 – -13.6) 
Fan-belly leader jacket Monacanthus chinensis 8 2.7 Pelagic Benthos 9.1 + 0.4 (8.7 – 9.8) -15.3 + 1.2 (-17.1– -14.1) 
Flathead mullet Mugil cephalus 10 3.0 Pelagic Benthos 10.4 + 1.3 (8.6 – 12.9) -16.7 + 2.5 (-19.5– -12.0) 
Luderick Girella tricuspidata 5 2.9 Pelagic Benthos 9.9 + 0.9 (8.9 – 11) -15.7 + 1.8 (-17.8 – -13.5) 
Tarwhine Rhabdosargus sarba 5 2.9 Pelagic Benthos 10.1 + 0.1 (9.8 – 10.2) -14.8 + 1.4 (-15.6– -12.3) 
Three-bar porcupine fish Dicotylichthys punctulatus 2 3.2 Benthic Benthos 11.0 + 1.5 (10.0 – 12.1) -14.1 + 0.1 (-14.0– -14.2) 
Carnivores        
Eastern striped 
trumpeter 

Pelates sexlineatus 10 3.0 Benthic Benthos 10.2 + 0.8 (9.1 – 11.4) -14.7 + 0.7 (-15.7– -13.5) 

Long tom Tylosurus gavialoides 1 3.7 Pelagic Water 12.8 -15.5 
Sand whiting Sillago ciliata 4 3.2 Benthic Benthos 11.1 + 0.3 (10.8-11.4) -14.1 + 1.0 (-15.0– -12.7) 
Tailor Pomatomus saltatrix 2 4.0 Pelagic Water 13.6 + 0.3 (13.4 – 13.8) -17.7 + 0.1 (-17.8– -17.7) 
Trumpeter whiting Sillago maculata 10 _ Benthic Benthos _ _ 

             a Trophic level: determined relative to BMA as the baseline, as described in equation 1 in methods; *  Composite samples. 
         POM: particulate organic matter; BMA: benthic microalgae; NI: not identified  to species level. 
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Table 4.3. Species, number of samples (n) and metal concentrations (µg/g dry mass) from a seagrass food web of Lake Macquarie, Australia. 
Common Name Scientific Name n Cu Zn As Cd Pb 

Source  
      

Detritus NI * 13 ± 1.1 (11 - 14) 69 ± 5.8 (62 - 79) 8 + 5 (3 - 14) 2.2 ± 0.4 (2 - 3) 5 ± 1.4 (3 - 7) 
Autotrophs 

       
Benthic microalgae NI * 3.3 9.6 0.5 0.3 2.1 
Brown algae Cystpseira trinodis 5 5 ± 1.7 (5 - 9) 42 ± 14 (35 - 69) 21.2 ± 14 (6.5-40.2) 1.6 ± 0.5 (1 - 2) 0.6 ± 0.8 (0.1 - 0.2) 

Epiphytes NI * 10 ± 1.7 (8 - 13) 58 ± 9 (45 - 70) 4 ± 0.6 (3.2 – 4.8) 0.8 ± 0.2 (0.6 - 1) 0.7 ± 0.2 (0.5 - 1) 
Gracilaria Gracilaria sp. 6 7 ± 9.9 (3 - 27) 55 ± 13 (42 - 68) 10 ± 6 (5 - 16) 1.1 ± 0.1 (1 - 1) 1.1 ± 0.1 (0.6 - 2) 
Red algae Laurencia sp. 10 6 ± 0.3 (5 - 6) 45 ± 5 (39 - 53) 12 ± 3 (7 - 17) 0.6 ± 1 (0.4 - 1) 0.7 ± 0.6 (0.1 - 2) 
Sargassum Sargassum sp. 12 7 ± 3.7 (5 - 18) 51 ± 6.8 (41 - 59) 19 ± 8 (7 - 27) 1.9 ± 0.3 (1 - 2) 0.7 ± 0.5 (BDL - 2) 
Spaghetti algae Chaetomorpha sp. 6 6 ± 2.4 (1 - 7) 72 ± 30.4 (14 - 101) 4 ± 2 (0.9 - 6) 1.4 ± 0.5 (0.5 - 2) 2 ± 1 (BDL - 3) 
Velley Microdictyon umbilicatum 5 13 ± 0.1 (13 - 13) 67 ± 1.4 (65 - 69) 5 ± 0.2 (4.8 - 5.4) 0.7 + 0  3.7 ± 0.3 (3 - 4) 
Halophila Halophila sp. 15 12 ± 2.6 (9 - 16) 93 ± 16.1 (70 - 119) 3 ± 0.8 (2 - 5) 1.4 ± 0.1 (1 - 2) 9.5 ± 1.5 (7 - 12) 
Grey mangrove Avicennia marina 10 9 ± 3.9 (7 - 19) 41 ± 28.7 (28 - 122) 1 ± 0.5 (1 - 2) 0.8 ± 2 (0.3 - 6) 0.4 ± 0.8 (BDL - 3) 
Zostera Zostera capricorni 12 10 ± 3.3 (1 - 14) 81 ± 36.2 (0.6 - 112) 2 ± 0.8 (0.1 - 3) 3.7 ± 2 (BDL - 5) 2.3 ± 1 (BDL - 4) 

Herbivores / suspension feeders     
Basket shell Corbula truncata 7 15 ± 6 (6 - 25) 52± 8.6 (37 - 61) 9 ± 1.7 (7 - 11) 1.9 ± 0.8 (0.4 – 3) 3.7 ± 2 (1.6 – 7.6) 
Grazing snail Bembicium auratum 10 128 ± 45 (88 - 205) 49 ± 14.5 (30 - 72) 18 ± 4.9 (11 - 28) 4.7 ± 2 (2 - 7) 0.5 ± 0.4 (BDL - 1) 
Hairy mussel Trichomya hirsuta 10 11 ± 5.5 (5 - 22) 79 ± 49.5 (36 - 169) 16 ± 15.5 (7 - 49) 8.6 ± 9 (2 - 29) 0.7 ± 0.7 (BDL - 3) 
Plankton NI * 21 1541.7 13 2 1.3 
Southern mud oyster Ostrea angasi 7 4 ± 2.2 (0.4 - 8) 5590 ± 3380( 374 - 10800) 16 ± 6.7 (3 - 24) 129.4 ± 90 (23- 268) 1 ± 0.5 (0.1 - 2) 
Sydney cockle Anadara trapezia 3 11 ± 4.8 (8 - 16) 94 ± 12 (83 - 106) 15 ± 1.3 (13 - 16) 13.9 ± 3 (11 - 17) 3.8 ± 3 (2 - 7) 
Sydney rock oyster Saccostrea glomerata 18 313 ± 123 (64 - 570) 3360 ± 1760 (628 - 7680) 10 ± 2.7 (3 - 14) 11.2 ± 3 (3 - 18) 0.6 ± 0.3 (1 – 1) 
Detritivores 

       
Achidae NI 7 18 ± 2.8 (3 - 57) 67 ± 33 (12 - 116) 16 ± 9.6 (3 - 34) 1.5 ± 0.7 (0.3 - 2300) 1.7 ± 0.8 (0.8 - 3) 
Amphipods NI 5 39 ± 2.8 (36 - 42) 72 ± 5 (66 - 77) 5 ± 0.8 (4.5 – 6.5) 1.2 ± 0.1 (1.1-1.4) 2.4 ± 0.3 (2 - 3) 
Common snail Nerita sp. 3 32 ± 29.6 (2 - 64) 43 ± 49 (9 - 99) 17 ± 16.3 (BDL -48) 1.9 ± 0.6 (1.9 – 2.0) 1.8 ± 0.5 (1.4 – 2.4) 
Grapsid crab Helograpsus haswellianus 11 45 ± 19.5 (30 - 99) 72 ± 24 (48 - 131) 8 ± 5.5 (5 - 24) 0.4 ± 0.2 (0.2 - 0.9) 1 ± 0.9 (0.2 - 3) 
Greasyback prawn Metapenaeus insolitus 2 35 ± 18.8 (22 - 48) 75 ± 15 (63 - 88) 11 ± 1.5 (10 - 12) 0.7 ± 0.4 (0.4 - 1) 4.3 ± 2 (3 - 6) 
Polychaete Polychaete 23 43 ± 36.9 (4 - 177) 115 + 61 (52 - 265) 50 ± 29.1 (2-100) 2.5 ± 2 (0.2 - 9) 5.8 ± 5 (2 - 22) 
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Common Name Scientific Name n Cu Zn As Cd Pb 
Short necked clams Paphia undulata 2 6.5 ± 0.7 (6 - 7) 67 ± 6 ( 63 - 71) 9 ± 0.6 (9 - 10) 2.9 ± 0.6 (2 - 3) 2.3 ± 0.5 (2 - 3) 
Small mud whelk Batillaria australis 10 91 ± 35.4 (40 - 158) 147 ± 148 (28 - 414) 11 ± 2.3 (7 - 13) 5.2 ± 4.3 (1 - 14) 0.7 ± 0.2 (0.4 - 0.9) 
White sunset-shell Soletellina alba 10 124 ± 77 (59 – 304) 390 ± 170 (201 - 697) 16 ± 2.7 (13 - 22) 3 ± 1.1 (2 - 5) 8.5 ± 2 (5.0 - 12) 
Yabbie Trypaea australiensis 6 99 ± 40.8 (26 - 139) 70 ± 12 (60 - 93) 8 ± 2.5 (6 - 12) 1.6 ± 0.9 ( 0.8 - 3) 1.3 ± 2 (BDL - 5) 
Common silver belly Gerres subfasciatus 10 0.1 ± 0.4 (BDL - 1400) 1731 ± 44 (112 - 225) 15 ± 8.0 (6 - 26) 0.1 ± 0.1 (BDL - 0.1) 0.1 ± 0.1 (BDL - 0.2) 
Fan-belly leader jacket Monacanthus chinensis 8 1.3 ± 0.5 (0.8 - 2) 23 ± 8 (8 - 34) 19 ± 5 (12 - 89) BDL 0.1 ± 0.1 (BDL - 0.4) 
Flathead mullet Mugil cephalus 

 
4.1 ± 1.5 (2 - 6) 92 ± 18 (68 - 119) 6 ± 1.6 (4 - 10) BDL BDL 

Garfish Hyporhamphus regularis 10 1.5 ± 0.4 (1 - 2) 121 ± 32 (85 - 188) 2 ± 2 (BDL - 5) BDL BDL 
Luderick Girella tricuspidata 5 BDL 38 ± 8 (30 - 51) 1 ± 1 (BDL - 2) BDL BDL 
Tarwhine Rhabdosargus sarba 5 1 ± 0.4 (0.5 - 1) 22 ± 2 (19 - 25) 18 ± 10.6 (19 - 25) BDL BDL 
Carnivores 

       
Eastern striped trumpeter Pelates sexlineatus 10 2.0 ± 0.8 (1 - 4) 77 ± 12 (57 - 106) 4 ± 0.9 (3 - 6) 0.1 ± 0.2 (BDL - 0.5) 0.1 ± 0.1 (BDL - 0.1) 
Long tom Tylosurus gavialoides 1 1.2 57 1.1 BDL BDL 
Sand whiting Sillago ciliata 4 0.3 ± 0.3 (0.1 - 0.7) 30 ± 10 (20 - 39) 26 ± 8.5 (14 - 34) BDL BDL 
Tailor Pomatomus saltatrix 2 0.8 ± 0.1 (0.7 - 0.8) 28 ± 2 (27 - 30) 4 ± 3 (1 - 5) BDL BDL 
Three-bar porcupine fish  Dicotylichthys punctulatus 2 1 ± 0.1(1 - 1) 322 ± 115 (159 - 322) 2 ± 1.7 (0.7 - 3) BDL 0.2 ± 0.3 (BDL - 0.4) 
Trumpeter whiting Sillago maculata 10 1 ± 1.1 (0 - 4) 58 ± 58 (36 - 107) 14 ± 4.9 (7 - 22) BDL BDL 
      a

 Trophic level: determined relative to BMA as the baseline, as described in equation 1 in methods; *  Composite samples. 

    POM: particulate organic matter; BMA: benthic microalgae; NI: not identified to species level. 
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4.3.2.1. Copper 

Of the 311 samples collected, copper concentrations ranged from below the detection limit of 

0.01 µg/g in fish species to 571 µg/g in the oyster Saccostrea glomerata, with a mean of 43 

µg/g (Table 4.3, Appendix 2.5). 

ANOVA showed significant differences in log-transformed copper concentrations between 

trophic levels (F3,252 = 17.75; p < 0.001). Tukey-HSD test (α = 0.05; 95% CI) revealed that all 

pairwise differences were significant (p < 0.05) except for copper concentrations between 

autotrophs and detritivores (p > 0.05) (Figure 4.4, Appendix 3.1).  

 

4.3.2.2. Zinc 

 Zinc concentrations ranged from 0.6 µg/g in the seagrass Zostera sp. to 10800 µg/g in the 

oyster Ostrea angasi, with a mean of 429 µg/g (Table 4.3, Appendix 2.5).  

ANOVA showed significant differences in log-transformed zinc concentrations between 

trophic levels (F3,252 = 22.25; p = 0). Tukey-HSD test (α = 0.05; 95% CI) revealed that zinc 

concentrations in herbivores-suspension feeders was significantly different (p < 0.05) than all 

the others groups (Figure 4.4; Appendix 3.1).  

 

4.3.2.3. Arsenic 

Arsenic concentrations ranged from < 0.01 µg/ g in fish Girella tricuspidata and 

Hyporhamphus regularis to 100 µg/g in polychaete, with a mean of 13.2 µg/g). In this study, 

arsenic concentrations in polychaetes were notably high, with a mean of 61 µg/g (Table 4.3, 

Appendix 2.5). 

ANOVA showed significant differences in log-transformed arsenic concentrations between 

trophic levels (F3,252 = 10.38; p < 0). The Tukey-HSD test (α = 0.05; 95% CI) revealed that 

arsenic concentration is significantly different (< 0.05) only between autotrophs and 

herbivores-suspension feeders and autotrophs and detritivores (Figure 4.4, Appendix 3.1). 
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4.3.2.4. Cadmium  

Cadmium concentrations ranged from BDL for all fish species to 268 µg/g in the oyster 

Ostrea angasi, with a mean of 5.3 µg/g (Appendix 2.5, Table 4.3).  

ANOVA showed significant differences in log-transformed cadmium concentrations between 

trophic levels (F3,252 = 73.15; p = 0) . The Tukey-HSD test (α = 0.05; 95% CI) revealed that 

cadmium concentrations was significantly different (p < 0.05) between all groups (Figure 4.4, 

Appendix 3.1). 

 

Figure 4.4. Box plots showing copper, zinc, arsenic, cadmium and lead concentrations (µg/g 
dry mass) in organisms group of a seagrass ecosystem in Lake Macquarie. Bar whiskers show 
the 10th and 90th percentiles, the box shows the 25th and 75th percentiles and the solid line in 
the box shows the median metal concentration for each taxonomic group. The open circles 
indicate values that are more extreme than 1.5 interquartile range. Letters shared in common 
between or among the groups indicate no significant difference. Please note the ln scale in the 
Y axes. 
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4.3.2.5. Lead 

Lead concentrations ranged from BDL for most fish species to 21.2 in polychaetes, with a 

mean concentration of 2 µg/g (Table 4.3, Appendix 2.5).  

ANOVA showed a significant differences in log-transformed lead concentration between 

trophic levels (F3,252 = 18; p = 0) . The Tukey-HSD test (α = 0.05; 95% CI) revealed that lead 

concentrations is not significantly different only between autotrophs and herbivores-

suspension feeders (Figure 4.4, Appendix 3.1). 

 

4.3.3. Bioaccumulation and Biomagnification 

Metals in food web organisms of Lake Macquarie are bioaccumulated by organisms but are 

not biomagnified up food chains (Figure 4.5). Linear regressions of log copper concentration 

and δ15N (slope = -0.67, adjusted R2 = 0.27, F1,252 = 92.13, p = 0.001), log cadmium 

concentration and δ15N (slope = -0.19, adjusted R2 = 0.12, F1,252 = 35.54, p = 0.001), and log 

lead concentration and δ15N (slope = -1.25, adjusted R2 = 0.53, F1,252 = 291.2, p = 0.001) 

showed significant negative relationships. Zinc and arsenic concentration did not have 

significant relationships with trophic level (slope = -0.02, adjusted R2 = 0.003, F1,252 = 0.23, p 

= 0.633 for zinc and slope = 0.86, adjusted R2 = -0.003, F1,252 = 0.64, p = 0.799 for arsenic) 

(Figure 4.5). 

As no relationship between metal concentrations and δ
15N were positive, trophic 

magnification factors (TMF) were not calculated for any metal.  
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4.3.4. Habitat and Feeding Zone  

Following the classification of organisms by habitat and feeding zone, invertebrates were 

classified into three categories (pelagic invertebrates feeding in the water column, benthic 

invertebrates feeding in the water column and benthic invertebrates feeding from benthos) 

and vertebrates into three categories (pelagic vertebrates feeding in the water column, pelagic 

vertebrates feeding from benthos and benthic vertebrates feeding from benthos). In this study, 

no pelagic invertebrates feeding from benthos, and no benthic fish feeding in the water 

column were collected. These two habitat/feeding zone combinations were, therefore, 

excluded from the model. 

Separate analysis of covariance (ANCOVA) analysis were performed for invertebrates and 

vertebrates to explore the effect of habitat and feeding zone on accumulation of five metals, 

after controlling for δ15N.   

 

4.3.4.1. Invertebrates  

(i) Copper 

Habitat and feeding zone significantly influenced invertebrate copper bioaccumulation after 

controlling for the effect of δ15N (F2, 128 = 3.50, p < 0.05, Appendix 3.2). The multiple 

comparisons indicated that the average copper concentrations in benthic invertebrates feeding 

in the water column was significantly lower than in benthic invertebrates feeding on benthos 

(p < 0.05; Table 4.4a and Appendix 3.2).  

The covariate, δ15N, was not significantly related to the copper concentrations in 

invertebrates (F2,128 = 1, p > 0.05, Figure 4.6, Table 4.4b). There was no significant 

interaction between habitat and feeding zone categories and the covariate δ15N (F 2,128 = 2.9, p 

> 0.05, Appendix 3.2). 

 

(ii) Zinc 

Habitat and feeding zone significantly influenced invertebrate zinc concentration after 

controlling for the effect of δ15N (F2, 128 = 3.50, p < 0.05, Appendix 3.2). The multiple 
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comparisons indicate that the category benthic invertebrates feeding in the water column had 

significantly higher mean zinc concentration than benthic invertebrates feeding on the 

benthos (p < 0.05, Table 4.4a).  

As the interaction between the covariate and the dependent variable interaction (zinc 

concentration * δ15N) was significant for zinc (Appendix 3.2), the assumption homogeneity 

of regression slopes could not be met. Therefore, the ANCOVA model was divided into three 

separate regressions in order to determine whether the relationship between zinc 

concentration and δ15N was significant for each habitat/feeding zone category. The regression 

was significant and the slope was negative for the category pelagic invertebrates feeding in 

the water column (p < 0.001, Table 4.4b) and significant and positive slope for the category, 

benthic invertebrates feeding in the water column (p < 0.001). The slope of the regression 

was not significant for the category benthic invertebrates feeding on benthos (p > 0.05; Table 

4.4b; Figure 4.6). 

 

(iii) Arsenic 

Habitat and feeding zone significantly influenced arsenic concentrations in invertebrates after 

controlling for the effect of δ15N (F2, 128 = 14.5, p < 0.001, Appendix 3.2). The multiple 

comparisons indicate that benthic invertebrates feeding on the benthos had significantly 

higher arsenic concentrations than benthic invertebrates feeding on the water column (p < 

0.001) and pelagic invertebrates feeding in the water column (p < 0.001, Table 4.4a, Figure 

4.6).  

The covariate, δ15N, was significantly related to the arsenic concentration in invertebrates 

(F2,128 = 5.5, p < 0.05, Figure 4.6, Appendix 3.2). The regression was significant and positive 

for benthic invertebrates feeding on benthos and in the the water column, and significant and 

negative for pelagic invertebrates feeding in the the water column (Table 4.4b, Figure 4.6). 

The interaction between habitat and feeding zone categories and the covariate δ
15N was not 

significant (F 2,128 = 2.7, p > 0.05).  
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(iv) Cadmium  

Habitat and feeding zone significantly influenced cadmium concentrations in invertebrates 

after controlling for the effect of δ15N (F2,128  = 5.5, p < 0.001, Appendix 3.2). The multiple 

comparisons indicate that benthic invertebrates feeding in the water column had significantly 

higher arsenic concentrations than benthic invertebrates feeding on the benthos (p < 0.05).  

As the interaction between the covariate and the dependent variable interaction (zinc 

concentration * δ15N) was significant for cadmium (Appendix 3.2), the assumption 

homogeneity of regression slopes could not be met. Therefore, the ANCOVA was divided 

into three separate regressions in order to determine whether the relationship between zinc 

concentration and δ15N was significant for each habitat/feeding zone category. The regression 

was significant and the slope was negative for the category pelagic invertebrates feeding in 

the water column (p < 0.001, Table 4.4b, Figure 4.6), significant and positive slope for the 

category benthic invertebrates feeding in the water column (p < 0.001). The slope was not 

significant for invertebrates feeding from benthos (p > 0.05). 

 

(v) Lead 

Habitat and feeding zone significantly influenced lead concentrations of invertebrates after 

controlling for the effect of δ15N (F2, 128 = 3.7, p < 0.05, Appendix 3.2). The multiple 

comparisons indicate that benthic invertebrates feeding from the benthos had significantly 

lead concentrations than benthic invertebrates feeding in the water column (p < 0.05, Table 

4.4a).  

As the influence of δ15N was not significant on arsenic concentration in invertebrates 

Appendix 3.2, it was dropped from the model. 
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Figure 4.6. Effects of habitat, feeding zone and δ

15N on metal of invertebrates from a 
seagrass ecosystem in Lake Macquarie based on a separate slopes ANCOVA procedure. 

 

4.3.4.2. Vertebrates 

(i) Copper 

Habitat and feeding zone did not significantly influenced copper concentrations in fish after 

controlling for the effect of δ15N (F2,60 = 3.3, p > 0.05, Appendix 3.3).  

The covariate, δ15N, was significantly related to copper concentrations (F2,60 = 4.9, p < 0.05, 

Appendix 3.3). As the step wise selection procedure indicated the best model should not have 
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the interaction between the covariate δ15N and habitat/ feeding zone categories, this 

interaction was removed. 

 

(ii) Zinc 

Habitat and feeding zone did not significantly influence fish zinc concentrations after 

controlling for the effect of δ15N (F2,60 = 1.3; p > 0.05, Appendix 3.3).  

As the interaction between the covariate and the dependent variable interaction (zinc 

concentration * δ15N) was significant for zinc (Appendix 3.3), the assumption homogeneity 

of regression slopes was not met. Therefore, the model was divided into three separate 

regressions in order to determine whether the relationship between zinc concentration and 

δ
15N was significant for each habitat/feeding zone category was still significant. The results 

showed that the relationship between zinc concentration and δ
15N was significant and the 

slope was negative for pelagic fish feeding from the water column (p < 0.001), significant 

and positive for pelagic fish feeding on benthos (p < 0.001) but was not significant for 

benthic fish feeding on benthos (p > 0.05) (Table 4.4b, Figure 4.7).  

 

(iii) Arsenic 

Habitat and feeding zone significantly influenced arsenic concentrations in fish (F2,60  = 

12.26, p < 0.001, Appendix 3.3). Pelagic fish feeding in the water column had significantly 

lower arsenic concentrations (p < 0.001) than the other two categories (Table 4.4a, Figure 

4.7).  

As the cofactor δ15N did not show significant influence on arsenic concentrations in fish 

(Appendix 3.3), it was removed from the model. 

 

(iv) Cadmium and Lead 

As cadmium and lead concentrations in fish were below ICP-MS detection limit of 0.1 µg/g, 

these metals were not tested for the influence of fish habitat and feeding zone. 
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Figure 4.7. Effects of habitat, feeding zone and δ
15N on metals of vertebrates from a seagrass 

ecosystem in Lake Macquarie, based on a separate slopes ANCOVA procedure. 

 

Table 4.4a. Summary table of difference in metal concentration between groups from the 
ANCOVA reported in 4.3.4.1 and 4.3.4.2. Letters in the table represent metal concentration 
(A = highest, C = lowest). Habitat/ feeding zone categories having the same letter did not 
differ significantly from one another. 

 Habitat/ feeding zone 
categories 

Cu Zn As Cd Pb 

Invertebrates 

PW B A A B A 

BW A B A A A 

BB A C B B A 

Vertebrates 

PW A A B   

PB A A A   

BB A A A   
* PW = pelagic organisms feeding in the water column; BW = benthic organisms feeding  in the water column; 
BB = benthic organisms feeding on benthos; PB = pelagic organisms feeding on benthos. 
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Table 4.4b – Summary table of slopes from the relationship between metal concentrations 
and δ15N from the ANCOVA reported in 4.3.4.1 and 4.3.4.2. Zero represents no relationship; 
(+) indicates positive relationship; and (-) indicates negative relationship. 

  

Habitat/ feeding zone 
categories Cu Zn As Cd Pb 

Invertebrates 

PW 0 - - - NA 

BW 0 + + + NA 

BB 0 0 + 0 NA 

Vertebrates 

PW NA - 0 

PB NA - 0 

BB NA 0 0     
* PW = pelagic organisms feeding in the water column; BW = benthic organisms feeding  in the water column; 
BB = benthic organisms feeding on the benthos; PB = pelagic organisms feeding on benthos. 
NA= Not applicable as the covariate was removed from the model. 

 

4.3.5. Principal Component Analysis  

4.3.5.1. Food Web Trophic Groups 

The location of the metal concentrations in the plane of coordinates formed by the three 

ecosystem groups shows that metal concentrations were distributed into two groups: group I 

containing organisms with high zinc, cadmium and copper concentrations and group II 

containing organisms with high arsenic and lead concentrations (Figure 4.8).   

The loadings of variables for the five metal components, and the variances explained by each 

component show that three components together (PC1: 37.27%; PC2: 22.80%; PC3: 19.31%) 

explained approximately 79% of the variability and decreased to less than 10% after the first 

four components (Table 4.5, Appendix 3.7).  

The results of the PCA show that invertebrates are the group with the largest variability in 

metal concentrations. The variability is so pronounced that it is not possible to visualize 

variations in metal concentrations in the other groups (Figure 4.8). Therefore, a PCA was 

performed for each of the groups separately.  
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Figure 4.8. Discriminant analysis of principal components for metal concentrations (Cu, Zn, 
As, Cd and Pb) from organisms of a seagrass ecosystem in Lake Macquarie. 

 
 
Table 4.5. Principal component loadings obtained for metal concentrations and biota grouped 
as autotrophs, invertebrates and vertebrates. Loadings values smaller than the cut-off value in 
R (≤ 0.1) are suppressed and represented with space. 

PC 1 PC 2 PC 3 PC 4 PC 5 
Cu -0.45 0.17 0.75 -0.17 -0.43 
Zn -0.70 0.71 
As 0.68 -0.32 -0.66 
Cd -0.56 -0.58 0.20 -0.55 
Pb 0.71 0.70 

Total Variance (%) 37.3 22.8 19.3 17.1 3.5 
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4.3.5.2. Autotrophs 

The location of the species in the plane of coordinates formed by the five metals shows that 

the metal concentrations were distributed in three groups: group I containing species with 

high lead concentrations, group II containing species with high copper, zinc and cadmium 

concentrations, and group III containing species with high arsenic concentrations (Figure 

4.9).  Halophila sp. is the dominant species in group I with high lead concentrations, Zostera 

sp. and plankton are the dominant species in group II with high copper, zinc and cadmium 

concentrations and Sargassum sp., Laurencia sp. and Cystpseira trinodis are the dominant 

species in Group III with high arsenic concentrations (Figure 4.9). 

 

 

Figure 4.9. Discriminant analysis of principal components for metal concentrations (Cu, Zn, 
As, Cd and Pb) in autotrophs of a seagrass ecosystem in Lake Macquarie. 
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The loadings of variables for the five components, and the variances explained by each 

component show that two components (PC1: 46.07%; PC2: 22.66%) together explain 

approximately 69% of the variability (Table 4.6, Appendix 3.7). 

 

Table 4.6. Principal component loadings obtained for metal concentrations and plants. 
Loadings values smaller than the cutoff value in R (≤ 0.1) are suppressed and represented 
with space. 

PC 1 PC 2 PC 3 PC 4 PC 5 
Cu -0.42 -0.26 -0.57 0.65 
Zn -0.58 0.28 -0.24 0.72 
As 0.30 0.50 -0.76 -0.28 
Cd -0.38 0.70 0.19 0.23 -0.52 
Pb -0.50 -0.34 -0.21 -0.62 -0.45 

Total Variance (%) 46.07 22.66 16.04 11.61 3.62 
Variance (%) 46.07 68.73 84.77 96.38 100.00 

 

4.3.5.3. Invertebrates 

The distribution of the species in the plane of coordinates formed by the five metal 

components shows that metal concentrations were distributed into three groups: group I 

containing species with high lead and arsenic, group II containing species with high cadmium 

and zinc, and group III containing species with high copper concentration (Figure 4.10).  

Polychaetes are the main group of invertebrates in Group I with high lead and arsenic 

concentrations, the oyster Ostrea angasi is the dominant species in Group II with high 

cadmium concentrations and the oyster Sacostrea glomerata and the snail Bembicium 

auratum is the predominant species in Group III with high copper concentrations. 

The loadings of variables in the five ecosystem components, and the variances explained by 

each component, show that two components (PC1: 37.17%; PC2: 23.98%) explained 

approximately 61% of the variability (Table 4.7, Appendix 3.8). 
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Figure 4.10. Discriminant analysis of principal components for metal concentrations (Cu, Zn, 
As, Cd and Pb) in invertebrates species of a seagrass ecosystem in Lake Macquarie. 

 

 

Table 4.7. Principal component loadings obtained for metal concentrations and invertebrates. 
Loadings values smaller than the cutoff value in R (≤ 0.1)  are suppressed and represented 
with space. 
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4.3.5.4. Vertebrates 

The distribution of vertebrate species in the plane of coordinates formed by the five metal 

components shows that metal concentrations in vertebrates had less variability than for other 

groups and, in general, were distributed randomly among the components (Figure 4.11). 

Three groups were formed: group I with Gerres subfasciatus, Monacanthus chinensis, Sillago 

ciliate and Rhabdosargus sarba with high arsenic concentrations, group II with some 

individuals of Gerres subfasciatus having high cadmium and zinc concentration and group III 

with Mugil cephalus and Hyporhamphus regularis having high copper concentration (Figure 

4.11). 

 

Figure 4.11. Discriminant analysis of principal components for metal concentrations (Cu, Zn, 
As, Cd and Pb) in fish species of a seagrass ecosystem in Lake Macquarie. 
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Table 4.8. Principal component loadings obtained for metal concentrations and vertebrates. 
Loadings values smaller than the cutoff value in R (≤ 0.1)  are suppressed and represented 
with space. 

PC 1 PC 2 PC 3 PC 4 PC 5 
Cu 0.46 -0.19 0.58 0.53 0.36 
Zn 0.50 0.20 -0.67 0.51 
As -0.70 0.24 0.20 0.64 
Cd 0.22 0.54 0.46 -0.64 0.20 
Pb 0.76 0.52 -0.39 

Total Variance (%) 27.8 23.9 20.86 16.8 10.7 
Variance (%) 27.8 51.6 72.50 89.3 100 

 

 

4.4. Discussion 

 

4.4.1. Metal Concentrations 

All metal concentrations were higher in herbivores and suspension feeders than for other 

groups, except lead which was higher in autotrophs due to Halophila sp. high lead 

concentrations which skewed results. Physiological and physical reasons for the distribution 

of metal concentrations per trophic group are discussed by metal. It is important to note that 

when comparing invertebrates and vertebrates metal concentrations it is not possible to 

compare the same tissues. The small size of invertebrates makes it difficult to separate 

muscle tissues and acquire the necessary sampling mass, while for fish, only muscle tissue is 

generally used for metal analysis. Metal concentration in fish muscle has been demonstrated 

to be low when compared to other fish tissues (Kirby et al., 2001; Yamazaki et al., 1996). As 

the metal concentration of fish organs differ, different patterns of metal concentration would 

be found if analysing other tissues or the whole animal, as was done for invertebrates. Even at 

low environmental concentrations, copper shows distinct accumulation in fish liver tissue, 

while zinc concentrates in gonads because of its metabolic rate (Luoma and Rainbow, 2011). 

In environments contaminated with metals such as Lake Macquarie, metals tend to 

accumulate in the same organs where they may exert toxic effects (Kirby et al., 2001). If 

whole fish had been analysed, the metal concentrations may have been higher and similar to 

those measured in invertebrates. 
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4.4.1.1. Copper 

Copper is essential for the normal growth and metabolism of all living organisms (Carbonell 

and Tarazona, 1994; Schroeder et al., 1966) and was expected to be present in all trophic 

groups. In this study, copper concentrations were highest in herbivores-suspension feeders, 

similar in autotrophs and detritivores and lowest in carnivores (Figure 4.4). The high 

concentration of copper in herbivores-suspension feeders was attributed to two species: the 

gastropod Bembicium auratum and the oyster Sacostrea glomerata, with mean copper 

concentrations of 128 and 313 µg/g respectively. These results are in agreement with 

previous studies which reported oysters as being unusual among molluscs and marine animals 

in general in the high concentrations of copper and zinc found naturally in their tissues (Neff, 

2002; O’Connor and Beliaeff, 1995). Similar copper concentrations have previously been 

reported for the gastropod species Bembicium auratum in Lake Macquarie by Taylor and 

Maher (2003), confirming its ability to bioacumulate copper at high concentrations. In 

addition, the results of this study are in agreement with the study of Eisler (1981), who 

compiled data on metal concentrations in marine organisms from many areas worldwide. The 

author reports the highest copper concentrations in invertebrates (especially oysters), 

followed by algae, fish and mammals.  

The highest copper concentration in herbivores-suspension feeders is consequence of aquatic 

molluscs and arthropods possessing hemocyanin, a copper-containing respiratory pigment, 

and thus have elevated tissue and plasma copper concentrations (Betzer and Yevich, 1975; 

Neff and Anderson, 1977). Unlike many species of invertebrates, no vertebrate animal has a 

copper pigment as the main metallic constituent of blood (Schroeder et al., 1966). Indeed, in 

this study the species Anadara trapezia, has instead hemocyanin iron–based hemoglobin in 

red blood cells, and low cupper concentration (11µg/g) compared to the invertebrate mean 

copper concentration of 63 µg/g. A more detailed comparison to check if respiratory pigment 

influences copper concentration could not be taken among all the species in this study as 

there is not enough information in the literature reporting the type of respiratory pigments 

that many of these species have. 
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4.4.1.2. Zinc 

Zinc, in this study, was the metal with the highest concentrations in animal and plant tissues. 

As for copper, zinc had the highest concentrations in herbivores-suspension feeders. The 

other groups, autotrophs, detritivores and carnivores, had a lower zinc concentration lower 

than herbivores-suspension feeders but zinc concentrations were not significantly different 

between these groups (Figure 4.4).  

Zinc concentrations were high as it is an essential micronutrient in all marine organisms, 

being a cofactor in nearly 300 enzymes (Vallee and Auld, 1990). These findings are in 

agreement with previous studies on numerous species of marine animals reported as to be 

able to regulate tissue zinc concentrations at normal ambient levels to incipient lethal levels 

(Ahsanullah and Williams, 1991; Luoma and Bryan, 1982).  

The high zinc concentrations in herbivores-suspension feeders is attributed to the two oyster 

species Ostrea angasi and Saccostrea glomerata, with mean zinc concentrations of 5590 and 

3360 µg/g respectively (Table 4.3), which are high compared to the other invertebrate species 

which had zinc concentrations below 100 µg/g. High zinc concentrations in oyster species 

have been reported in the literature. Neff (2002) reports natural concentrations of zinc, like 

copper, to be much higher in oysters than in mussels. Based on the Mussel Watch data 

(O’Connor and Beliaeff, 1995) with data from several locations in the USA, zinc 

concentrations has been shown to be much higher in oysters (6,500 µg/g) when compared to 

other invertebrates, for example mussels (210 µg/g). In addition, Thomson et al., (1984) 

described that high concentrations of copper and zinc are selectively accumulated in 

membrane-limited vesicles of blood amoebocytes which contain > 90% of the body copper 

and zinc. 

Zinc was the only metal found in concentrations greater than previously reported in 

organisms of Lake Macquarie (Barwick and Maher, 2003; Batley, 1987). The higher zinc 

concentrations measured in this study was attributed to three invertebrate species: plankton, 

and the oysters Saccostrea glomerata and Ostrea angasi, with mean zinc concentration of 

1540 µg/g, 3360 µg/g and 5600 µg/g respectively. While the mean zinc concentration in the 

whole food web was 430 + 1275 µg/g, when these three species were removed, the mean zinc 

concentration decreased to 89 + 236 µg/g. These results highlight the importance of 
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measuring zinc concentrations at the species-level, as even closely related species have 

different abilities to accumulate zinc.  

 

4.4.1.3. Arsenic 

Arsenic concentrations measured in this study are similar to those reported for other studies 

of seagrass ecosystems (Barwick and Maher, 2003; Maher et al., 2011; Price et al., 2012). 

Arsenic was lower in autotrophs and carnivores than hebivore-suspension feeders and 

detritivores (Figure 4.4). The low arsenic concentrations in angiosperms is in accordance with 

previous studies that reported iron oxides to form an iron ‘plaque’ on the roots of aquatic 

plants that binds and immobilises arsenic around the root surfaces. This plaque has been 

hypothesised to control the uptake of the two elements (Foster et al., 2005). Higher arsenic 

concentrations were found in macroalgae but algae biomass is relatively small and not a 

major component of seagrass ecosystems.  

The high variation of arsenic within detritivore organisms (Figure 4.4) might reflect the vast 

differences in exposure (diet and habitat) and differences in assimilation and retention rates 

(physiology) between invertebrates, as suggested by Price et al. (2012). Unlike the other 

metals measured in this study, the accumulation of arsenic in organisms can be defined by 

both habitat and feeding zone (Price et al., 2012), and this will be discussed later. 

The high mean arsenic concentration in detritivores was reflected mainly by the high arsenic 

concentrations in polychaetes (Table 4.3), which will be discussed latter in 4.4.6.3.  

 

4.4.1.4. Cadmium 

In this study, cadmium concentrations followed the same pattern as other metals with highest 

concentrations found in herbivores-suspension feeders, followed by autotrophs, detritivores 

and carnivores (Figure 4.4). 

The higher cadmium concentration in herbivores-suspension feeders is in agreement with 

previous studies (Marshall and Talbot, 1979; Talbot and Chegwidden, 1982). Higher 

cadmium concentration in oysters and molluscs (classified in this study as herbivores-
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suspension feeders) were reported to be related to the production of metal-binding proteins. 

The capacity of these organisms to accumulate cadmium may be related to their ability to 

produce metal-binding proteins, as previously suggested by Marshall and Talbot (1979) and 

Talbot and Chegwidden (1982). 

Cadmium concentration in plants was probably higher than in vertebrates because cadmium 

is readily absorbed by plant roots and translocated to above-ground parts (Smolders, 2001).  

The lower cadmium concentrations in vertebrates may be a result of analysing the muscle 

tissues analysed for fish while the whole body was analysed for invertebrates.  

In addition, different assimilation rates could be contributing to differences in cadmium 

concentration between invertebrates and vertebrates, but this should be further investigated 

before making any conclusion. 

 

4.4.1.5. Lead 

In this study, of all the taxonomic groups, autotrophs accumulated the highest lead 

concentrations (Figure 4.4), but it was skewed by the species Halophila sp. While Halophila 

sp. had a mean lead concentration of 9.5 µg/ g, all other species had a lead concentration 

below 3.7 µg/ g. If disregarding Halophila sp. lead concentrations, detritivores is the group 

with highest lead concentration. The accumulation of lead by marine plants has been already 

documented as a result of most marine plants having a large surface to volume ratio and lead 

being chelated to plant surfaces (Neff, 2002). This could explain the high lead concentrations 

in the two superior aquatic plants Halophila sp. (9.5 µg/ g) and Zostera capricornii (2.3 µg/ 

g) collected in this study.  

Vertebrates had mean lead concentrations below the ICP-MS detection limits. Lead is not an 

essential metal and fish have sophisticated mechanisms to reduce metal uptake or 

sequestration compared to invertebrates (ATSDR, 2005).  
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4.4.2. Lake Macquarie Biota Metal Concentrations: Local and Worldwide 

Comparisons 

In general, metal concentrations measured in seagrass ecosystem organisms of Lake 

Macquarie (Table 4.3) are similar to those reported in previous studies (Barwick and Maher, 

2003; Batley, 1987) with the exception of zinc concentrations that were higher in the present 

study. Compared to those from other Australians estuaries with no history of contamination 

(Baldwin et al., 1996; Barwick and Maher, 2003; Gay and Maher, 2003; Price et al., 2012; 

Scanes and Roach, 1999; Taylor and Maher, 2006), it is clear that Lake Macquarie is 

contaminated with metals, as values are higher than background values.  

Although metal concentrations in Lake Macquarie are higher than in organisms from other 

Australians estuaries, bioaccumulation of metals in Lake Macquarie biota is lower than in 

other grossly contaminated locations worldwide (Cherry and Guthrie, 1977; Maiti and 

Jaiswal, 2008; Peltier, 2006; Soegiant et al., 2008). Australian thermal coals have low levels 

of metals of major environmental concern (Dale, 2006). Consequently, metal emissions from 

coal-fired power stations are low compared to other countries such as the USA. For example, 

in a study of metals bioaccumulation in a foodweb from the Chattahoochee River in the USA 

(Peltier, 2006), all metals studied in food web elements were at much higher concentrations 

than in the  Lake Macquarie food web, however, the metal concentrations followed the same 

pattern as in this study with highest metal concentration in invertebrates, except for lead.  

 

4.4.3. Bioaccumulation and Biomagnification 

Based on the δ13C  and δ15N  results, organisms were classified in trophic levels, revealing 

that the consumers are feeding basically on three dietary sources: benthic microalgae (BMA) 

or/and particulate organic matter (POM), detritus and seagrass associated components (Figure 

4.3). The range of δ13C values, in this study, revealed that Avicennia marina and Zostera 

capricornii leaves which had δ13C values (-27.9 + 0.1 and -10.0 + 0 .8 respectively) are not 

being substantially incorporated into the diet of the organisms in the seagrass food web 

(Table 4.2; Figure 4.3) therefore, they were not incorporated in the analysis of 

bioaccumulation and biomagnification. 
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According to δ13C and δ15N values, invertebrates were positioned as herbivores-suspension-

feeders and detritivores, while fish are deriving their diet on seagrass-associated components, 

invertebrates and other fish, corresponding to the trophic levels detritivores and carnivores.  

The δ15N values in this study showed a trophic fractionation of 2.93 ‰, which is a little under 

what is predicted for food web components of marine ecosystems (3.4-3.8‰) (Hobson et al., 

2002; Hobson and Welch, 1992) but consistent with results obtained by other investigators 

(Beneditto et al., 2011; Bowles et al., 2001; Jarman et al., 1996; Senn et al., 2010). The δ
13C 

and δ15N results are discussed in more detail in Chapter 3. 

The regression analysis between metals and δ
15N revealed that food web organisms of Lake 

Macquarie are bioaccumulating metals, but these are not being biomagnified in food chains 

(Figure 4.5). 

Copper, cadmium and lead concentrations in organisms of Lake Macquarie had a significant 

negative relationship to δ15N (Figure 4.5), showing that organisms are able to biodeplete 

these elements. The higher in the food chain the organism is, the lower copper, cadmium and 

lead bioaccumulation. This result is in accordance with previously published studies 

(Barwick and Maher, 2003; Chen and Folt, 2000; Chen et al., 2000; Eisler, 1998, 1985; Neff, 

2002; Stokes, 358AD; Tulasi et al., 1992).  

Although Eisler (1985) showed evidence that, in a freshwater food chain extending from the 

alga Chlorella vulgaris to the teleost Leucospius delineates, cadmium is being biomagnified 

at the lower trophic levels, the general pattern is a lack of cadmium biomagnification in 

whole food webs. The reason why it was much lower in higher trophic levels might be the 

fact that cadmium is toxic to aquatic life at only slight concentrations and organisms might 

have biochemical mechanisms to prevent accumulation in muscle tissues e.g. excretion in 

liver. 

Lead being depleted in marine food chains has been described as a result of discrimination 

against lead in favour of calcium occurring in the gut of primary consumers during transfer 

from marine plants (Smith et al., 1990). Lead may be further depleted during transfer from 

primary consumers to carnivores (Neff, 2002). For example, sea otters, Enhydra lutris, from 

the Aleutian Island, Alaska, consume both benthic invertebrates and kelp-bed fishes and, 

therefore, can be considered to be the top predator locally. Lead isotopic ratios in the otter 

teeth indicate that lead concentrations in otters have not increased due to anthropogenic 
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inputs of lead to the environment, but the sources of lead in otter tissues have changed (Smith 

et al., 1990). Virtually all the lead in teeth of otters collected before industrialization was 

derived from weathering of pliopleistocene volcanic rocks in the Aleutian volcanic arc. 

Contemporary otters contain a mixture of Asian and Canadian industrial derived lead from 

the deposition of airborne lead. The lack of an increase in lead concentrations in otter tissues 

despite historic increases in the flux of industrial lead to the ocean indicates that lead is not 

being biomagnified through marine food chains of this remote marine environment (Neff, 

2002). 

In a Baltic Sea food chain, the lead transfer factors measured were less than one (Szefer, 

1991), indicating inefficient transfer of lead through the food chain. However, lead may be 

transferred from lead-contaminated marine animals to mammalian consumers (Regoli and 

Orlando, 1994). Mice fed lead-contaminated mussels accumulate lead in blood, liver and 

kidney. The lead derived from the mussels is not excreted in the urine of the mice, but 

probably is excreted in the faeces. As well, in a recent study of lead bioaccumulation in a 

food web of the Lower Prut Floodplain Natural Park in Romania (David et al., 2012) 

concluded that lead was accumulated by primary producers, but it was either not 

subsequently transferred to consumers or the molluscs eliminate lead through metabolic 

processes (e.g. excretion). Rubio-Franchini et al. (2008) also suggested that lead 

biomagnification was taking place in low trophic levels and they suggest that fishes, and 

probably other vertebrates as well, have sophisticated mechanisms to excrete lead that might 

be absent from many aquatic invertebrates.  

Results from Lake Macquarie agree with other studies which found that, although lead and 

cadmium may be taken up by organisms of lower trophic levels and can be transferred 

through marine food webs, it is not being biomagnified up the food chain. 

Zinc and arsenic concentrations in organisms of Lake Macquarie had no significant 

relationships to δ15N (Figure 4.5). This lack of significant relationship between zinc 

concentration and δ15N suggests that zinc is well regulated by marine animals because of its 

essential nature as a micronutrient in all marine organisms, previously reported by Luoma 

and Bryan (1982), Amiard et al. (1980), Vale and Mendes (1986). An inverse relationship 

between zinc and trophic levels was reported for food webs in the Palos Verdes in the USA 

(Young and Mearns, 1979; Young et al., 1980) and in the eastern Pacific Ocean (Schafer et 



Chapter 4 
 

137 

 

al., 1982). In these areas, zinc concentrations were reported to be higher in animals at the 

lowest trophic level, confirming that marine organisms seem to be regulating zinc uptake. 

The lack of arsenic biomagnification probably reflects the vast differences in exposure (diet 

and habitat) and possible differences in assimilation and retention rates (physiology) between 

the organisms within each trophic group. In a previous study of arsenic concentrations in 

organisms of Lake Macquarie, benthic-dwelling organisms contained significantly higher 

mean arsenic concentrations than pelagic-dwelling organisms, and organisms feeding on 

benthos had higher mean arsenic concentrations than those feeding on pelagic organisms 

(Price et al., 2012). These results confirm the results of other studies (Kirby, et al., 2001; 

Neff, 1997) and indicate that the accumulation of arsenic in organisms may be defined more 

strongly by an organism physiology than its trophic level. These effects were investigated in 

this study are discussed in 4.4.4. 

 

4.4.4. Essential and Non-Essential Metal Regulation 

Metals are considered essential to living organisms, if they consistently result in an 

impairment of a function when deficient and when supplementation occurs prevents or cure 

the impairment (Mertz, 1981; Underwood, 1977). Of the metals analysed in this study, 

copper and zinc are essential metals and arsenic, cadmium and lead are non-essential metals 

to living organisms. Since arsenic, cadmium and lead can be considered a non-essential 

element, it was expected that they would not be under the same degree of homeostatic control 

as copper and zinc, and that bioaccumulation patterns would be different. 

In Lake Macquarie, no difference in bioaccumulation pattern was found between essential 

and non-essential metals. Results from linear regression (Figure 4.5) showed that metals had 

two different regression trends:  zinc and arsenic concentrations with no relationship to δ
15N, 

and cadmium, copper and lead with a negative relationship to δ
15N. The two groups are not 

defined according to whether metals are essential or non-essential, therefore, organisms from 

Lake Macquarie are not regulating essential elements more efficiently than non-essential 

metals. 

The results of this study contradict findings from previous studies. McGeer et al., (2003) 

describe the capacity to deal with the accumulation of metals, at least to some degree, as part 
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of biota evolution as they are in contact with metals for a long time. For metals that are not 

essential nutrients, this capacity removes and sequesters potentially toxic metal species from 

sites of action. For essential elements, removal and sequestration processes that minimize 

toxicity are complemented by an ability to regulate concentrations for essentiality. As a 

result, concentrations of essential mineral nutrients in organisms tend to be highly regulated 

compared to nonessential elements (McGeer et al., 2003). This proposed evolutionary system 

is corroborated by other studies, for example, fish under variable sewage inputs were reported 

to adjust metal uptake and depuration naturally for essential metals as a control and less 

evidently for non-essential metals, such as lead and cadmium which showed lower excretory 

rates even in an uncontaminated environment (Maiti and Banerjee, 2012). As well, copper 

and zinc concentrations appear to be more tightly regulated in yellow perch than cadmium 

(Giguère et al., 2004; Kraemer et al., 2005). It is difficult to understand why organisms of 

Lake Macquarie did not present a difference in bioaccumulation according to metal 

essentiality, more studies on detoxification and metal handling mechanisms should be 

conducted to investigate this mechanisms. Although metals are present, they may have been 

detoxified e.g. by formation of granules (Rainbow, 2002). 

 

4.4.5. Habitat and Feeding Zone 

As Lake Macquarie sediments were reported to be the major sink for contaminants from the 

surrounding industrial and urban developments (Batley et al., 1987; Peters 1999a), it was 

expected in this study that sediment-associated organisms would have higher concentrations 

of metals than pelagic species as a consequence of exposure to elevated metal concentrations 

in sediments, either through inadvertent ingestion of sediment or dermal exposure to pore 

waters enriched in metals. This hypothesis was already tested and confirmed elsewhere by 

Smock (1983), who showed that the feeding habits of freshwater aquatic insects influenced 

on organism’s metal concentration through influencing the type of material ingested. 

In this study, this hypothesis was only confirmed for arsenic (Figures 4.6 and 4.7), both 

benthic vertebrates and invertebrates feeding from benthos had significantly higher arsenic 

concentration than the other two categories (Table 4.4a). Feeding zone rather than habitat, is 

the factor influencing arsenic bioaccumulation in seagrass organisms of Lake Macquarie. For 
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arsenic bioaccumulation, it is more important what organisms eat than where organisms live, 

however, physiology will also play a role (Price et al. 2012)  

Another hypothesis tested by the ANCOVA was that, if benthic organisms have higher metal 

concentrations they would occupy a higher trophic level and this would be reflected in their 

δ
15N. Therefore, metal concentrations in benthic organisms are expected to be positively 

related to trophic level. 

The results from the ANCOVA showed that this hypothesis is true, again, only for arsenic 

bioaccumulation in invertebrates. Although there was no relationship between arsenic 

concentrations and δ15N for the whole foodweb, the ANCOVA results showed a significant 

relationship between arsenic concentration and δ
15N only for benthic invertebrates. 

Therefore, although arsenic is not being biomagnifed up the whole food chain, it is being 

biomagnified in lower trophic levels in organisms with benthic habitat (Table 4.4a; Figure 

4.6).  

These results are in agreement with previous studies (Kirby, 2001; Neff, 1997; Price et al., 

2012), but not supported by other studies (Langston, 1984; Maher, 1985; Shiomi et al., 1984). 

Price et al. (2012) reported that benthic organisms do not necessarily have significantly 

higher mean arsenic concentrations than pelagic organisms, but are more influenced by the 

habitat of their prey. These findings are consistent with those reported by Meador et al. 

(2004), which found that fish with the highest tissue metal concentrations came from sites 

where invertebrate metal concentrations were generally high. Yet, arsenic concentrations in 

invertebrates were highly correlated with arsenic concentrations in sediments and are likely to 

be a result of selective feeding on arsenic-rich detrital particles. It seems likely that dietary 

input is an important factor controlling the bioaccumulation of arsenic in invertebrates and 

fish. 

Although some studies suggest the importance of diet in determining arsenic concentrations 

(Langston, 1984; Maher, 1985; Shiomi et al., 1984), they report that organisms that feed from 

the benthos did not have a significantly higher mean arsenic concentration than those that are 

pelagic feeders. These authors concluded that there might be other factors, such as 

physiology, involved in explaining the observed variations in arsenic concentrations between 

organisms than simply where the organisms live and feed.  
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For all other metals (copper, zinc, cadmium and lead) the above hypothesis were not 

confirmed for both invertebrates and vertebrates. There might be another factor influencing 

the relationship between metal concentration and δ
15N that was not considered in the 

ANCOVA model, such as bioavailability (Luoma and Rainbow, 2011). Another possibility is 

the number of samples not reflecting the reality for the entire population. More studies are 

needed focusing on biological and physical factors affecting bioaccumulation in organisms of 

Lake Macquarie.  

  

4.4.6. Principal Component Analysis (PCA) 

4.4.6.1. All trophic groups 

The results from the PCA for all the food web organisms showed considerable variability 

across metals for the invertebrate group. This is in accordance with other studies which have 

shown that different invertebrates accumulate metals to different concentrations in their 

tissues, organs and hence their bodies (Eisler, 1981). Thus aquatic invertebrates living in the 

same habitat may well have very different whole body metal concentrations (Hare and 

Campbell, 1992; Phillips and Rainbow, 1994), even within closely related taxa down to 

species in the same genus (Moore and Rainbow, 1987; Rainbow, 1998, 1993).  

Metal concentrations in aquatic invertebrates vary greatly and emphasise the importance of 

measuring metal concentrations individually per taxonomic group. The variability in 

invertebrate metal concentrations was so high that it masked the results for the other groups 

(Figure 4.8). 

 

4.4.6.2. Autotrophs 

Three groups were shown to form in the discriminant analysis of principal components for 

plant and algae species: Group I, consisted of the seagrass species Halophila sp. with high 

lead concentrations; group II, represented by the seagrass species, Zostera capricornii., and 

plankton with high copper, zinc and cadmium concentrations; and group III composed of the 

brown algae species Sargassum sp. and Cystoseira trinodis, and the red algae Laurencia sp., 

with high arsenic concentrations (Figure 4.9). 
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The high lead concentration in seagrass species has been reported in the literature. A study 

near a large lead smelter in South Australia, by Ward et al. (1986) determined the 

concentrations of cadmium, lead and zinc in 23 species of marine animals and three species 

of seagrass (Posidonia australis, Posidonia sinuosa and Amphibolis antarctica). The authors 

concluded that, irrespective of the source of the metals (direct from water or sediment), it was 

clear that the seagrass leaves were a major accumulator of metals and were probably the 

major route for transfer of metals to the fauna through the detritus food web. In addition, 

Wolfe et al. (1976) and Drifmeyer et al. (1980) had the same conclusion when studying Z. 

marina in a less contaminated environment.  

The high concentration of copper in the seagrass Zostera capricornii in group II has also been 

reported in the literature. A study of metal concentrations in Zostera capricorni in Lake 

Illawarra revealed a mean copper concentration of 10.5 µg/g, which is very similar to the 

result 9.7  µg/g reported in this study (Howley et al., 2006) .  

Although there are previous studies corroborating the high bioaccumulation of copper and 

lead found in this study, it is not clear, why these sea grasses are good bioaccumulators of 

copper and lead.  

The elevated zinc concentration found in plankton in this study has been also reported in the 

Calcasieu River estuary (Neff, 2002). Reasons for plankton to be particularly high in zinc is 

also not obvious. 

The results from group III in which arsenic concentrations were higher in brown macroalgae 

Sargassum sp., Cystpseira trinodis and Laurencia sp. than the green macroalgae 

Chaetomorpha sp. and Microdictyon umbilicatum and the seagrasses Zostera capricorni and 

Halophila sp. (Figure 4.9), are consistent with previous studies. Brown macroalgae generally 

accumulate higher arsenic concentrations than either green algae or red macroalgae (Maher 

and Clarke, 1984; Price et al., 2012; Tukai et al., 2002) which in turn accumulate more 

arsenic than seagrasses (Foster et al., 2005; Maher et al., 2011; Price et al., 2012; Thomson et 

al., 2007). 

It has been suggested that arsenate is taken up by autotrophs as a consequence of its chemical 

similarity to phosphate (Tu and Ma, 2003). Thus differences in arsenic accumulation between 

autotroph species may be related to variations in the phosphate uptake. Arsenic in 

macroalgae, however, is metabolised to arsenoribosides, which is non-toxic, whereas 
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seagrasses contain the potentially more toxic inorganic arsenic (Foster et al., 2005; Thomson 

et al., 2007). Thus macroalgae may be able to store more arsenic in a form that has been 

converted into arsenoribosides. The recent discovery of arsenic-containing phospholipids in 

macroalgae, where arsenic is present as arsenoribosides, suggests that the production and 

storage of arsenoribosides in macroalgae may be beneficial or even essential for seaweeds in 

protecting membrane lipids from peroxidation (Raab et al., 2013). 

 

4.4.6.3. Invertebrates 

As already reported in the results from the ANOVA and PCAs with all the taxonomic groups, 

herbivores-suspension feeding invertebrates was the group with the highest mean 

concentrations of all metals except lead skewed by the seagrass species Halophila sp., Table 

4.3; Figure 4.4) and the group with the greatest variability in metal concentrations.  

It can be seen from the scores plot that the PCA clearly separated the metal concentrations in 

invertebrates into three groups (Figure 4.10). Group I consisted of Sydney rock oyster 

(Saccostrea glomerata) and grazing snail (Bembicium auratum) with high copper 

concentrations. Group II consisted of the species southern mud oyster (Ostrea angasi) with 

high cadmium and zinc concentrations. Group III was composed of polychaetes with high 

lead and arsenic concentrations.  

Group I and II, which had the oyster species with high concentrations of copper and zinc, is 

in agreement with studies from elsewhere in the world in which natural concentrations of zinc 

and copper are much higher in tissues of oysters than in mussels (Neff, 2002). Eisler (1997) 

also reported that among marine organisms, the highest accumulation of copper is generally 

found in molluscan tissues and soft parts, especially those of cephalopods and oysters. In 

order of decreasing copper accumulations, molluscs are followed by crustaceans, 

macrophytes, annelids, tunicates, echinoderms, and coelenterates (Eisler, 1997). 

High concentrations of zinc in oysters was also reported for Crassostrea virginica collected 

as part of the National Status and Trends Mussel Watch Program from coastal waters of the 

USA South Atlantic and Gulf of Mexico, ranging from 1.8 to more than 28,000 µg/g dry 

mass. C. rhizophorae from Puerto Rico and Ostrea sandvicensis, oyster species from Hawaii, 

also contained high concentrations of zinc in soft tissues. The high concentration of zinc in 
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tissues of oysters and mussels, based on the Mussel Watch data, is 6,500 and 210 µg/g, 

respectively (O’Connor and Beliaeff, 1995). In this study, oyster zinc concentrations had a 

mean dry mass concentration of 3360 µg/g for Saccostrea glomerata and 5600 µg/g for 

Ostrea agasi and mussels and the mean of all mussels species was 150 µg/g, in accordance 

with oyster zinc and copper concentration reported in studies worldwide. The reason why 

Saccostrea glomerata and Ostrea angasi did not share the same PCA groups relate to Ostrea 

angasi ability to accumulate cadmium. As mentioned previously, species level differences are 

common in an organism ability to accumulate specific metals (Rainbow, 2002).  

Polychaetes contained the highest arsenic and lead concentrations, consistent with previous 

studies reporting hyper-accumulation of arsenic in some polychaetes (Bernds et al., 1998; 

Fattorini et al., 2005; Gibbs et al., 1983). Gibbs et al. (1983) reported arsenic concentrations 

of 2740 µg /g dry mass for the species Tharix marioni, one of the highest concentrations of 

arsenic ever recorded in whole animal tissues (maximum analysed in polychaetes in this 

study was 100 µg/g dry mass). The total arsenic concentration reported by Gibbs et al (1983) 

was remarkably consistent from individual to individual and was maintained irrespective of 

the ambient arsenic concentration. It is thought that arsenic in this animal has an essential 

cellular or metabolic function; however, another species of Tharyx, and two more from the 

Cirratulid family, collected from the same locations, did not bioaccumulate arsenic to similar 

concentrations, casting some doubt as to the essentiality of arsenic in T. marioni.   

In a comprehensive literature review, Fattorini et al. (2005) reported that studies clearly 

demonstrated the capacity of a number of polychaete species to accumulate elevated 

concentrations of arsenic and/or the presence of moderately toxic arsenic compounds, which 

quite unusual among marine organisms that generally accumulate arsenic in non-toxic 

chemical forms (Waring et al., 2006). The authors suggested species-specific characteristics 

and inherent peculiarities in arsenic metabolisms as an explanation to these findings. 

Laboratory and field experiments revealed that some polychaetes can concentrate inorganic 

or methylated forms, showing noticeable resistance and the possible ability to operate 

biotransformation pathways of different chemical species (Fattorini and Regoli, 2004; 

Waring and Maher, 2005). The role of arsenic in polychaetes still remains to be fully 

clarified, but one possible explanation is that the presence of high levels of arsenic and/or 

toxic compounds in specific tissues acts as a defense mechanism against predation (Fattorini 

et al., 2005; Waring et al., 2006). 
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Polychaetes also contained high concentrations of lead. This is probably a result of the 

differential concentrations or chemical forms of these metals in the sediment column, as 

described by Lindegarth and Underwood (2002). These authors compared metal 

concentrations in nematodes and copepods at the different locations and report that cadmium 

and lead concentrations were significantly higher in nematodes than in copepods. This 

difference of metal bioavailability was by the differential concentrations or chemical forms of 

these metals in the sediment column. Nematodes and polychaetes penetrate deeper into the 

sediment than epibenthic invertebrates, which tend to remain at the interface of muddy 

substrates.  

 

4.4.6.4. Vertebrates 

Vertebrates were the group with the least variability in metal concentrations among the 

taxonomic groups of the food web in Lake Macquarie. Three groups were formed in regards 

to metal bioaccumulation, but were less pronounced than for other groups (Figure 4.11). 

Group I contained species with high arsenic concentration (Gerres subfasciatus, 

Monacanthus chinensis, Sillago ciliate and Rhabdosargus sarba). Group II contained species 

with high zinc concentrations (Gerres subfasciatus). Group III, contained species with high 

copper concentration (Mugil cephalus and Hyporhamphus regularis). 

Group I, with species higher in arsenic concentration than other species, are composed by fish 

species feeding on benthos. This result corroborates the ANCOVA results showing that 

vertebrates feeding on benthos have higher arsenic concentration than other species (Figure 

4.7; Table 4.4a/b). 

Group II was composed of Gerres subfasciatus, which had a higher zinc concentration than 

other species, but was also high in cadmium. This is a carnivores species feeding on benthos 

and therefore, the higher metal concentrations were expected. 

Group III was composed of fish species feeding on POM and seagrasses. The higher copper 

concentration can be a consequence of their efficiency in copper assimilation from plants, 

algae and detritus.  
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Although the less pronounced metal variability between species can be partially explained by 

physiology and life history, it is important to note that invertebrates were analysed as whole 

body, while only muscle tissues were considered when analysing fish, with implications 

already discussed in 4.4.1.  

Additionally, fish are known to continuously release accumulated metals from the body, 

which is part of the homeostatic regulation of the organism (Maiti and Banerjee, 2012). 

Specifically for muscle tissues, metal accumulation is normally lower as binding proteins are 

present in only low levels in these tissues (Maiti and Banerjee, 2012). This could explain the 

lack of pattern in metals in fish muscle if compared to invertebrates. While invertebrates 

accumulate metals in extracellular granules distributed through its tissues as a mechanism of 

metals detoxification, fish do not store meals in this way, but continuously release metals via 

their liver. Hence the enormous variability in metal concentrations of invertebrate species 

compared to fish species.    

 

4.4.7. Human Health Risk  

Food Standards Australia New Zealand (FSANZ, 2013) has developed in 2000 a new 

Australia New Zealand Food Standards Code for Contaminants and Natural Toxicants, which 

sets out the maximum levels (MLs) of specified metal and non-metal contaminants and 

natural toxicants in nominated foods. Before this new code, this agency was called The 

Australia New Zealand Food Authority (ANZFA) and the old Food Standard Code used to set 

maximum levels (MLs) for all metals contaminants in food. As part of the process of 

developing the new Code, ANZFZ conducted scientific, risk-based assessments to determine 

whether or not to retain these maximum levels. The assessment indicated that many of the 

current MLs were not justified on public health and safety grounds. Where this was the case, 

they have not been included in the new Code. To bridge the information gap that may result 

from their removal, generally expected levels (GELs) have been introduced for certain metal 

contaminants to help manufacturers maintain the lowest achievable levels of contaminants in 

food. Unlike MLs, GELs are not legally enforceable, but they provide a benchmark against 

which to measure contaminant levels in food.  

In regards to the metals in this study, FSANZ has established ML for arsenic, cadmium and 

lead (Table 4.9). The ANZFA used to have ML set in their old food standards code for zinc 



Chapter 4 
 

146 

 

and copper but they have not been included in the new code. Generally expected levels 

(GELs) have been introduced by FSANZ to fill the information gap resulting from their 

removal (Table 4.10).  

MLs and GELs are given by FSANZ in wet mass. For comparative purposes, wet-to-dry mass 

conversion was applied to the FSANZ LMs and GELs values, using a multiplication factor of 

4.2 for crustacean, based on average moisture content of 76% (Sidwell et al., 1974), 6.7 for 

bivalves, which is based on average moisture content of 85% (SFEI, 1997) and of 3.3 for fish, 

which is based on average moisture content of 70% (US EPA, 2013). The LMs and GELs 

values in dry mass are given in Tables 4.9 and 4.10. 

Table 4.9. Maximum limit (ML) of metals for human consumption established by the Food 
Standards Australia New Zealand. 

Metal Organism ML (µg/g) wet mass  ML (µg/g) dry mass 

Arsenic 
Crustacea 2 8.4 

Fish 2 6.6 
Molluscs 1 6.7 

Cadmium Molluscs 2 13.4 

Lead 
Fish 0.5 1.65 

Molluscs 2 13.4 
 

Table 4.10. Proposed generally expected levels (GELs) for metal concentrations (given in 
90% percentile value) to advice the lowest achievable levels of contaminants in food for 
human consumption. 

Metal Organism GEL (µg/g) wet mass GEL (µg/g) dry mass 

Copper 
Crustacea 20 84 

Fish 2 6.6 
Molluscs 30 201 

Zinc 
Crustacea 40 168 

Fish 15 49.5 
Oyster 290 1943 

 

Based on the MLs and GELs values given by FSANZ (2013), most species contained arsenic 

concentrations above the ML recommended for human consumption. Zinc, copper and 

cadmium were detected above ML and GEL values mainly for oyster species, with sporadic 

specimens from other species above these values. 

Fish species had metal concentrations below MLs and GELs, except for arsenic. The fish 

species Sillago ciliate, Rhabdosargus sarba, Gerres sufasciatus, Mugil cephalus and 

Monacanthus chinensis, all feeding on benthos, had specimens with arsenic concentrations 
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above the ML of 6.6 µg/g recommended by the (FSANZ, 2013) (Appendix 2.5). It is 

important to note, however, that the ML is for inorganic arsenic and most arsenic in fish will 

be arseno-betaine. It is therefore not possible to make any real conclusion about the health 

risk arsenic might pose for these species. 

No maximum limits of these metals were developed in regards to the health of the animals 

themselves. The findings from this study show the urgent need for a risk assessment on metal 

effects on organisms of Lake Macquarie food web.  

 

4.5. Summary and Conclusions 

 

In general, metal concentrations measured in seagrass ecosystem organisms of Lake 

Macquarie are similar to those reported in previous studies with the exception of zinc 

concentrations that were higher in the present study. This was a result of inclusion of three 

invertebrate species in this study with high zinc concentration not studied before in Lake 

Macquarie: plankton, and the oysters Saccostrea glomerata and Ostrea angasi. If these three 

species are removed from the food web list, mean zinc concentration drops from 430 µg/g to 

89 µg/g. This finding highlights the importance of measuring metal concentrations at the 

species-level, as even closely related species have different abilities to accumulate zinc.  

Lake Macquarie biota is contaminated with metals above background levels when compared 

to other Australians estuaries with no history of industry. This contamination becomes 

obvious when metal concentrations are compared to metal concentration in biota of Lake 

Illawarra, another lake also receiving inputs of metals from coal-fired power stations and 

industries but with lower concentration of metals in its biota. From a worldwide perspective, 

Lake Macquarie biota metal concentrations are lower than in other grossly contaminated 

locations worldwide as a result of the lower levels of metals in Australian thermal coals 

compared to coal from USA and Canada. 

The use of stable isotopes to establish a food web network system was successfully applied in 

Lake Macquarie. All δ15N values increased from primary producer towards the top carnivore. 

The trophic fractionation value found in this study is a little under the trophic level 
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enrichment value of 3.4‰ often assumed for marine ecosystems, but consistent with results 

obtained by other investigators.  

Food web organisms from Lake Macquarie are feeding on three main sources of δ
13C: BMA 

or/and POM, detritus and seagrass associated components. Invertebrates, the group with 

highest variability in δ13C signal and metals, fed from all the three base components. Fish 

were mostly distributed according to their derived diet on seagrass-associated components. 

Mangrove and Zostera leaves are not being substantially incorporated into the diet of any 

organism in the seagrass food web. 

Herbivores/suspension feeders invertebrates was the group of organisms with highest metal 

concentrations, with the exception of lead and arsenic which was higher in plants and algae. 

This difference in metal concentration per group is related to differences in regulation 

mechanisms and physiology. Organisms of Lake Macquarie food web are bioaccumulating 

metals, but these are not being biomagnified through food chains. No difference in 

bioaccumulation was found between essential and non-essential metals in this study and, 

therefore, they are not regulating essential elements more efficiently than non-essential 

metals.  

The hypothesis that sediment-associated organisms would have higher concentrations of 

metals than pelagic species as a consequence of exposure to elevated metal concentrations in 

sediments was only confirmed for arsenic. For both invertebrates and vertebrates organisms, 

feeding influenced arsenic bioaccumulation in seagrass organisms of Lake Macquarie. For 

arsenic bioaccumulation, therefore, it is more important what organisms eat than where 

organisms live. In addition, arsenic was found to be biomagnifying in lower trophic levels in 

organisms that live within benthic habitats.  

Invertebrates was also the group with highest variability in metal concentrations between 

species, which can be a result of metal storage by granules or/ and attributed to the fact that 

the whole organism was analysed rather than only muscle as for fish. This finding emphasise 

the importance of measuring metal concentrations individually per taxonomic group.  

Metal concentration patterns within groups have shown clearly species-specific differences. 

Plants and algae species formed three groups: i) seagrass Halophila sp with high lead and 

copper concentrations; ii) seagrass Zostera capricorni, and the green algae Chaetomorpha sp. 

with high zinc and cadmium concentrations; iii) brown algae species Sargassum sp. with high 
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arsenic concentrations. Invertebrates also formed three groups: i) Sydney rock oyster 

(Saccostrea glomerata) and grazing gastropod (Bembicium auratum) with high copper 

concentrations; (ii) southern mud oyster (Ostrea angasi) with high cadmium and zinc 

concentrations; iii) polychaetes with high lead and arsenic concentrations. Vertebrate was the 

group with the least variability forming three groups less pronounced than for algae, plants 

and invertebrates: i) Gerres subfasciatus, Monacanthus chinensis, Sillago ciliate and 

Rhabdosargus sarba outstanding in arsenic concentration; ii) Gerres subfasciatus with high 

zinc concentrations; iii) Mugil cephalus and Hyporhamphus regularis with high copper 

concentrations. These species-specific differences in metal concentrations are related to 

physiological differences and feeding zone. 

Regarding the health risk these organisms can pose to human consumption, based on the MLs 

and GELs values given by FSANZ, arsenic was the metal with most species containing 

concentrations above the ML recommended concentration. Zinc, copper and cadmium were 

detected above ML and GEL values mainly for oyster species, with limited specimens from 

other species above these values. Fish species had metal concentrations below MLs and 

GELs, except for arsenic. The fish species Sillago ciliate, Rhabdosargus sarba, Gerres 

sufasciatus, Mugil cephalus and Monacanthus chinensis had specimens with arsenic 

concentrations above the ML of 6.6 µg/g recommended by the FSANZ, but the guidelines 

values are based on inorganic arsenic while most of the arsenic in fish is arseno-betaine. It is 

important to note that all these fish species feed on benthos, highlighting our findings of the 

influence of feeding zone in arsenic concentration in fish. No maximum limits of these metals 

were developed in regards of the health of the animals themselves, showing the urgent need 

for a risk assessment on metal effects on organisms of Lake Macquarie food web and for 

human consumption.  
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Chapter 5. Volatile Selenium Flux from a Selenium-

Contaminated Site near the Vales Point Power 

Station in Lake Macquarie 
 

 

5.1. Introduction  

 

In Australia over the past 100 years, the ecosystem of Lake Macquarie has been placed under 

increasing environmental stress by the combined effects of heavy industry and power 

generation activities. This estuarine lake, located approximately 20 km south of Newcastle 

and 100 km north of Sydney, has a catchment area of approximately 622 km2, making it the 

largest estuary in New South Wales (Figure 5.1). In the northern margin of the lake, a lead-

zinc smelter commenced operation in 1897, together with a fertilizer plant, steel foundry and 

sewage treatment works. In the southern margin, industrial growth on the western and 

southern boundaries of the lake has increased in the last 60 years with the establishment of 

three coal-fired power stations, one decommissioned in 1986 (Batley, 1987).  

One of the elements of major concern regard contamination of the lake from power 

generation activities is selenium. Selenium is found in four oxidation states (Doran, 1982). 

Selenate (+VI valence state), the most oxidized form of selenium, and selenite (+IV valence 

state) are highly water soluble and are known to be toxic to biological systems at relatively 

low concentrations (parts per million) (Pécheyran et al., 1998). Elemental selenium (+0 

valence state) is highly insoluble in water and therefore has minimum toxicity. The most 

reduced form of selenium selenide (-II valence state) is seldom a biological threat because it 

is readily oxidized to insoluble elemental selenium in the presence of air. Selenium gas fluxes 

to the atmosphere are expected to occur mainly through the formation of dimethyl selenide 

(DMSe) and dimethyl diselenide (DMDSe) (Chau et al., 1976; Cooke and Bruland, 1987; 

Jiang et al., 1983). 

Volatile selenium species are produced by biomethylation of inorganic species (+VI, +IV and 

0 valence states), and organic selenium species (Neumann et al., 2003). The 
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biotransformation of selenium in a lake is mediated by a diversity of living organisms such as 

fungi, microalgae, phytoplankton, zooplankton, aerobic and anaerobic bacteria which possess 

the capacity to oxidize or reduce a wide variety of selenium-containing species (Amouroux 

and Donard, 1996; Karlson et al., 1994; Neumann et al., 2003). In Lake Macquarie, seven 

types of bacteria were isolated from sediment by Peters et al. (1999a), six identified as 

Bacillus sp., B. brevis, B. sphaericus, B. mycoides, Shewanella putrefaciens, Callulomonas 

biazotea and one species not identified. All seven isolates were able to transform selenite 

quantitatively to elemental selenium, B.mycoides, S. putrefaciens, C. biazotea transformed 

selenate into elemental selenium and B. brevis and the non-identified species were able to 

transform selenite and selenate into gaseous forms, indicating a net loss of selenium from the 

media through volatilization. Gaseous selenium species identified are dimethyl selenide, 

dimethyl diselenide, dimethyl selenone and methane selenol, with dimethyl selenide being 

the most abundant (Atkinson et al., 1990; Neumann et al., 2003; Tessier et al., 2003). 

On the southern shores of Lake Macquarie, the two currently operating power stations Vales 

point and Eraring have been major contributors of selenium to the lake system (Batley, 1987). 

Selenium in residual ash from the coal combustion processes at the two stations flowing to 

the ash dams was reported by Davies and Linkson (1991) as being in both water soluble and 

water insoluble forms, with about 97-98% of selenium in the insoluble form. The selenite ion, 

Se (IV), was found to account for approximately 90% of aqueous selenium in the effluent, 

with the remainder being the selenate ion, Se (VI). Fly ash from the two stations was found to 

contain between 21-22 mg Se/kg ash. The estimated input of selenium from the ash dams into 

Lake Macquarie for the two current operational power stations was calculated as 113.15 

± 30.4 kg/yr selenate and 1018.35 ± 273.6 kg/yr selenite (Davies and Linkson, 1991), with 

selenite being the major species in this effluent. The input of selenium in Lake Macquarie is 

reported to have decreased since 1996, when Vales Point power station instigated new ash 

handling practices (Peters et al., 1999a). Previously, ash was slurried with lake water and 

pumped to an ash dam. Now the system recycles water from the ash dam back into the power 

station cooling water system, a practice that is expected to raise the soluble selenium 

concentration in the dam, but reduce the amount of suspended and dissolved selenium 

reaching the lake (Kirby et al., 2001). An attempt was made to obtain up to date information 

on selenium inputs in Lake Macquarie from both power stations but this has not been 

forthcoming, as it was considered to be commercial in confidence. 
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Although studies have shown that the selenium inputs in the lake are high and chronically 

exceed the limit imposed by the NSW Clean Waters Act (Davies and Linkson, 1991), there is 

no evidence of a biological impact on the resident biota. One explanation for this lack of 

biological impact, not previously studied in Lake Macquarie, is that the volatilisation of 

selenium by microorganisms occurs and selenium is lost from the sediments and waters 

(Diaz, 2008).   

The southern area of the Lake presents appropriate characteristics to produce significant 

volatile selenium in its shallow sediments. First, sediments in this area contain the major part 

of the total estuarine selenium inventory because of sorption and/or precipitation mechanisms 

(Maher et al., 2010). Second, the southern arm of the Lake is influenced by thermal 

enhancement from the return of power station cooling water, and together with the presence 

of primary producers such as mangroves, seagrasses, macroalgae and phytoplankton, can 

result in a very high productivity environment that promotes the growth of microorganisms 

(Nicholls, 1999). As volatile selenium species are produced by microorganisms, selenium 

flux to the atmosphere has been recognized as a potential pathway of decontamination of 

selenium in contaminated areas (Karlson et al., 1994). In this chapter, two main objectives are 

addressed. The first objective is to determine ultra-trace volatile selenium species dissolved 

into aqueous solutions of Lake Macquarie through developing a sensitive and efficient 

analytical method. The second objective is to quantify the mass balance of selenium removal 

from sediments of Lake Macquarie by using benthic domes incubation in sediments and the 

analytical method developed in this study.  

 

5.2. Material and methods 

5.2.1. Study Location 

Lake Macquarie,  located near Newcastle, NSW, Australia (151º 30’ E; 33º 00’ S) (NSW 

Waterways Authority, 2002) (Figure 5.1) was chosen for this study for its enriched selenium  

concentrations in sediment in comparison with other estuaries in Australia (Batley et al., 

1987; Kirby et al., 2001; Peters et al., 1999a). This high selenium concentration in the south 

part of the lake is a consequence of  the establishment of three coal-fired power stations on its 

margins, two of which still currently operate (Batley, 1987). Electric power is generated from 
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burning coal at Eraring and Vales Point, and was previously alsogenerated at Wangi Wangi. 

The combined output of the two currently operating stations is 4200 MW, which is a large 

part of NSW's electricity generating capacity. Overflow from ash-dams and stack emissions 

associated with the coal-power stations in operation around the lake contribute to the inputs 

of selenium to the lake (Davies and Linkson, 1991).  

A study of selenium concentrations in lake sediments was carried out (Appendix 1.5) and a 

selenium hot spot selected for the incubation chambers in Morisset, in the southwest end of 

Lake Macquarie (Figure 5.1). This site presented an average selenium sediment concentration 

of 5.62 µg/g (Schneider, 2013 unpublished data). 

 

 

Figure 5.1. Location of the selenium volatilization experiment in Lake Macquarie, NSW, 
Australia. The black circle represents the domes emplacement location at Morisset Bay and 
the Xs are the location of the ash dams of Eraring and Vales Point Power Stations. 
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5.2.2. Whole System Experiments 

5.2.2.1. Sampling using domes 

Selenium flux measurements were conducted in May 2013. Due to time constrains, the 

experiment could not be run in summer and calculations based on benthic microoganisms 

respiration rates were used to predict annual selenium flux values. Sampling of water to 

measure volatile selenium species released from bottom sediments was undertaken by 

deploying dome-shaped Perspex chambers (diameter = 295 mm, height = 250 mm; Figure 

5.2).  The domes were positioned in shallow water (< 50 cm) directly in contact with the 

sediments, and left in place for a fixed sampling period of 180 min (Udy et al., 2001).  Each 

dome had an inlet and an outlet connection point on the top between which a length of Teflon 

tubing (12 mm OD, 10 mm ID) was connected.  The length of the tubing was sufficient 

(typically 12 cm) to have its internal volume represented the volume of water to be collected 

(approximately 1 L). Attached to the Teflon tube was a pump (Whale GP99, 12V in-line 

pump) to circulate the water within the dome and the associated tubing in order to balance the 

concentrations of volatile selenium from within the system (Figure 5.2).   

 
Figure 5.2. Schematic diagram of the sediment incubation dome. An in line pump to circulate 
water within the dome was used to balance the concentrations of selenium within the system. 
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Water was collected by detaching the 12 m Teflon tubes attached to the dome and 

transferring its water to a 1 L PFA bottle. The ends of the Teflon tubes were closed with 

gloved hands for transporting the Teflon tubes to the PFA bottle to avoid water loss and 

exchange with new lake water. This transfer procedure was done by two people to ensure that 

no water exchange occurred in the dome or in the Teflon tube, and that water was not lost 

from the Teflon tube.  

A dissolved oxygen meter (TPS WP-82) was attached to the top of the chamber to measure 

oxygen concentrations in the water inside the chamber. In order to reflect natural conditions 

in the Lake, water samples were taken before the oxygen concentration decreased to 3 mg/L. 

Dissolved oxygen was measured every 30 min to ensure water inside the dome did not go 

anoxic.  

A total of seven domes were incubated for 3 h in sediments and 1L water samples were 

collected. Incubation times were based on trials carried out in 2012 which showed 3 h was 

the maximum time domes could be incubated before anoxia (DO < 3 mg/ L). 

 

5.2.2.2. Cryogenic Trapping and Analysis 

The volatile selenium species contained in water in the sealed PFA collection bottles, were 

separated and analysed by first subjecting them to purging and cryogenic trapping. The 

apparatus used is shown in Figure 5.3.  This operation was undertaken in the field to avoid 

degradation and loss of selenium species in water samples during transport to our laboratory 

and the associated holding time. A mobile laboratory was set up with the cryogenic trapping 

system and the Atomic-Fluorescence Spectroscopy (AFS) (Appendices 4.1 to 4.3). 
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Figure 5.3. Schematic diagram of the cryogenic trap – Atomic Fluorescence Spectrometry 
system (AFS). Helium enters the PFA bottle, purging volatile forms of selenium through the 
Teflon water trap U tube which contains dry ice/ethanol to remove moisture. The gases are 
then passed through a silanised Pyrex® glass tube packed with Chromosorb to concentrate 
selenium species. This glass U tube is then heated to release the selenium species which are 
measured by the AFS. 

 

The cryogenic trap system consisted of the following components and operations: 

a. Two holes were drilled into the cap of the PFA bottles into which PFA fittings were 

placed and PTFE tubes (3.2 mm OD, 1.6 mm ID) tubes were inserted. One of the PTFE tubes 

introduced helium to the water sample and had a stainless steel aquarium bubbler attached at 

its end. The second line was a transfer line between the purge cell and the water trap.  

Selenium standards of 0 ng/ L, 0.5 ng/ L, 2.5 ng/ L and 5 ng/ L DMSe and 0 ng/ L, 2.5 ng/ L, 

12.5 ng/ L and 25 ng/ L DMDSe were spiked into the bottle together with the lake water to 

produce a calibration  curve in order to establish the concentrations of volatile species in the 

lake water. 

b. Water in the PFA bottles was purged for 30 minutes with helium at 80-100 mL / 

min, into a water trap consisting of a U-shaped Teflon tube ( 12 mm OD, 09 mm ID)  placed 

in a small dewar flask filled with dry ice and ethanol (-55°C). This removed moisture from 

the gas stream. As water accumulates in the trap, clogging can occur, reducing the helium 

flow rate. To avoid this problem, the water trap was replaced every hour.  

c. The volatile selenium species were then trapped on a chromatographic column, a 

glass trap (-196°C, liquid nitrogen). The glass trap is a U-shaped silanised Pyrex® glass tube 

(6 mm OD x 2.7 mm ID and 30 cm in length; Minson Scientific Glassblowing, Australia) 

packed with 10 cm of SE-30 5% Chromosorb W-HP 60/80 mesh (Deltron Pty Ltd, Australia). 

Helium carrier gas 

Water Sample 
in PFA bottle 

Inert bubbler 

Packed cryogenic Helium carrier gas 

Teflon water 
trap LI-tube 

columns stored In a ..._ 
liquid nitrogen dewer 

Packed 
cryogenic 
trapping 
column 

Dry ice/ ethanol 
trap 

Liquid nitrogen 
trap 

Liquid 
nitrogen 
dewer 

Hydride trapping device 

AFS 
Computer 



Chapter 5 
 

157 

 

The glass was silinised using 5% dimethyldichlorosilane (DMDCS) Toluene (Sigma-Aldrich 

Co, Australia) and immediately rinsed using hexane (97.8% n-hexane OmniSolv®). The 

cryogenic trap was wound with 160 cm of resistance wire (Cuprothal, 6.09 Ω m -1, Dick 

Smith Electronics, Australia) to allow later heating to volatilize the selenium species for 

analysis. For the trial exercise in October 2012, the cryogenic traps were stored in a liquid 

nitrogen-filled dewar flask for transport to the laboratory, but subsequent analysis of the 

samples revealed problems of storage during transport, thus the final sampling was 

undertaken in the field to avoid degradation of the water samples during transport and 

associated holding time. 

d. A motorized cryofocusing unit was designed and built to lower and raise the hydride 

trap into and out of a liquid nitrogen dewar flask and to control the heating of the hydride trap 

(Figure 5.3) (Ellwood and Maher, 2002). This unit was built in connection with an on/off 

switch which contained all the microswitches necessary to control the lifting of the hydride 

trap out of the liquid nitrogen dewar before allowing the heating step to begin. Software was 

developed in LabVIEW and, together with a USB-controlled relay board (Denkovi), enabled 

control of the motorized cryofocusing unit.   

e. When the cryogenic trap is raised from the liquid nitrogen dewar, the reading and 

heater system is immediately turned on using two programs: (1) 4 s on and 2 s off for 70 s 

and (2) 4 s on and 4 s off for 50 s.  DMSe is released after 60 s and DMDSe after 90 s. The 

reading step stops at 240 s. Selective desorption and separation of the volatile selenium 

species was based on their difference of boiling point during gentle warming of the column 

and was obtained using a helium flow of 100 cc/min. Heating of the column was obtained by 

the resistance wire coiled around the column after removal from the cryogenic liquid nitrogen 

bath. Optimum operating parameter times are summarised in Table 5.1. 

f. The column was directly connected by a short PTFE transfer line (100 cm) to a PS 

Analytical atomic fluorescence spectrometer to convert the dimethylselenium species to 

elemental selenium atoms that are quantified using the AFS detector PSA 10.055 Millenium 

Excalibur (PS Analytical). A Perkin-Elmer Hydrogen Generator PGX-H2 (500 mL/min) was 

used to produce hydrogen to obtain a stable flame in the AFS in place of the standard sodium 

borohydride and HCl to operate the AFS flame. The software developed in LabVIEW, which 

enabled control of the motorized cryofocusing unit, was also used to measure samples as it 

was interfaced to the spectrometer for data acquisition and signal integration. 
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Table 5.1. Optimised operating parameters for purging and cryogenic trap system. 

Step Operation Duration (s) 

1 Cryogenic trap is lowered into the liquid nitrogen. 15 

2 Sample is then purged for 30 min. 1800 

3 Cryogenic trap is raised from the liquid nitrogen.  2 

4 Heater programming 1 is turned on for 70 s and 

programming 2 for 50 s.  AFS starts reading 

sample simultaneously for 240 seconds. 

240 

  

All glassware, tubing and fittings used were cleaned with Decon Neutracon® and left soaking 

overnight, thoroughly rinsed with deionized water, soaked for 2 days in a 10% nitric acid 

solution and finally rinsed with deionised water before use. 

 

5.2.2.3. Cryogenic trapping purging time and optimization 

Prior to the field sampling, purging curves were established in the laboratory using different 

purging times and selenium recoveries measured in order to find the time of best recoveries. 

Selenium standards were prepared by spiking DMSe and DMDSe in a 5 L deionised water in 

the laboratory. Standards were prepared in the concentrations of 1 µg/L for both DMSe and 

DMDSe, and at lower concentration of 5 ng/ L of  DMSe and 25 ng/ L DMDSe to reflect field 

concentrations. Each concentration was purged for 5, 15, 30 and 60 min to measure 

recoveries. 

 

5.2.2.4. Reagents and standards 

All reagents used were analytical reagent grade or better.  Selenium stock standards were 

prepared from dimethyl selenide (CH3)2Se (Sigma Aldrich; > 99.0%) and dimethyl diselenide 

(CH3)2Se2 (Sigma Aldrich; 96.0%). Standard individual solutions (concentration 10 mg/L) 

were prepared by diluting the stock solution in deionised water (Sartorius). 

Helium (99.995%) used to purge the traps was supplied by Coregas, Canberra, Australia.  



Chapter 5 
 

159 

 

5.2.3. Selenium Flux Estimates for summer and Annual Flux Calculations 

Once the dome sampling and cryogenic trapping methodology was optimized, a full field 

experiment was conducted in May 2013. The initial idea was to sample at least in winter and 

summer time in order to establish the annual mass balance of selenium of Morisset Bay in 

Lake Macquarie.  Due to time constrains, the experiment could not be run in summer and 

calculations were used to estimate selenium fluxes in summer based on benthic 

microorganisms activity (Jaimie Potts, unpublished data).  

Heterotrophic benthic community respiration rates (benthic microorganisms activity) are 

most often estimated by measuring changes of dissolved oxygen concentration through time 

during in situ and/or laboratory incubations (Schapira et al., 2009). Benthic community 

respiration rates have been measured in Lake Macquarie sediments (Jaimie Potts, 

unpublished data) and were used here to estimate selenium fluxes for the whole year. 

For the benthic microorganisms respiration rate experiment, Potts (unpublished data) 

collected sediment samples in four sites (depth of < 50cm) close to Morisset Bay, the same 

location as for the domes experiment in this study at two times: September 2012 i.e. early 

spring, with a water temperature of 18° C, and in February i.e. late summer, with a water 

temperature of 24° C. At each site, temperature and salinity were recorded and sediment 

samples transferred to four cores contained in an incubation system set with the same water 

parameters as for the time samples were collected. The incubation system excluded light in 

order to measure benthic microorganisms oxygen consumption independently of the water 

column oxygen consumption. The sediments were incubated for 2 h. Dissolved oxygen (DO) 

was measured in sediment and water column blanks at the beginning of the experiment and 

again after 2 h incubation using a Hach BOD oxygen meter. Water column respiration rates 

were subtracted from sediment water respiration rates to estimate sediment DO consumption.  

These results were used to build a linear model of the relationship between microorganism 

activity and water temperature (Appendix 4.5). Benthic microorganisms oxygen 

consumptions for each month was estimated based on Lake Macquarie water temperatures 

(Nicholls, 1999) Appendix 4.6, following equation 1: 

cd/01234`YW01 = ��,
�+
e, & 	��e
	 ) -
�e
��,*�
 [µmol/ m2/ h] (Eq. 1) 
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The selenium flux per month was then calculated using May measured flux multiplied by this 

microorganism DO consumption ratio for a given month. Benthic microorganisms ratio here 

was defined as the DO consumption in a given water temperature divided by DO 

consumption in water temperature 18º C (temperature in which selenium flux was measured) 

(Appendix 4.6). 

 

5.2.4. Selenium Readings and Annual Flux Estimates 

A calibration curve was used to find the concentration of the unknown sample of DMSe and 

DMDSe. This process involved the following steps: 

a. A blank was obtained by purging a sample of open Lake water for 30 min and peak 

area read using a AFS. 

b. A calibration curve was prepared in concentration range 0 to 25 ng/ L and peak areas 

were calculated. These standards were prepared using open lake water and purging time set 

as 30 min.  

c.  A linear regression was applied to the standard results to find the slope for the line 

which best fit the data. 

d. Water collected from the domes was purged for 30 min and DMSe and DMDSe 

peaks area calculated from the AFS readings.  

e. The blank peak area was extracted from the measured peak area of selenium from 

dome water to find the final DMSe and DMDSe peak area. 

f. Selenium concentrations in the dome waters were calculated using equation 2: 

 

f�,
�	+��+
�,��,��� =
A
;65; − A-cW1Y56/5`Y

A-c2g0`5

 
[ng/ L] (Eq. 2) 

where: 

Se area = dome water selenium peak area. 

STD intercept = intercept from the regression model for standards. 

STD slope =  slope from the regression model for standards. 
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g. Selenium flux (ng/ L) per m2 per hour was calculated using equations 3 : 

!�*h:045 =	
A
/01/ )	i�,
�X0g

j�
�:045

-��


		 
[ng/ L/ m2/ h] (Eq. 3) 

where: 

Se conc = Se concentration in the dome water obtained from equation 2. 

Water vol = volume of water collected from the dome in litres. 

Area dome = area of the dome in m2. 

Time = time dome was incubated in hours. 

h. Selenium flux (g/ h) for the whole lake was calculated using equation 4 : 

.�k
	l�*h_036 =	
!�*h:045 ) .�k
;65;

+ = 1000000000
 

[g/ h] (Eq. 4) 

where: 

Lake area : The area of Lake Macquarie in m2 

c = coefficient to transform units from ng to g. 

i. Selenium flux (g/ May) for the whole lake was calculated using equations 5 : 

.�k
	l�*h];< = !�*hg;�5 	) 	c�m_0362 	) F��,ℎ:;<2 [g/ May] (Eq. 5) 

where: 

Day hours = 24 hours. 

Winter days = Number of days per month, set as 30. 

j. Selenium flux (g/ year) for the whole lake was calculated using equation 6: 

.�k
	l�*h<5;6 	= .�k
	l�*h];< 	)	 (F�+�������	�		��,��o;13;6<)… [g/year] (Eq. 6) 
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where: 

Microorganisms ratio = given in Appendix 4.6. 

Note: This formula is the sum of lake flux in May multiplied by benthic microorganisms rate 

for each month. For May, there was no need to multiply lake flux by the benthic 

microorganisms ratio as it was the month selenium was measured.  

 

5.3.  Results 

 

5.3.1. Dome Incubation Optimized Time 

Incubation of domes at four different times showed that 180 min was the optimum time to 

incubate domes for water collection to achieve maximum selenium transformation by benthic 

microorganisms before anoxia i.e. DO < 3 mg/ L (Table 5.2). 

Table 5.2. Optimization time for incubation of domes to measure benthic microorganisms 
selenium gaseous forms production before anoxia in Morisset Bay in Lake Macquarie. 

Dome 

No. 

Water collection times 

(minutes) 
Replication 

DO reading 

(mg/ L) 

Total no. 

of samples 

1 30, 60, 90, 120, 150, 180 1 every 30’ 8.2, 8.0, 7.7, 7.6, 7.3  6.7 4 

2 30, 60, 90, 120, 150, 180 1 every 30’ 8.1, 7.5, 7.2, 7.1, 6.7, 6.5 4 

3 30, 60, 90, 120, 150, 180 1 every 30’ 7.0, 6.8, 6.0, 5.2, 4.8, 4.5 4 

 

5.3.2. Cryogenic Trapping Purging Time and Optimization 

Purging times and recoveries of both low concentration (1 ng/ L) and high concentration 

(1µg/ L) DMSe standards are shown in Figure 5.4. Purging times and recoveries of both low 

concentration (25 ng/ L) and high concentration (1 µg/ L) DMDSe are given in Figure 5.5. 

These results demonstrated that the optimum purge time is 30 min for both the high 

concentrations (1 µg/ L DMSe and DMDSe) and the low concentrations (5 ng/ L DMSe and 

25 ng/ L DMDSe) of both volatile selenium forms. 
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Figure 5.4. DMSe signals and purging times (1 L of sample). 

 

 

Figure 5.5. DMDSe signals and purging times (1 L of sample). 
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5.3.3. Selenium Peak Areas and Field Work Calibration Curves 

The concentrations and peak areas of DMSe and DMDSe standards prepared in the field, 

used to produce calibration curves, are given in Table 5.3. 

The separation of DMSe and DMDSe peaks after optimization of the system was set as about 

60 s for DMSe and 90 s for DMDSe (Figure 5.6).  

Table 5.3. DMSe and DMDSe standards recovery prepared in the field using Lake Macquarie 
water. Standards were purged with helium for 30 minutes. 

Standard 
DMSe DMDSe 

Peak area Concentration (ng/ L) Peak area Concentration (ng/L) 

Blank 0 0 0 0 
Std 1 3 0.5 8 2.5 
Std 2 24 2.5 86 12.5 
Std 3 41 5 144 25 

 

 

Figure 5.6. Separation of DMSe and DMDSe spiked at Lake Macquarie water using the 30 
minutes purge and trap system. 

 
The calibration curve of DMSe standards at concentrations of 0 ng/L, 0.5 ng/L, 2.5 ng/L is 

shown in Figure 5.7. The slope was 8.84 (95% CI: 8.5 to 9.18) and the intercept was fixed at 

(0,0). The calibration curve of DMDSe standards at concentrations of 0 ng/L, 2.5 ng/L, 12.5 
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5.3.4. Volatile Selenium Fluxes 

DMSe was the main volatile selenium species found in waters from Lake Macquarie, with an 

average flux of 0.83 ng/m2/h + 0.56 in May 2013, with all the DMDSe samples at 

concentrations below the detection limit of ~1 ng/L or 4 ng/m2/h (Table 5.4).  

Table 5.4. Selenium volatilization flux per hour using dome incubation and purging and trap 
system in Morisset Bay in Lake Macquarie. 

 DMSe DMDSe 
Oxygen* 
(mg/ L) Peak area 

Concentration 
Peak area 

Concentration 
(ng/m2/h) (ng/m2/h) 

Dome 1 6.5 2.0 0.9 0.0 BDL** 
Dome 2 7.7 1.7 1.1 0.0 BDL** 
Dome 3 6.7 2.0 0.7 0.0 BDL** 
Dome 4 5.2 2.1 0.6 0.0 BDL** 
Dome 5 2.8 1.7 1.9 0.0 BDL** 
Dome 6 2.9 0.1 0.1 0.0 BDL** 
Dome 7 6.3 0.5 0.6 0.0 BDL** 

* Oxygen measured at the time of water collection. 
** Below the detection limit of ~1 ng/L or 4 ng/ m2/ h. 

 

The average estimated DMSe volatilization flux per month in the entire Lake Macquarie is 

given in Table 5.5. As previous studies reported benthic microorganisms activity and water 

temperature increases in summer, the estimates are that the summer flux would be around 

3000 times greater than the winter flux. The annual selenium flux in the entire lake was 

calculated as 24 kg Se/ year.  
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Table 5.5. Water temperature, DO consumption by benthic microorganisms, DO consumption 
ratio between May and other month, and estimated lake selenium flux per month in Lake 
Macquarie. 

Month 
Water 

temperature DO consumption DO ratio* Selenium flux 

(° C) (umol.m-2.hr -1)  (g/ month) 

January 29.1 1693 6.1 3645 

February 26.5 1346 4.9 2928 

March 26.5 1346 4.9 2928 

April 24.2 1040 3.7 2211 

May 20.3 518 1.9 1135 

June 16.2 0 0 0 

July 15.4 0 0 0 

August 20.5 540 1.9 1135 

September 23.2 906 3.3 1972 

October 26.2 1310 4.7 2809 

November 25.5 1210 4.4 2629 

December 25.7 1240 4.5 2689 
* Values estimated using equations presented in 5.2.4. 
** DO consumption rate negative, assume no volatile selenium production.  

 

5.4. Discussion 

 

5.4.1. Dome Optimization 

The perplex domes used are standard domes used for benthic microorganisms respiration and 

flux studies. One of the critical issues faced, though, was the water collection procedure. 

Water collection was first planned to be conducted by sucking the water out of the dome 

using a needle and syringe. The problem was that the vacuum inside the dome did not allow 

the water to be extracted in enough quantity. The best method was to attach a 12 m Teflon 

tube and detach the tube and collect the water inside. The 12 m tube gave about 1 L of water 

collected from the dome. This method allows sections of the tube to be detached at different 

times, so production of volatile selenium species over time can be measured.  

The disadvantage of using Teflon tubes for water collection, though, was the cost of tube of 

about U$15 per meter. 
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5.4.2. Purging System 

An important consideration in designing the purging system was the use of a bubbler device 

that produces very small bubbles, as the transference of the volatile compounds to the gas 

phase depends on bubble size which controls the liquid-gas interface area. Small bubbles 

result in a larger extraction yields. Another important consideration was to ensure that the gas 

is not lost in any part of the system. The use of appropriate fittings was required to ensure 

leaks did not occur. The most problematic part was the Teflon bottle lid, because it is 

regularly handled and the fittings tend to become loose. The fittings were checked prior to 

use using an Allteck leak checker. 

The determined optimum purging time of 30 min is lower than the 1 h purge time reported as 

ideal by Ammouroux and Donard (1996) and Pecheyran et al. (1998), but higher than the 15 

min reported by Diaz et al. (2008). The difference in the purging time, is a reflection of the 

helium flow rate, which was set as 300 mL/ min for the study of Ammouroux and Donard 

(1996), 0.5 mL/ min in Pecheyran et al. (1998) and 500 mL/ min in Diaz (2008). Although 

increasing the helium flow lowers the purging time, consideration should be taken to balance 

flow rate versus volatile compound recovery. Increasing flow rates will lead to the formation 

of larger bubbles and diminish the exchange capacity of the gas passing though the sample 

(Baykut and Voigt, 1992). In addition, increased flow rate can induce problems in terms of 

flow rate regulation, conditioning of the packing material and a reduction of the water trap 

efficiency.  

 

5.4.3. Water Trap 

Attention was taken to avoid excessive condensation of the water in the water trap to prevent 

its clogging. It is important to note here that, whatever method is used as a water trap, it 

should be monitored closely to avoid temperatures reaching below -30º C as condensation 

will result in the loss of volatile selenium species in the water trap (Pecheyran et al., 1998). 

Severe effects due to condensation start to occur at temperature below -30º C for DMDSe and 

-60º C for DMSe.   

 In addition, when replacing the moisture trap, the use of a new dry Teflon tube is 

recommended or if reusing the same tube, use a hair drier or similar to completely dry the 
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tube.  Excessive moisture leads to a sensitivity loss and baseline drift. During the 

optimization process, on some occasions, moisture remained inside the drying tube. This 

moisture was transported to the cryogenic trap and damaged the Cromosorb packing material. 

This problem is easily recognised as volatile selenium species do not come out of the 

cryogenic trap or if they do they have completely different retention times. If this happens, 

the cryogenic trap should be changed. 

 

5.4.4. Cryogenic Trap 

The cryogenic trap was first made of Teflon. The decision to change the trap material to 

Pyrex® glass came after the heating system started to melt part of the Teflon tubes.  

The traps were silanised to avoid selenium adsorption to the glass, a disadvantage over the 

Teflon tube. In addition, after using the glass trap, it was quite hard to remove the Cromosorb 

inside. The glass trap had to be placed in a 100º C oven for about 1 h before the Cromossorb 

could be removed. 

In order to quantify DMSe and DMDSe independently, a differential heater system had to be 

developed to elute DMSe and DMDSe peaks based on their boiling points of 55ºC and 152ºC 

respectively. The DMSe and DMDSe peak times of about 60 s and 90 s, respectively, were 

slightly earlier than the 78 s DMSe and 114 s DMDSe reported by Pecheyran et al (1998) and 

100 s DMSe and 180 s DMDSe reported by Ammouroux and Donard (1996) using similar 

systems to those used in this study. The fast and effective peak separation was achieved in 

this study by using a switch board and setting up a system that turns the heater on and off 

continuously (Figure 5.6). 

 

5.4.5. AFS Use 

After the first field trial of the domes, water samples were transported back to the laboratory 

at the University of Canberra by placing the glass traps in a dewer filled with liquid nitrogen. 

This can cause damage during transportation, or if the liquid nitrogen runs out, samples will 

be lost. In addition, samples were analysed using an ICP-MS at this time, and unfortunately 
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due to transport problems, liquid nitrogen entering the glass tubes generated technical 

problems with the ICP-MS and samples could not be measured properly and were lost.  

The AFS system used was modified by using a hydride (H2) generator to supply H2 for AFS 

flame. This resulted in a very stable flame and relatively stable base line and allowed 

measurements to be made in the field immediately after samples were collected. 

 

5.4.6. Volatile Selenium Fluxes 

DMSe was the main species found in waters from Lake Macquarie, with all of the DMDSe 

measurements below the detection limit of of ~1 ng/L or 4 ng/ m2/ h. This is in agreement 

with worldwide studies showing that DMSe is the main selenium species in the eastern 

Mediterranean seas (Amouroux and Donnard (1996), in the Great Salt Lake in the USA (Dias 

et al, 2008), and in the Girond estuarine environment in France (Pecheyran et al., 1998).  

The annual flux of 24 kg DMSe per year in whole Lake Macquarie based on microorganism 

activity rates and water temperature is only preliminary as estimates did not consider other 

important factors that affect selenium transformation, such as plankton biomass and primary 

productivity,  nutrient limitation and depth of sediments (Amouroux and Donnard, 1996; 

Diaz, 2008; Pecheyran et al., 1998). In addition, factors not considered here which are 

specific to Lake Macquarie are the water temperature that can be up to 10 degrees higher 

closer to the power stations outlet canals (Nicholls, 1999), and higher selenium 

concentrations in sediment in parts of the northern area of the lake (Batley, 1987).  

In addition, another potential problem that needs to be assessed is the loss of the volatile 

forms to the domes. Diaz (2008) has reported a loss of 25% of volatile selenium due to losses 

in their system and corrected measured values for 25% recovery according to a regression 

model elaborated for this correction.  

It was not possible to consider most of the factors affecting volatilization of selenium in our 

estimates, therefore the selenium flux in Lake Macquarie will not be compared with other 

places in previous studies. Further studies are needed to make any appropriate comparison 

between environments.  
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5.5. Summary and Conclusions 

 

Water collection from domes using a Teflon tube was used for the first time in this study and 

was found to be an efficient technique to collect different volumes of water. Sections of the 

tube can be detached at different times, allowing the production of volatile selenium species 

over time to be measured.  

The optimum purging time of 30 min of 100 mL/ L helium has shown to be optimal for this 

work to avoid formation of larger bubbles that diminish the exchange capacity of the gas 

passing though the sample and affect the conditioning of the packing material in the trap. The 

bubbler device that produces very small bubbles and the use of appropriate fittings were 

important details to ensure leaks did not occur and resulted in good recoveries of selenium 

gases. 

The water trap should be monitored closely to avoid temperatures reaching below -30º C as 

condensation will result in the loss of volatile selenium species in the water trap and to avoid 

excessive moisture clogging the trap because of the formation of ice.  

It is advisable to produce a cryogenic trap using Pyrex® glass to avoid heat damage which 

can occur in Teflon tubes during the heat phase. It is also advisable to analyse samples in the 

field to avoid loss of samples during transportation.  

The DMSe and DMDSe peaks were successfully obtained by optimizing the heating system 

with two different programs based on their boiling points 55 ºC and 152º C respectively. The 

ideal heater system was acquired by using a switch board and setting up a system that turns 

the heater on and off continuously, producing DMSe and DMDSe peak times of about 60 s 

and 90 s, respectively. 

DMSe was the only selenium species found in waters from Lake Macquarie, with DMDSe 

measurements below the detection limit of ~1 ng/L or 4 ng/ m2/ h. This is in agreement with 

other studies. The annual flux of 24 kg/ year in the whole of Lake Macquarie based on 

benthic microorganism activity rate and water temperature is a preliminary figure as 

estimates did not consider other important factors, but it shows that volatilization is occurring 

and that this mechanism should be studied in further detail to assess this process as a potential 

mechanism for the loss of selenium from Lake Macquarie.  
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Chapter 6. Synopsis 

 

This study sought to investigate the biogeochemical cycle of metals in seagrass ecosystems to 

understand how metals bioaccumulate and biomagnify in these ecosystems. As well, a 

method to measure selenium volatilization from sediments was developed to guide future 

management plans to assess the risk of contamination. The study also sought to assess if 

metal concentrations are posing risks to wild life and humans, using Australian metal 

guidelines, where they exist. Returning to the hypothesis/ question posed at the beginning of 

this study, it is now possible to state that selenium is a major contaminant in Lake Macquarie 

and Lake Illawarra sediments but ash handling procedures and volatilization process are 

mitigating the accumulation of selenium in sediments and its effects on benthic organisms. 

In this final chapter, the research contributions of this dissertation will be synthesised and 

directions for future research reviewed. 

 

6.1. Research Contributions 

The following are the main research contributions of this dissertation: 

Recent History of Metal Contamination in Sediments of Australian Estuaries Receiving 

inputs from Coal-Fired Power Stations (Chapter 2). This study has shown that of the 

estuarine lakes in NSW receiving inputs from coal-fired power stations and embayment 

areas, Lake Macquarie is the lake with highest metal concentrations and has the potential to 

concentrate metals in hot spots that should be of special concern. Arsenic and selenium 

concentrations cannot be used by themselves to assess the history of contamination as they 

are mobile within sediment cores and therefore deposition history needs to be established 

using other metals. The low metal concentrations in Lake Budgewoi show that power stations 

contribute minor inputs of metals to this lake, and that ash dam overflow may be the main 

source of metals. One of the more significant findings to emerge from deposition history is 

that new ash-handling measures taken by Vales Point Power Station in Lake Macquarie have 

been effective in decreasing metal concentrations in the lake sediments. 
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Selenium Bioaccumulation in an Estuarine System Receiving Inputs from Coal-Fired 

Power Stations (Chapter 3). Selenium concentrations in biota of Lake Macquarie are shown 

in this chapter to be greater than for other Australians estuaries, but considerably lower than 

selenium concentrations found in organisms elsewhere in the world as a result of low trace 

element concentrations in Australian coal. The second major finding was that 

bioaccumulation and biomagnification of selenium occurs in Lake Macquarie seagrass food 

webs and that organisms dwelling in or feeding on benthos of sediments have higher 

selenium concentrations than pelagic organisms feeding in the water column. This evidence 

suggests that attention should be devoted to benthic organisms feeding on benthos as these 

organisms might be the first to face health effects due to selenium toxicity. This work was the 

first study in Australia to apply the selenium biogeochemical model of Presser and Luoma 

(2010) and has shown that the residence time in Lake Macquarie waters and the dissolved 

and particulate selenium speciation contribute positively to the environmental partitioning 

and bioavailability of selenium. This indicates that, although selenium inputs in Lake 

Macquarie are lower than other parts of the world, it is an environment with a high potential 

for selenium to enter food webs.  

Bioaccumulation of Copper, Zinc, Arsenic, Cadmium and Lead in Aquatic Food Webs 

of Lake Macquarie (Chapter 4): One of the more significant findings to emerge from this 

chapter is that copper, zinc, arsenic, cadmium and lead are not biomagnified in food webs of 

Lake Macquarie and attention should be devoted to all organisms irrespective of their trophic 

level. The results also show that organisms of Lake Macquarie are not regulating essential 

elements more efficiently than non-essential metals and, therefore, all the metals should be 

considered as having same potential for bioaccumulation and their potential risk should be 

assessed considering their toxicity. This study emphasises the importance of measuring metal 

concentrations in individual species, as invertebrates had a great variability in metal 

concentrations between species as a consequence of different depuration and sequestration 

processes. In addition, feeding zone was shown to be an important factor influencing arsenic 

concentrations in sediment-associated organisms, indicating that attention should be devoted 

to organisms feeding on benthos when studying arsenic. For arsenic, most species contained 

concentrations above the maximum levels (ML – see chapters 3 and 4) recommended for 

human consumption provided by the Food Standards Australia New Zealand (FSANZ, 2002), 

being that all fish species above the ML were feeding on benthos. Zinc, copper and cadmium 
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concentrations above ML and GEL values occurred mainly in oyster species, with limited 

specimens from other species above these values. 

Volatile Selenium Flux from a Selenium-Contaminated Site near the Vales Point Power 

Station in Lake Macquarie (Chapter 5): This study filled the most important gap in 

understanding the selenium cycle in Australian estuarine ecosystems by showing the potential 

of volatilisation of selenium in Lake Macquarie as a removal mechanism for selenium. Only 

a limited number of international studies have attempted to measure selenium fluxes and this 

was the first study in Australia to develop an effective method to do so. Water collection 

using Teflon tubes enabled the measurement of volatile selenium production over time. The 

purge and trapsystem developed in this study permitted the separation of DMSe and DMDSe 

based on their boiling points. This study has shown that DMSe was the main species found in 

waters from Lake Macquarie and an estimates of selenium annual flux of 24 kg/y in the Lake 

indicates that volatilisation is occurring and supports further studies to measure this flux in 

detail in order to assess the potential of this mechanism to remove selenium from Lake 

Macquarie sediments. This model was only established a rough estimate and future studies 

should consider all environmental factors involved in the process of volatilization to make a 

precise measurement. 

 

6.2. Recommendation for Future Research 

This research has raised questions that need further investigation. Further research might 

explore the species of metals in sediments and the role of redox potential in controlling the 

availability of metals and their incorporation into food webs. In addition, work is needed to 

evaluate the ongoing effectiveness of the Vales Point ash handling procedures in terms of 

controlling the long-term inputs of metals. A limitation of this study to be considered in 

future studies is the thickness of sediment layers for analysis of history of contamination. As 

these three estuarine lakes have typical low sedimentation rates ( <0.5 cm/y), future studies 

should consider the collection of fewer longer cores in hot spot areas and the use of thinner 

layers to evaluate changes and measure background metal concentrations. The background 

metal concentrations will give more reliability to the timeframe of inputs and other industrial 

activities and can be used to cross-check the sediment aging. The hypothesis that ash 

handling procedures implemented by the Vales Power Station were effective in decreasing 



Chapter 6 
 

175 

 

contamination of metals of southern Lake Macquarie has been supported, but if cores had 

been sliced in thinner layers, historical metal concentrations changes would have been more 

detailed, as would estimates of sedimentation rates.  

Further research on selenium bioaccumulation and biomagnification might consider 

consistency in the use of biomagnification factors and statistical analysis. The comparison of 

literature data has been difficult because of the different methodologies applied. This can be 

achieved by: (1) using the ecosystem-scale model developed by Presser and Luoma (2010) 

that conceptualises and quantifies the variables that determine how selenium is processed 

from water through diet to predators and enable a worldwide comparison; (2) the use of 

TMFs to estimate biomagnification of selenium using field measures of both selenium 

concentrations and relative trophic position or level (TL) determined estimated from stable 

nitrogen isotope ratios developed by Fisk et al. (2001); (3) using regression analysis as a 

cross-check of biomagnification and if weak, consider the application of analysis of co-

variance (ANCOVA), as demonstrated in this study, integrating the habitat and feeding zone 

of organisms as additional factors that might be affecting selenium bioaccumulation in 

organisms. These approaches, except for the ANCOVA which appears to have been first used 

in this study, have been used in the literature and consistent use will allow more appropriate 

comparisons between environments and wider knowledge based on different environments.  

The issue of lack of guidelines on MLs for consumption of organisms contaminated with 

metals is an intriguing one which could be usefully explored in further research. There is an 

urgent need of more studies on selenium exposure dose and response information in 

Australian environments in order to provide solid information for the development of these 

guidelines. There is no official ML for selenium in Australian organisms, only GELs which 

are not useful for assessing health risk. Integration of laboratory studies and field information 

on food web links for Australian ecosystems and potential toxicity is recommended. This 

integration would provide information on selenium ingestion rates per species and toxicity 

levels. The results of this work shows that laboratory studies should devote attention to 

benthic organisms feeding on benthos as these organisms might be the first to face health 

effects due to selenium toxicity. It is suggested to incorporate the contributions from this 

work in laboratory studies, when generating selenium risks and guidelines for humans and for 

animals. Future studies should also incorporate birds. 
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Finally, it is recommended that further work on measuring selenium volatilisation is needed. 

More detailed research on this topic will provide potential mitigation measures to be applied 

in Australian environments. Despite its exploratory nature, this study offers some insight into 

the potential of volatile selenium flux as a mechanism to remove selenium from Lake 

Macquarie sediments. Future studies should focus on environmental factors such as depth, 

redox potential and grain size and should be incorporated in a model for predicting the 

volatile selenium flux in a given water body. Then it will be possible to estimate if this 

volatilisation mechanism has the potential to clean up a given water body and how long this 

process is estimated to take. In addition, studies should be conducted on the extent and 

controlling factors of the benthic microorganisms transformation of selenium species.  

 

6.3. Conclusions 

Overall this study demonstrated that selenium that accumulates in estuarine sediment can be 

remobilised into seagrass food web and lost by volatilisation. This fills an important gap in 

understanding the selenium cycle in Australian estuarine ecosystems. This mechanism of 

selenium removal can be further studied to generate mitigation plans for selenium 

contamination in Australian water bodies. All of these studies contribute to the ongoing 

health of the highly productive estuarine ecosystem providing a scientific basis for risk 

assessment of selenium-contaminated systems.  
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Appendix 1.1. Measurements of metals concentrations in sediment standard reference material recovery. 

Cu (mg/ kg) Zn (mg/ kg) Se (mg/ kg) As (mg/ kg) Cd (mg/ kg) Pb (µg/ g) 
CRM 
Name CRM Sample Recovery 

(%) CRM Sample Recovery 
(%) CRM Sample Recovery 

(%) CRM Sample Recovery 
(%) CRM Sample Recovery 

(%) CRM Sample Recovery 
(%) 

BCSS1 18.5 15.0 81.1 119 114.0 95.8 0.43 0.4 93.0 11.1 9.6 86.8 0.25 0.3 100.3 22.7 18.0 79.3 

BCSS-1 18.5 18.6 100.5 119 120.5 101.3 0.43 0.3 66.0 11.1 10.0 90.1 0.25 0.3 105.4 22.7 21.0 92.5 

Mess 1 25.1 25.7 102.4 191 170.3 89.2 0.34 0.3 100.0 10.6 10.0 94.3 0.59 0.5 80.4 34 29.8 87.6 

Mess 1 25.1 24.1 95.8 191 188.0 98.4 0.34 0.3 82.4 10.6 9.5 89.9 0.59 0.4 67.8 34 27.7 81.5 

Mess 1 25.1 23.9 95.2 191 184.0 96.3 0.34 0.3 82.4 10.6 10.0 94.3 0.59 0.6 108.5 34 29.8 87.6 

Mess 1 25.1 22.8 90.8 191 183.0 95.8 0.34 0.4 105.9 10.6 9.9 93.5 0.59 0.7 111.8 34 30.2 88.8 

Mess 1 25.1 23.5 93.6 191 180.0 94.2 0.34 0.3 88.2 10.6 10.4 97.9 0.59 0.7 118.7 34 29.3 86.2 

Mess 1 25.1 22.5 89.6 191 182.0 95.3 0.34 0.3 85.3 10.6 9.9 93.3 0.59 0.7 112.4 34 27.6 81.2 

NRS1646 18 17.0 94.4 138 132.0 95.7 - 0.8 - 11.6 10.0 86.2 0.36 0.3 87.5 - 16.4 - 

NRS1646 18 17.9 99.4 138 120.6 87.4 - 1.0 - 11.6 9.0 77.6 0.36 0.3 94.7 - 16.7 - 

NRS1646 18 16.6 92.4 138 131.4 95.3 - 0.5 - 11.6 9.3 80.0 0.36 0.3 90.2 - 13.2 - 

NRS1646 18 15.8 87.7 138 128.8 93.3 - 0.8 - 11.6 10.0 86.2 0.36 0.3 86.8 - 15.5 - 

NRS1646 18 16.0 88.9 138 132.0 95.7 - 1.2 - 11.6 10.0 86.4 0.36 0.3 91.5 - 12.9 - 

NRS1646 18 17.0 94.4 138 130.0 94.2 - 1.3 - 11.6 9.6 82.6 0.36 0.3 87.8 - 13.1 - 

PACS-1 452 500.0 110.6 824 709.0 86.0 1.09 1.0 91.7 211 200.0 94.8 2.38 2.0 84.0 404 399.0 98.8 
Note: the low recovery for some of the CRMs was caused by lack of freeze-drying samples. 
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Appendix 1.2. Results for metal and grain size analyses of sediment cores from Lake Macquarie, Lake Illawarra and Lake Budgewoi, NSW, Australia. 

Location Metals Grain Size (%) 

Lake ID 
Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 

Coarse 
Sand 

(cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 200-2000 µm 

Macquarie M 1.1 0 12862 17756 53 30 13.2 7.4 6.5 3.7 2.7 1.5 1.9 1.1 5.5 3.1 1 39 35 26 

Macquarie M 1.1 3 13227 11294 68 60 15.2 13.5 6.6 5.8 2.8 2.5 2.6 2.3 5.9 5.2 1 10 18 71 

Macquarie M 1.1 6 9480 12397 34 27 6.4 5.2 5.5 4.4 1.9 1.5 1.1 0.9 3.9 3.1 1 15 38 47 

Macquarie M 1.1 9 14286 11947 25 21 4.6 3.9 10.2 8.5 1.6 1.3 0.8 0.7 2.6 2.2 1 13 23 63 

Macquarie M 1.1 12 24974 13050 14 10 2.6 2 18.8 14.4 1.1 0.8 0.2 0.2 4.5 3.4 1 18 22 60 

Macquarie M 1.2 0 17075 19422 73 37 17.6 9.1 8.1 4.2 2.6 1.3 2.3 1.2 6.2 3.2 1 46 36 17 

Macquarie M 1.2 3 26842 13298 99 75 24.2 18.2 12.5 9.4 4.5 3.4 3.4 2.6 10 7.5 1 19 38 42 

Macquarie M 1.2 6 22165 14131 53 38 11 7.8 9.4 6.7 2.4 1.7 2.1 1.5 5.7 4 2 22 35 42 

Macquarie M 1.2 9 29575 16383 20 12 2.3 1.4 20.9 12.8 1 0.6 0.3 0.2 4.3 2.6 2 31 25 41 

Macquarie M 1.2 12 19218 17598 18 10 1.7 1 4.5 2.6 0.9 0.5 0.1 0.1 3.9 2.2 3 36 20 42 

Macquarie M 2.1 0 6559 12982 48 37 14.5 11.2 5.5 4.2 1.5 1.2 1 0.8 3.2 2.5 1 18 21 61 

Macquarie M 2.1 3 6081 11159 32 29 8.5 7.6 6.5 5.8 1.2 1.1 0.7 0.6 2.7 2.4 1 10 34 56 

Macquarie M 2.1 6 9093 11384 73 64 17.4 15.3 7.9 6.9 2.6 2.3 2.4 2.1 4.5 4 1 11 47 42 

Macquarie M 2.1 9 8838 10708 66 62 17.2 16.1 8.2 7.7 3.2 3 1.9 1.8 4.1 3.8 0 8 38 54 

Macquarie M 2.1 12 8056 10573 36 34 6.7 6.3 10.9 10.3 3.4 3.2 1.1 1 2.9 2.7 0 8 30 63 

Macquarie M 2.2 0 7972 13883 58 42 18.7 13.5 6.1 4.4 1.8 1.3 1.1 0.8 3.8 2.7 1 22 28 49 

Macquarie M 2.2 3 7255 11834 55 46 16.3 13.8 6.7 5.7 2 1.7 1.2 1 3.5 3 1 13 36 51 

Macquarie M 2.2 6 13323 12397 103 83 33 26.6 9.7 7.8 4.2 3.4 2.4 1.9 7.1 5.7 1 15 42 42 

Macquarie M 2.2 9 10804 11947 79 66 23.7 19.8 8.8 7.4 2.5 2.1 1.9 1.6 5.6 4.7 1 13 39 47 

Macquarie M 2.2 12 5624 11947 38 32 9.2 7.7 6.6 5.5 1.6 1.3 1 0.8 2.8 2.3 1 13 39 47 

Macquarie M 3.1 0 14537 18837 96 51 29.8 15.8 11.8 6.3 3.2 1.7 2.5 1.3 7.5 4 2 43 34 22 

Macquarie M 3.1 3 10310 8817 62 70 16.1 18.3 12 13.6 3.1 3.5 2.7 3.1 4.5 5.1 1 40 30 29 

Macquarie M 3.1 6 13295 12577 72 58 19.2 15.3 13.3 10.6 3.1 2.5 2.6 2.1 5.8 4.6 1 16 40 43 

Macquarie M 3.1 9 16752 12577 83 66 23.7 18.8 13.5 10.7 3.4 2.7 2.7 2.1 6.9 5.5 1 16 39 45 

Macquarie M 3.1 12 12384 12915 69 53 19.8 15.3 13 10.1 3 2.3 2.4 1.9 5.4 4.2 1 17 36 46 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Macquarie M 3.2 0 17615 18319 115 63 32.3 17.6 12.9 7 4.6 2.5 3.4 1.9 9.8 5.3 1 41 41 18 

Macquarie M 3.2 3 14634 12892 101 78 26.4 20.5 12.4 9.6 4.9 3.8 3.4 2.6 8.7 6.7 1 17 45 37 

Macquarie M 3.2 6 15010 12172 98 81 25.4 20.9 11.8 9.7 4.5 3.7 3.6 3 8.4 6.9 1 14 42 44 

Macquarie M 3.2 9 12022 12104 69 57 13.9 11.5 11.4 9.4 4.3 3.6 3 2.5 6.5 5.4 1 14 45 41 

Macquarie M 3.2 12 16301 12307 100 81 20.5 16.7 13.9 11.3 4.4 3.6 3.7 3 9.9 8 1 14 43 41 

Macquarie M 4.1 0 5342 10303 38 37 9.6 9.3 6.5 6.3 1.2 1.2 1.4 1.4 3.8 3.7 0 7 17 77 

Macquarie M 4.1 3 5782 9875 58 59 13.3 13.5 8.2 8.3 1.9 1.9 1.6 1.6 3.7 3.7 0 5 19 76 

Macquarie M 4.1 6 5302 9920 34 34 8.7 8.8 7.4 7.5 1.2 1.2 1.2 1.2 3.5 3.5 0 5 22 73 

Macquarie M 4.1 9 6015 9988 43 43 9.6 9.6 8.5 8.5 1.5 1.5 1.9 1.9 3.8 3.8 0 5 26 69 

Macquarie M 4.1 12 7732 10100 53 53 12.4 12.3 10 9.9 2.3 2.3 2.2 2.2 5 5 0 6 31 63 

Macquarie M 4.2 0 6630 10888 50 46 12.3 11.3 7 6.4 1.5 1.4 1.4 1.3 4.7 4.3 0 9 24 67 

Macquarie M 4.2 3 5028 9988 34 34 8.7 8.7 5.8 5.8 1.2 1.2 0.8 0.8 2.9 2.9 0 5 26 69 

Macquarie M 4.2 6 4606 10100 27 27 8.5 8.4 6.1 6 1 1 0.8 0.8 2.9 2.9 0 6 31 63 

Macquarie M 4.2 9 4179 10235 34 33 9.5 9.3 6.3 6.2 1.4 1.4 0.8 0.8 3.3 3.2 0 6 36 58 

Macquarie M 4.2 12 3512 10708 49 46 9.3 8.7 8.6 8 1.1 1 1.4 1.3 3.5 3.3 0 8 27 65 

Macquarie M 5.1 0 15628 19130 107 56 18.1 9.5 9.4 4.9 2 1 2.6 1.4 12 6.3 1 45 49 6 

Macquarie M 5.1 3 14787 12577 96 76 13.7 10.9 10.4 8.3 1.7 1.4 2.1 1.7 12.3 9.8 1 16 63 20 

Macquarie M 5.1 6 13608 11789 85 72 11.2 9.5 11.2 9.5 1.6 1.4 1.7 1.4 10.7 9.1 1 12 47 40 

Macquarie M 5.1 9 7968 11249 14 12 2.9 2.6 11.6 10.3 0.9 0.8 0.3 0.3 1.7 1.5 1 10 54 35 

Macquarie M 5.1 12 20352 11857 22 18 4.5 3.8 11.8 10 0.5 0.4 0.1 0.1 1.7 1.4 1 13 40 47 

Macquarie M 5.2 0 13733 19445 85 44 15.7 8.1 8.5 4.4 1.5 0.8 2.1 1.1 8.8 4.5 1 46 47 7 

Macquarie M 5.2 3 13119 12600 76 60 13.4 10.6 8.1 6.4 1.7 1.3 2 1.6 8 6.3 1 16 68 16 

Macquarie M 5.2 6 10660 11429 40 35 5.4 4.7 7.9 6.9 0.5 0.4 0.7 0.6 4 3.5 1 11 45 44 

Macquarie M 5.2 9 9469 10978 12 11 2.6 2.4 10.2 9.3 0.6 0.5 0.1 0.1 1.1 1 1 9 51 39 

Macquarie M 5.2 12 9210 12037 16 13 3.1 2.6 7.7 6.4 0.4 0.3 0.2 0.2 2.3 1.9 1 14 60 26 

Macquarie M 6.1 0 3831 11271 20 18 9.4 8.3 4.8 4.3 0.8 0.7 0.4 0.4 2 1.8 0 11 31 58 

Macquarie M 6.1 3 3480 9740 20 21 9.2 9.4 4.4 4.5 0.7 0.7 0.4 0.4 1.7 1.7 0 4 31 65 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Macquarie M 6.1 6 3643 9785 21 21 9.9 10.1 4.7 4.8 1.1 1.1 0.4 0.4 1.6 1.6 0 4 33 62 

Macquarie M 6.1 9 4345 9717 23 24 13.8 14.2 4.9 5 1.2 1.2 0.5 0.5 1.9 2 0 4 35 61 

Macquarie M 6.1 12 4426 9740 30 30 12.1 12.4 6 6.2 1.3 1.3 0.9 0.9 1.6 1.6 0 4 36 60 

Macquarie M 6.2 0 2623 10055 17 17 8.9 8.9 3.3 3.3 0.7 0.7 0.2 0.2 1.2 1.2 0 5 18 77 

Macquarie M 6.2 3 3955 9380 20 21 11.9 12.7 3.7 3.9 0.7 0.7 0.3 0.3 1.8 1.9 0 3 27 71 

Macquarie M 6.2 6 2113 9312 11 12 8.3 8.9 3.4 3.7 0.6 0.6 0.1 0.1 0.9 1 0 2 24 74 

Macquarie M 6.2 9 3606 9312 19 20 11.2 12 4.5 4.8 1.7 1.8 0.5 0.5 1.6 1.7 0 2 23 74 

Macquarie M 6.2 12 2684 8817 18 20 9.2 10.4 4.5 5.1 1.6 1.8 0.7 0.8 1.5 1.7 0 3 20 77 

Macquarie M 7 0 14815 20931 110 53 27.2 13 6.7 3.2 2.2 1.1 3.1 1.5 14.4 6.9 3 50 38 8 

Macquarie M 7 3 16678 23588 114 48 10.6 4.5 8.7 3.7 2.9 1.2 4.1 1.7 15.7 6.7 6 60 34 1 

Macquarie M 7 6 11377 21539 71 33 3.7 1.7 4.6 2.1 1.8 0.8 2.2 1 9.9 4.6 4 52 44 0 

Macquarie M 7 9 11562 22642 47 21 0 0 4.4 1.9 1.4 0.6 1 0.4 8 3.5 5 56 38 1 

Macquarie M 7 12 26630 20481 73 35 0 0 3.8 1.9 1.8 0.9 0.8 0.4 15.7 7.7 4 48 40 8 

Macquarie M 8 0 13048 17081 109 64 37.7 22.1 3.7 2.2 2.2 1.3 1 0.6 15 8.8 2 35 61 3 

Macquarie M 8 3 16112 17036 131 77 31.3 18.4 7.5 4.4 2.6 1.5 2.1 1.2 18.8 11 2 34 60 4 

Macquarie M 8 6 19380 16810 157 93 39 23.2 10.3 6.1 3.2 1.9 3.7 2.2 24.7 14.7 2 33 61 4 

Macquarie M 8 9 16961 17171 103 60 9.6 5.6 8.9 5.2 1.9 1.1 1.9 1.1 16 9.3 2 35 60 3 

Macquarie M 8 12 16546 16180 60 37 1.2 0.7 9.5 5.9 1.1 0.7 0.6 0.4 11.4 7 2 31 61 6 

Macquarie M 9 0 24042 18544 282 152 79.4 42.8 8.3 4.5 2.2 1.2 0.7 0.4 47.5 25.6 2 41 55 2 

Macquarie M 9 3 20022 19963 245 123 48.1 24.1 5.4 2.7 2.3 1.2 0.8 0.4 42 21 3 47 51 0 

Macquarie M 9 6 18964 20053 196 98 23.6 11.8 10.3 5.1 2.5 1.2 1.2 0.6 34.1 17 3 47 49 2 

Macquarie M 9 9 15120 19602 131 67 4.7 2.4 4.3 2.2 1.5 0.8 0.9 0.5 22.2 11.3 3 45 52 0 

Macquarie M 9 12 18617 20796 120 58 3 1.4 4.6 2.2 1.6 0.8 0.7 0.3 23.8 11.4 3 50 46 0 

Illawarra I 1.1 0 9783 18454 284 154 100.6 54.5 11.4 6.2 2.8 1.5 0.9 0.5 28.4 15.4 14 29 41 17 

Illawarra I 1.1 3 11601 16810 317 189 110.9 66 10.1 6 3.1 1.8 0.9 0.5 33.9 20.2 12 24 55 10 

Illawarra I 1.1 6 6722 13163 162 123 60 45.6 6.9 5.2 1.2 0.9 0.4 0.3 17 12.9 6 13 59 22 

Illawarra I 1.1 9 7503 12915 232 179 67.5 52.3 8.4 6.5 1.3 1 0.6 0.5 21.4 16.6 7 11 44 38 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Illawarra I 1.1 12 7325 9740 264 271 56.5 58 8.2 8.4 1.3 1.3 0.7 0.7 22.8 23.4 1 3 35 61 

Illawarra I 1.2 0 14239 15865 385 243 123.9 78.1 12.8 8.1 3.9 2.5 1.3 0.8 42.6 26.9 0 31 56 13 

Illawarra I 1.2 3 14366 17531 394 225 129.9 74.1 11.3 6.4 3.3 1.9 1.2 0.7 42.4 24.2 1 38 55 6 

Illawarra I 1.2 6 15373 18071 417 231 127.1 70.3 12.7 7 2.8 1.5 1.3 0.7 42.8 23.7 1 40 53 6 

Illawarra I 1.2 9 14051 17981 419 233 112.6 62.6 12.6 7 2.5 1.4 1.3 0.7 42.3 23.5 1 40 53 6 

Illawarra I 1.2 12 12070 17418 256 147 72.2 41.5 13.2 7.6 2.4 1.4 1.2 0.7 30.3 17.4 1 37 53 9 

Illawarra I 2.1 0 4353 9492 26 27 4 4.2 7 7.4 0.2 0.2 0 0 5.3 5.6 0 3 5 92 

Illawarra I 2.1 3 5004 9537 28 29 6.3 6.6 6.6 6.9 0.2 0.2 0 0 6 6.3 0 3 12 85 

Illawarra I 2.1 6 5050 11271 35 31 9 8 5.4 4.8 0.3 0.3 0 0 6.6 5.9 1 10 15 75 

Illawarra I 2.1 9 7077 13725 58 42 14.7 10.7 6.1 4.4 0.6 0.4 0 0 9.8 7.1 1 20 23 55 

Illawarra I 2.1 12 6713 15257 55 36 13.7 9 5.7 3.7 0.3 0.2 0 0 9.4 6.2 2 27 21 51 

Illawarra I 2.2 0 2894 9853 13 13 3.4 3.5 4.6 4.7 0.1 0.1 0 0 3.6 3.7 0 4 7 89 

Illawarra I 2.2 3 2974 9605 15 16 4 4.2 4.1 4.3 0.3 0.3 0 0 3.6 3.7 0 3 11 86 

Illawarra I 2.2 6 8116 16855 78 46 18.8 11.2 5.6 3.3 0.7 0.4 0 0 11.2 6.6 2 34 23 42 

Illawarra I 2.2 9 4884 12284 35 29 8.4 6.8 4.3 3.5 0.5 0.4 0 0 6.3 5.1 1 14 18 67 

Illawarra I 2.2 12 3781 13163 26 20 6.7 5.1 4.8 3.6 0.5 0.4 0 0 5.2 4 1 18 18 63 

Illawarra I 3.1 0 2223 13455 32 24 12.7 9.4 2.3 1.7 0.4 0.3 0 0 4.2 3.1 0 20 21 58 

Illawarra I 3.1 3 5811 17576 83 47 34.7 19.7 5.4 3.1 1 0.6 0 0 10.6 6 1 38 40 21 

Illawarra I 3.1 6 737 11023 10 9 4.7 4.3 1.3 1.2 0.2 0.2 0 0 1.7 1.5 0 10 19 71 

Illawarra I 3.1 9 4089 15279 59 39 24.9 16.3 3.6 2.4 0.6 0.4 0 0 10.1 6.6 1 28 36 36 

Illawarra I 3.1 12 1981 12577 24 19 10.7 8.5 2.5 2 0.6 0.5 0 0 3.8 3 0 16 22 62 

Illawarra I 3.2 0 5914 13906 86 62 34.6 24.9 5.8 4.2 1 0.7 0 0 10.8 7.8 0 22 29 49 

Illawarra I 3.2 3 4239 17261 65 38 25.9 15 4.3 2.5 0.7 0.4 0 0 8.8 5.1 1 37 40 22 

Illawarra I 3.2 6 2859 13410 45 34 16.2 12.1 3.3 2.5 0.4 0.3 0 0 5.6 4.2 0 20 27 53 

Illawarra I 3.2 9 4370 16675 62 37 24.7 14.8 4.6 2.8 0.7 0.4 0 0 7.7 4.6 1 34 38 27 

Illawarra I 3.2 12 1472 14378 24 17 7.3 5.1 1.8 1.3 0.2 0.1 0 0 2.8 1.9 0 24 30 46 

Illawarra I 4.1 0 8166 17081 65 38 19 11.1 6 3.5 0.1 0.1 0 0 8.5 5 2 35 13 51 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Illawarra I 4.1 3 5450 18454 38 21 10.6 5.7 4.2 2.3 0.1 0.1 0 0 5.4 2.9 2 41 17 40 

Illawarra I 4.1 6 7259 21336 59 28 16.8 7.9 4.6 2.2 0.2 0.1 0 0 7.8 3.7 2 53 17 27 

Illawarra I 4.1 9 8612 18342 75 41 21.8 11.9 5.4 2.9 0.3 0.2 0 0 9.7 5.3 3 40 16 42 

Illawarra I 4.1 12 10470 16585 92 55 25.8 15.6 7 4.2 0.4 0.2 0 0 12.1 7.3 2 32 13 53 

Illawarra I 4.2 0 7627 17148 58 34 15.7 9.2 7.1 4.1 0.3 0.2 0 0 8.1 4.7 2 35 15 48 

Illawarra I 4.2 3 7279 19310 54 28 14.4 7.5 6.3 3.3 0 0 0 0 8.3 4.3 3 44 12 41 

Illawarra I 4.2 6 7145 17531 60 34 16.8 9.6 4.6 2.6 0.2 0.1 0 0 9.2 5.2 3 36 15 47 

Illawarra I 4.2 9 7857 23836 61 25 17.9 7.5 6.1 2.6 0.4 0.2 0 0 9.8 4.1 4 63 14 19 

Illawarra I 4.2 12 6265 17283 44 25 11.2 6.5 5.7 3.3 0.1 0.1 0 0 6 3.5 2 35 11 51 

Illawarra I 5.1 0 12403 18724 99 53 35.9 19.2 5.1 2.7 0.3 0.2 0 0 11.6 6.2 2 42 49 8 

Illawarra I 5.1 3 16286 19332 122 63 49 25.3 8.3 4.3 0.4 0.2 0.1 0.1 17.2 8.9 2 45 51 2 

Illawarra I 5.1 6 16343 20526 121 59 47.3 23 8 3.9 0.5 0.2 0.1 0 16.3 7.9 2 51 46 2 

Illawarra I 5.1 9 16418 21449 133 62 47.5 22.1 7.4 3.5 0.4 0.2 0.1 0 17.1 8 3 53 43 1 

Illawarra I 5.1 12 15814 22237 128 58 47 21.1 8.4 3.8 0.4 0.2 0.2 0.1 18.4 8.3 3 57 39 1 

Illawarra I 5.2 0 14537 20120 118 59 43.4 21.6 6.6 3.3 0 0 0 0 16.5 8.2 2 49 48 2 

Illawarra I 5.2 3 15111 19648 119 61 45.8 23.3 7.3 3.7 0.5 0.3 0.1 0.1 16.9 8.6 2 46 50 2 

Illawarra I 5.2 6 15502 20391 123 61 46.2 22.7 8.2 4 0.5 0.2 0.1 0 16.8 8.2 2 49 47 2 

Illawarra I 5.2 9 15635 20661 122 59 46.8 22.7 8.1 3.9 0.3 0.1 0.1 0 18 8.7 3 50 43 4 

Illawarra I 5.2 12 16284 21156 132 63 50.1 23.7 8.4 4 0.7 0.3 0.1 0 20.4 9.6 3 52 43 2 

Illawarra I 6.1 0 14367 24466 138 57 35.8 14.6 7.7 3.1 0 0 0 0 20 8.2 4 66 22 9 

Illawarra I 6.1 3 15241 23295 143 61 38.8 16.7 9 3.9 0.1 0 0 0 21.6 9.3 5 59 25 11 

Illawarra I 6.1 6 14014 23836 131 55 35.3 14.8 7.4 3.1 0.1 0 0 0 19.3 8.1 6 61 27 7 

Illawarra I 6.1 9 14629 23858 141 59 38.6 16.2 10.1 4.2 0.3 0.1 0.1 0 21 8.8 4 63 24 9 

Illawarra I 6.1 12 13608 23543 123 52 34 14.4 8.4 3.6 0 0 0 0 19 8.1 5 61 24 10 

Illawarra I 6.2 0 16237 27484 157 57 41.9 15.2 7.8 2.8 0.3 0.1 0 0 25.1 9.1 3 80 17 1 

Illawarra I 6.2 3 14661 23453 114 49 34.8 14.8 7.8 3.3 0.6 0.3 0.1 0 17.6 7.5 4 61 26 10 

Illawarra I 6.2 6 15643 23475 120 51 35.8 15.3 8.9 3.8 0.5 0.2 0.1 0 20.2 8.6 5 60 25 10 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Illawarra I 6.2 9 14351 23678 114 48 33.1 14 8.2 3.5 0.5 0.2 0.1 0 18.2 7.7 4 62 24 11 

Illawarra I 6.2 12 15631 23250 125 54 36.2 15.6 8.6 3.7 0.6 0.3 0.1 0 21.1 9.1 5 59 25 11 

Illawarra I 7.1 0 14305 21607 110 51 52.4 24.3 6.8 3.1 1.2 0.6 0.3 0.1 18 8.3 2 55 42 2 

Illawarra I 7.1 3 15425 22169 117 53 54.9 24.8 8.5 3.8 1 0.5 0.3 0.1 19.6 8.8 3 57 40 0 

Illawarra I 7.1 6 21613 22845 154 68 75.3 33 11.4 5 1.2 0.5 0.4 0.2 27.9 12.2 3 60 37 1 

Illawarra I 7.1 9 16179 22169 106 48 54.1 24.4 9.2 4.1 1.2 0.5 0.4 0.2 19.8 8.9 3 56 40 1 

Illawarra I 7.1 12 15376 22237 103 46 52.6 23.7 8.9 4 1.3 0.6 0.4 0.2 18.3 8.2 3 57 35 5 

Illawarra I 7.2 0 15425 22845 121 53 55 24.1 7.6 3.3 0.8 0.4 0.3 0.1 20.4 8.9 2 61 38 1 

Illawarra I 7.2 3 16132 21449 121 57 55 25.6 8.5 4 0.9 0.4 0.3 0.1 21.2 9.9 4 52 43 1 

Illawarra I 7.2 6 15944 22935 117 51 54.4 23.7 8.8 3.8 1.1 0.5 0.3 0.1 21 9.2 3 60 37 1 

Illawarra I 7.2 9 20546 22822 145 64 66.5 29.1 11.5 5 1.3 0.6 0.4 0.2 21.4 9.4 3 59 37 0 

Illawarra I 7.2 12 18862 23048 120 52 57.9 25.1 10.7 4.6 1.1 0.5 0.4 0.2 18.4 8 3 60 36 1 

Illawarra I 8.1 0 20754 27168 166 61 48 17.7 13.8 5.1 1.3 0.5 0.1 0 28 10.3 3 79 17 2 

Illawarra I 8.1 3 21014 27123 166 61 47.4 17.5 13 4.8 1 0.4 0.1 0 26.1 9.6 4 77 17 2 

Illawarra I 8.1 6 22196 27529 177 64 50.6 18.4 15.1 5.5 1.4 0.5 0.1 0 28.9 10.5 5 78 15 2 

Illawarra I 8.1 9 21064 27754 185 67 52.1 18.8 14.8 5.3 0.8 0.3 0.2 0.1 28.4 10.2 5 79 15 1 

Illawarra I 8.1 12 20508 27574 182 66 51.1 18.5 14.1 5.1 1.2 0.4 0.2 0.1 30.9 11.2 5 79 16 1 

Illawarra I 8.2 0 20534 28609 170 60 47.4 16.6 12.7 4.4 1 0.3 0.1 0 26.9 9.4 15 73 12 0 

Illawarra I 8.2 3 24120 28902 200 69 57.6 19.9 16.2 5.6 1.4 0.5 0.2 0.1 32.7 11.3 15 74 11 0 

Illawarra I 8.2 6 24126 26898 200 74 57.8 21.5 17.9 6.7 1.1 0.4 0.2 0.1 33.1 12.3 14 67 17 3 

Illawarra I 8.2 9 19324 27416 172 63 46.5 17 13 4.7 0.7 0.3 0.2 0.1 25.5 9.3 15 68 11 6 

Illawarra I 8.2 12 26124 28519 229 80 61.8 21.7 17.6 6.2 0.9 0.3 0.3 0.1 37.2 13 15 73 12 1 

Budgewoi B1.1 0 12483 9920 84 84 30.4 30.6 2.8 2.8 0.6 0.6 0.2 0.2 8.4 8.5 0 5 50 45 

Budgewoi B1.1 3 9037 25750 41 16 27.5 10.7 2.3 0.9 0.5 0.2 0.2 0.1 6.5 2.5 7 68 25 0 

Budgewoi B1.1 6 10286 9808 38 39 21.1 21.5 2.3 2.3 0.2 0.2 0.2 0.2 6 6.1 0 4 58 38 

Budgewoi B1.1 9 8868 9717 75 77 21 21.6 2.2 2.3 0.2 0.2 0.1 0.1 5.5 5.7 0 4 49 47 

Budgewoi B1.1 12 13100 9762 57 58 37.4 38.3 2.1 2.2 0.5 0.5 0.2 0.2 12 12.3 0 4 52 44 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Budgewoi B1.2 0 10447 9785 33 34 18.5 18.9 1.6 1.6 0 0 0.2 0.2 5.7 5.8 0 4 56 40 

Budgewoi B1.2 3 7328 10033 24 24 18.1 18 1.4 1.4 0.2 0.2 0.2 0.2 3.7 3.7 0 5 56 39 

Budgewoi B1.2 6 9413 9830 40 41 33.9 34.5 1.9 1.9 0.4 0.4 0.2 0.2 5.2 5.3 0 4 55 40 

Budgewoi B1.2 9 9784 9762 42 43 23.6 24.2 1.6 1.6 0.1 0.1 0.2 0.2 5.3 5.4 0 4 58 38 

Budgewoi B1.2 12 10495 9920 52 52 25.7 25.9 1.7 1.7 0.2 0.2 0.2 0.2 9.7 9.8 0 5 52 43 

Budgewoi B2.1 0 35377 20165 98 48 34.9 17.3 6.1 3 1.1 0.5 0.1 0 23.3 11.6 4 47 47 3 

Budgewoi B2.1 3 36537 20841 107 51 38.2 18.3 4.8 2.3 0.7 0.3 0.2 0.1 24.7 11.9 4 49 45 2 

Budgewoi B2.1 6 36519 21179 104 49 35.8 16.9 5.4 2.5 0.8 0.4 0.2 0.1 29.5 13.9 4 51 45 1 

Budgewoi B2.1 9 39585 20796 122 59 45.4 21.8 7.2 3.5 0.9 0.4 0.2 0.1 30.8 14.8 4 49 47 0 

Budgewoi B2.1 12 36448 20255 107 53 43.4 21.4 6.6 3.3 0.8 0.4 0.2 0.1 28.4 14 4 47 49 1 

Budgewoi B2.2 0 38585 21021 110 52 37.6 17.9 6.1 2.9 0.8 0.4 0.1 0 25.7 12.2 4 50 46 0 

Budgewoi B2.2 3 37155 20075 112 56 37.5 18.7 4.9 2.4 0.9 0.4 0.1 0 27.6 13.7 4 46 47 3 

Budgewoi B2.2 6 40748 21832 120 55 38.9 17.8 6.6 3 1.1 0.5 0.2 0.1 29.6 13.6 4 54 42 0 

Budgewoi B2.2 9 28992 21629 86 40 28.8 13.3 5.2 2.4 0.6 0.3 0.1 0 21.6 10 5 52 42 1 

Budgewoi B2.2 12 34813 21044 104 50 40.9 19.4 6.2 2.9 1.1 0.5 0.2 0.1 28.4 13.5 4 50 45 1 

Budgewoi B3.1 0 36037 20323 93 46 25.5 12.5 7.9 3.9 0.9 0.4 0.1 0 21.5 10.6 11 41 43 6 

Budgewoi B3.1 3 35214 21697 88 40 25.2 11.6 5.9 2.7 0.8 0.4 0.1 0 22 10.1 13 44 42 1 

Budgewoi B3.1 6 36414 27754 87 31 30.5 11 8.1 2.9 0.8 0.3 0.2 0.1 40.1 14.4 17 67 15 1 

Budgewoi B3.1 9 47623 27033 118 44 42.2 15.6 10 3.7 1.4 0.5 0.2 0.1 40.8 149 14 67 19 0 

Budgewoi B3.1 12 37278 24984 92 37 35.2 14.1 8.2 3.3 1 0.4 0.2 0.1 26.9 10.8 16 56 25 3 

Budgewoi B3.2 0 30270 21494 78 36 22.9 10.7 5.6 2.6 0.7 0.3 0.1 0 20.9 9.7 4 53 44 0 

Budgewoi B3.2 3 35080 20886 87 42 28.6 13.7 8.1 3.9 1.1 0.5 0.2 0.1 22.8 10.9 4 50 46 0 

Budgewoi B3.2 6 30869 20481 75 37 24.7 12.1 6.5 3.2 0.5 0.2 0.2 0.1 20.3 9.9 4 48 48 0 

Budgewoi B3.2 9 42239 19940 84 42 28.6 14.3 10.2 5.1 1.3 0.7 0.2 0.1 24.1 12.1 4 46 50 1 

Budgewoi B3.2 12 39598 19130 74 39 22.4 11.7 8.9 4.7 1 0.5 0.2 0.1 21.8 11.4 4 42 53 2 

Budgewoi B4.1 0 11317 10978 26 24 6.5 5.9 2.9 2.6 0.4 0.4 0.1 0.1 7.9 7.2 2 8 27 63 

Budgewoi B4.1 3 10157 13500 25 18 5.8 4.3 3 2.2 0.2 0.1 0.1 0.1 6.9 5.1 5 16 31 48 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  (cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 
200-2000 

µm 

Budgewoi B4.1 6 10716 11969 27 23 6.1 5.1 2.6 2.2 0.3 0.3 0.1 0.1 13.4 112 3 11 27 59 

Budgewoi B4.1 9 21000 13140 49 37 11.5 8.8 5.7 4.3 0.5 0.4 0.1 0.1 13.9 10.6 4 15 28 53 

Budgewoi B4.1 12 22329 9853 44 45 11.6 11.8 6.3 6.4 0.5 0.5 0.2 0.2 13 38.9 1 4 33 63 

Budgewoi B4.2 0 11157 8817 31 35 6.5 7.4 2.3 2.6 0.4 0.5 0.1 0.1 8 9.1 2 10 32 56 

Budgewoi B4.2 3 19335 11654 53 45 11.5 9.9 4.9 4.2 0.1 0.1 0.2 0.2 12.4 10.6 1 12 87 0 

Budgewoi B4.2 6 10131 13455 27 20 5.2 3.9 2.4 1.8 0 0 0.1 0.1 6 4.5 1 19 79 0 

Budgewoi B4.2 9 12483 11586 26 23 6.9 6 3.4 2.9 0.1 0.1 0.2 0.2 6.6 5.7 1 12 88 0 

Budgewoi B4.2 12 11165 11384 24 21 5.2 4.6 2.8 2.5 0 0 0.1 0.1 5.4 4.7 1 11 89 0 

Budgewoi B5.1 0 7731 11879 36 30 11.5 9.7 1 0.8 0 0 0.2 0.2 7.1 6 1 13 86 0 

Budgewoi B5.1 3 6536 13343 28 21 8.1 6.1 1.4 1 0.3 0.2 0.2 0.1 5.4 4 1 19 80 0 

Budgewoi B5.1 6 11024 14514 62 43 14.1 9.7 1.2 0.8 0 0 0.2 0.1 9.6 6.6 2 24 75 0 

Budgewoi B5.1 9 13292 14469 64 44 19.3 13.3 2.2 1.5 0.6 0.4 0.2 0.1 14.5 10 2 24 75 0 

Budgewoi B5.1 12 10551 13073 46 35 18.1 13.8 1.6 1.2 0.3 0.2 0.2 0.2 11.7 9 1 18 81 0 

Budgewoi B5.2 0 14508 12847 60 46 22.2 17.3 1.9 1.5 0.5 0.4 0.2 0.2 13.9 10.8 1 17 82 0 

Budgewoi B5.2 3 14235 13861 59 43 23.1 16.7 2.3 1.7 0.5 0.4 0.2 0.1 13.2 9.5 2 21 78 0 

Budgewoi B5.2 6 17354 13951 68 49 28.3 20.3 2.9 2.1 0.3 0.2 0.2 0.1 17.4 12.5 2 21 77 0 

Budgewoi B5.2 9 11211 13928 41 29 20.1 14.4 1.5 1.1 0.4 0.3 0.2 0.1 12.4 8.9 2 21 77 0 

Budgewoi B5.2 12 15415 15347 66 43 28.2 18.4 2.1 1.4 0.5 0.3 0.2 0.1 15.9 10.4 2 27 71 0 

Budgewoi B6.1 0 9217 10055 30 30 11.1 11 1.5 1.5 0.1 0.1 0.1 0.1 6.2 6.2 0 5 95 0 

Budgewoi B6.1 3 2362 10055 8 8 2.7 2.7 0.1 0.1 0 0 0.1 0.1 1.5 1.5 0 5 95 0 

Budgewoi B6.1 6 7344 10618 26 24 9.2 8.7 1.4 1.3 0.1 0.1 0.1 0.1 4.7 4.4 0 8 92 0 

Budgewoi B6.1 9 3266 15031 8 6 3.3 2.2 0.3 0.2 0 0 0.1 0.1 1.5 1 2 26 72 0 

Budgewoi B6.1 12 26746 10753 61 57 15 13.9 2.9 2.7 1.8 1.7 0.2 0.2 9 8.4 1 8 91 0 

Budgewoi B6.2 0 12288 10551 44 42 16.8 15.9 1.9 1.8 0.3 0.3 0.1 0.1 8.8 8.3 1 7 92 0 

Budgewoi B6.2 3 16651 10528 39 37 14.6 13.9 3.1 2.9 0.3 0.3 0.2 0.2 8.4 8 1 7 92 0 
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Location Metals Grain Size (%) 

Lake ID Depth Fe Fe Zn Zn Cu Cu As As Se Se Cd Cd Pb Pb Clay Silt Sand 
Coarse 
Sand 

  
(cm) (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm (mg/ kg) norm < 2 µm 2- 20  µm 20-200 µm 

200-2000 
µm 

Budgewoi B6.2 6 10066 10528 16 15 6.2 5.9 3 2.8 0.3 0.3 0.2 0.2 3.4 3.2 1 7 92 0 

Budgewoi B6.2 9 6218 10866 18 17 3.2 2.9 1.8 1.7 0 0 0.2 0.2 1.6 1.5 1 9 91 0 
 
Cell highlighted in grey indicates that metal concentrations were normalized to grain size. Cells highlighted in orange indicate metal concentrations above the Australia New Zealand 
Guidelines for Fresh and Marine Water Quality (ANZECC/ ARMCANZ, 2000). Cells that were not highlighted indicate that sample concentrations were below ANZECC guidelines. Note that 
selenium is not included in the ANZECC guidelines and is missing guidelines for Australian environments (highlighted in blue).  
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Appendix 1.3. Modelling of Lake Macquarie water flow patterns determined by salinity, lake inflows and 
wind speed and direction. Arrows indicate the direction of the water flow in the lake after applying the 
model, the longer the arrow, the greater the flow. The driving process for most of the lake are wind driven 
currents, however, the discharge of cooling water runs continuously in both power stations and the flows 
from Dora and Wyee Creeks contribute to the water movement and are a vector moving contaminants a 
greater distance in the power station areas. This model demonstrates how suspended particles are distributed 
from their point source and that particle flows occur generally under a south/south-easterly wind prevailing 
(Floyd, 2013 unpublished data).  
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Appendix 1.4. Lake Macquarie hydrological model for particle tracking based on salinity, water flow and 
wind speed monthly averages of 10 years of monthly data collection. The density of metal particles was 
measured by counting how many tracks pass through or enter each grid point (50 m), given a 20 day life of 
each particle released every hour from Vales Point Power Station for that month. The track model was run 
for that month and the next to take account of the particles released towards the end of the month (Floyd, 
2013 unpublished data). 
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Appendix 1.5. Metal concentrations of the top 5 cm in sediments collected in South Lake Macquarie, NSW, Australia. The blue circles represent the metal 
concentration. The larger the circle, the higher the metal concentration.  
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Appendix 2.1. Metal concentration in biological reference materials. 

CRM Name 
Zn Cu As Se Cd Pb 

CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) 

BCR - 402 - 25.0 - - 11.7 - 0.1 0.2 215.1 6.7 6.0 89.6 - 0.2 - - 2.0 - 

BCR - 402 - 21.9 - - 10.9 - 0.1 0.2 215.1 6.7 6.4 95.5 - 0.1 - - 1.5 - 

BCR - 402 - 24.9 - - 16.3 - 0.1 0.2 215.1 6.7 6.2 92.5 - 0.2 - - 1.5 - 

BCR - 402 - 23.7 - - 10.8 - 0.1 0.2 215.1 6.7 6.2 92.5 - 0.1 - 0.3 - 

NIST - 2976 137 130.0 94.9 4.0 3.0 74.6 13.3 10.0 75.2 1.8 1.5 83.3 0.8 0.7 85.4 1.2 1.1 90.8 

NIST - 2976 137 137.0 100.0 4.0 3.5 87.1 13.3 12.0 90.2 1.8 1.3 72.2 0.8 0.7 85.4 1.2 1.3 105.0 

NIST - 2976 137 130.0 94.9 4.0 3.6 89.6 13.3 12.0 90.2 1.8 1.5 84.4 0.8 0.7 80.5 1.2 1.2 98.0 

NIST - 2976 137 135.0 98.5 4.0 3.8 94.5 13.3 11.0 82.7 1.8 1.3 72.2 0.8 0.7 82.9 1.2 1.0 86.3 

NIST - 2976 137 120.9 88.3 4.0 3.6 89.6 13.3 12.0 90.2 1.8 1.2 66.7 0.8 0.7 88.5 1.2 1.0 85.2 

NIST - 2976 137 136.1 99.4 4.0 3.3 81.1 13.3 12.5 94.0 1.8 1.7 94.4 0.8 0.8 100.0 1.2 1.3 111.1 

NIST - 2976 137 125.7 91.8 4.0 3.6 89.6 13.3 12.0 90.2 1.8 1.5 83.3 0.8 0.7 86.2 1.2 1.0 84.0 

NIST - 1566a 830 900.0 108.4 66.3 72.5 109.3 14.0 12.7 90.7 2.2 3.4 153.8 4.2 4.5 107.9 0.4 0.4 107.8 

BCR - 278R 83.1 84.0 101.1 9.5 9.2 97.3 6.1 5.7 93.9 1.8 1.0 54.3 0.3 0.3 95.3 2.0 1.9 95.0 

BCR - 279 51.3 42.8 83.5 13.1 10.8 82.4 3.1 3.0 97.1 0.6 0.5 84.3 0.3 0.2 66.1 13.5 12.0 89.0 

BCR - 279 51.3 45.9 89.5 13.1 12.0 91.3 3.1 2.4 77.7 0.6 0.5 84.3 0.3 0.2 71.4 13.5 12.5 92.7 

BCR - 279 51.3 50.0 97.5 13.1 15.0 114.2 3.1 4.0 129.4 0.6 0.6 101.2 0.3 0.3 91.2 13.5 12.5 92.7 

NRC - Dorm 2 25.6 30.0 117.2 2.3 2.6 111.8 18.0 19.0 105.6 1.4 1.7 121.4 0.0 0.0 113.1 0.1 0.1 153.8 

NRC - Dorm 2 25.6 20.6 80.4 2.3 1.8 76.9 18.0 15.3 84.9 1.4 0.0 0.5 0.0 0.0 100.0 0.1 0.1 100.0 

NRC - Dorm 2 25.6 24.0 93.8 2.3 1.8 78.3 18.0 13.5 75.3 1.4 0.0 0.0 0.0 0.0 100.0 0.1 0.0 100.0 

NRC - Dorm 2 25.6 26.0 101.6 2.3 2.2 94.0 18.0 22.4 124.3 1.4 1.2 85.7 0.0 0.0 100.0 0.1 0.0 61.5 

NRC - Dorm 2 25.6 25.0 97.7 2.3 2.0 85.5 18.0 18.0 100.0 1.4 0.0 0.0 0.0 0.0 100.0 0.1 0.1 153.8 

IAE - 407 67.1 57.9 86.2 3.3 3.0 91.5 12.6 11.4 90.2 2.8 2.0 70.7 0.2 0.1 52.9 0.1 0.1 41.7 

IAE - 407 67.1 72.3 107.7 3.3 3.2 97.6 12.6 12.6 100.3 2.8 2.0 70.7 0.2 0.2 105.8 0.1 0.1 100.0 

IAE - 407 67.1 60.0 89.4 3.3 3.0 91.5 12.6 12.0 95.2 2.8 2.5 88.3 0.2 0.1 52.9 0.1 0.1 83.3 

IAE - 407 67.1 62.0 92.4 3.3 2.8 85.4 12.6 12.0 95.2 2.8 2.6 91.9 0.2 0.1 52.9 0.1 0.1 83.3 

MA-A-1 - 132.3 - - 5.8 - 6.7 5.8 86.6 3.0 2.5 83.3 - 0.5 - - 1.1 - 

MA-A-1 - 126.9 - - 4.5 - 6.7 5.0 74.6 3.0 2.2 73.3 - 0.5 - - 0.9 - 

MA-A-1 - 150.1 - - 5.1 - 6.7 5.0 74.6 3.0 2.0 66.7 - 0.6 - - 0.9 - 
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CRM Name 
Zn  Cu As Se Cd Pb 

CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) CRM Result Recovery (%) 

MA-A-1 - 130.0 - - 3.0 - 6.7 4.8 72.1 3.0 2.0 67.7 - 0.0 - - 1.4 - 

MA-A-1 - 132.0 - - 3.2 - 6.7 6.0 89.6 3.0 2.7 89.1 - 0.0 - - 1.0 - 

NIES - sargasso 9 15.6 14.2 91.2 4.9 3.5 71.4 115.0 95.0 82.6 - 0.0 - 0.2 0.3 200.0 1.35 1.2 88.9 

NIES - sargasso 9 15.6 14.8 94.9 4.9 4.0 81.6 115.0 106.0 92.2 - 0.0 - 0.2 0.1 66.7 1.35 1.3 92.6 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



Appendices 
 

225 

 

Appendix 2.2. Invertebrates and fish from Lake Macquarie, NSW, Australia, analysed in this study together with their respective food type reported in the 
literature. 

Common Name Scientific Name Feeding item References 

Invertebrates    
White sunset-shell Soletellina alba Particles suspended in sediment Lautenschilager (2011) 
Short necked clams  Paphia undulata Particles suspended in water Manalo and Campos (2011) 
Greasyback prawn Metapenaeus insolitus Omnivores Barwick and Maher (2003) 
Grazing snail Bembicium auratum Benthic Microalgae Reid (1988) 
Basket shell Corbula truncata Particles suspended in water Barwick and Maher (2003) 
Southern mud oyster Ostrea angasi Particles suspended in water O'Connor et al. (2012) 
Sydney rock oyster Saccostrea glomerata Particles suspended in water Barwick and Maher (2003) 
Hairy mussels Trichomya hirsuta Particles suspended in water Barwick and Maher (2003) 
Small mud whelk Batillaria australis Detritivores Thomsen et al. (2010) 
Sydney cockle Anadara trapezia Particles suspended in water Taylor and Maher (2013a) 
Yabbie Trypaea australiensis Benthic diatoms Spilmont et al. (2009) 
Grapsid crab Helograpsus haswellianus Grazing herbivores Saintilan and Mazumder (2010) 
Fish    
Tarwine Rhabdosargus sarba Macrophytes, molluscs, crabs and amphipods Thomson (1959) 
Fan-belly leather jacket Monacanthus chinensis Epibiota, plants, zoobenthos and small invertebrates Conacher et al. (1979) 
Luderick Girella tricuspidata Mainly on algae but also small invertebrates Pollock (1981) 
Garfish Hyporhamphus regularis Mainly herbivorous (consumes seagrass) Linke et al. (2001) 
Sea mullet Mugil cephalus Small zooplankton changing to detritus and algae Major (1978) 
Sand whiting Sillago ciliata Feeds mostly on polychaetes and crustaceans McKay (1992) 
Trumpeter whiting Sillago maculata Mud dwelling meiofauna Coull et al. (1995) 
Common silver belly Gerres subfasciatus Benthic invertebrates, particularly polychaetes Linke et al. (2001) 
Three-bar porcupine fish Dicotylichthys punctulatus Hard-shelled invertebrates Rowling et al. (2010) 
Long Tom Tylosurus gavialoides Piscivore Day et al. (2011) 
Tailor Pomatomus saltatrix Piscivore Harding and Mann (2001) 
Eastern striped trumpeter Pelates sexlineatus Benthic invertebrates (within seagrass habitats) Sanchez_Jerez et al. (2008) 
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Appendix 2.3. Mean size and selenium concentration of fish species collected near the south-western Lake 
Macquarie. 

Common Name Scientific Name n 
Size + SD (min – max) 

cm 
Common silver belly Gerres subfasciatus 10 13 + 3 (7 - 16)   
Striped trumpeter Pelates sexlineatus 10 9 + 1 (7 - 11) 
Fan-belly leatherjacket Monacanthus chinensis 8 11 + 3 (5 - 13) 
Flathead mullet  Mugil cephalus 10 10 + 1 (8 - 12) 
Garfish Hyporhamphus regularis 10 21 + 1 (20 - 24) 
Long tom Tylosurus gavialoides 1 48 
Luderick Girella tricuspidata 5 28 + 10 (20 - 48) 
Sand whiting Sillago ciliata 4 24 + 9 (16 - 33) 
Tailor Pomatomus saltatrix 2 20  (19 - 22) 
Tarwhine Rhabdosargus sarba 5 14 + 2 (10 - 16) 
Porcupine fish  Dicotylichthys punctulatus 2 14 (13 - 14) 
Trumpeter whiting Sillago maculata 10 15 + 3 (10 - 20) 

 

 

 

 

 

Appendix 2.4. Tukey-HSD p values for differences between trophic group selenium concentrations of a 
seagrass ecosystem in Lake Macquarie. 

S
el

en
iu

m
   Autotrophs Herb-susp feeders Detritivores  Carnivores 

Autotrophs _ _ _ _ 

Herb-susp feeders 0* _ _ _ 

Detritivores 0* 0.02* _ _ 

Carnivores 0* 0.004* 0.43 _ 
*Significant different pairwise comparison 
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Appendix 2.5. Summary of data for all samples collected from a seagrass ecosystem in Lake Macquarie. 

Group Common Name Scientific Name ID 
Size δ

15N δ
13C Se Cu Zn As Cd Pb 

TLv Trophic 
Classification Habitat Feeding 

Zone (cm) ‰ ‰ µg/ g (dry mass) 

Algae BMA NI R122543 NA 1.1 -23.1 1.4 3.3 10 0.5 0.3 2.1 1.0 Autotrophs Source Source 

Algae Epiphytes NI R112276 NA 3.7 -9.2 0.9 8.2 45 3.2 0.6 0.6 1.8 Autotrophs Source Source 

Algae Epiphytes NI R112280 NA 3.8 -16.9 0.6 8.3 50 3.3 0.7 0.5 1.8 Autotrophs Source Source 

Algae Epiphytes NI R112278 NA 5.2 -12.8 1.1 10.4 57 4.1 0.9 0.6 2.2 Autotrophs Source Source 

Algae Epiphytes NI R112275 NA 5.2 -16.4 1.8 12.7 70 4.8 1.1 1.1 2.2 Autotrophs Source Source 

Algae Epiphytes NI R112279 NA 5.3 -17.2 1.1 10.9 59 4 0.9 0.5 2.2 Autotrophs Source Source 

Algae Epiphytes NI R112277 NA 5.4 -16.6 0.9 9.8 65 3.8 0.8 0.6 2.3 Autotrophs Source Source 

Algae Plankton NI R121112 NA 3 -22 2 23.7 3596 9.5 2.2 2.8 1.6 Herbivore pelagic Source 

Algae Plankton NI R121113 NA 3.5 -20.3 2.1 22.6 770 10.7 2.3 1.4 1.7 Herbivore pelagic Source 

Algae Plankton NI R121114 NA 4.6 -21.3 2.3 17.1 1056 15 2.1 0.7 2.0 Herbivore pelagic Source 

Algae Plankton NI R121111 NA 5 -22.1 2.5 19.5 744 15.4 2.6 0.2 2.1 Herbivore pelagic Source 

Algae Sargassum Sargassum sp. R112318 NA 3.1 -16.1 0.9 6.5 56 10.1 2.4 0.5 1.6 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112342 NA 3.1 -14.6 0.6 5.2 43 27.1 2.1 1.6 1.6 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112315 NA 3.1 -15.2 0.7 5.2 45 6.8 1.9 BDL 1.6 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112297 NA 3.8 -16.1 0.6 8.2 59 20.7 1.5 0.1 1.8 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112341 NA 3.8 -15.2 1.2 4.7 41 26.5 1.9 0.7 1.8 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112295 NA 3.8 -14.6 0.6 8.1 56 22.8 1.4 0.8 1.8 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112299 NA 3.8 -15.2 0.5 9 53 22.6 1.6 0.9 1.8 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112298 NA 4.1 -15.2 0.6 18.1 57 25.8 1.5 0.3 1.9 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112296 NA 4.1 -16.1 0.6 8.3 57 25.1 1.6 0.6 1.9 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112317 NA 4.1 -14.6 0.9 6.3 55 9.7 2.2 0.9 1.9 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112316 NA 4.1 -14.6 0.8 5.9 52 9.6 2.2 1.1 1.9 Autotrophs Source Source 

Algae Sargassum Sargassum sp. R112343 NA 4.1 -16.1 0.5 4.7 41 27.3 2.1 1.4 1.9 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122518 NA 1.8 -13.8 0.4 11.5 119 3.4 1.4 7.8 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122520 NA 1.8 -13.8 0.1 9.1 85 2.6 1.2 8.5 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122521 NA 1.8 -13.8 0.1 9.6 111 3.1 1.4 8.5 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122516 NA 1.8 -13.8 0.4 10.8 109 3.3 1.4 8.6 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122525 NA 1.8 -13.8 0.7 14.7 76 3.9 1.6 10.4 1.2 Autotrophs Source Source 
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Group Common Name Scientific Name ID 
Size δ

15N δ
13C Se Cu Zn As Cd Pb 

TLv Trophic 
Classification Habitat Feeding 

Zone (cm) ‰ ‰ µg/ g (dry mass) 

Plant Halophila  Halophila sp. R122526 NA 1.8 -13.8 0.7 16.4 83 5 1.7 12.2 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122515 NA 1.9 -13.7 0.3 11 97 2.6 1.3 7.3 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122522 NA 1.9 -13.9 0 8.8 91 2 1.3 8.2 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122519 NA 1.9 -13.9 0 10.1 116 2.8 1.5 8.7 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122524 NA 1.9 -13.7 0 8.8 91 2.5 1.4 9 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122517 NA 1.9 -13.8 0.2 14.3 100 4.5 1.3 9.3 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122523 NA 1.9 -13.8 0 10.9 101 2.4 1.3 9.9 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122527 NA 1.9 -13.9 0.6 14.3 70 3.9 1.5 10.5 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122529 NA 1.9 -13.7 0.5 14.8 73 3.5 1.5 11.2 1.2 Autotrophs Source Source 

Plant Halophila  Halophila sp. R122528 NA 1.9 -13.8 0.6 14.4 75 3.9 1.6 11.9 1.2 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112614 NA 4.8 -28.4 0.4 7.8 32 0.8 0.3 0.1 2.1 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112615 NA 4.8 -28.5 0.3 7.4 32 1 0.3 0.1 2.1 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112612 NA 4.9 -28.3 0.1 7.4 31 0.7 0.3 0.1 2.1 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112616 NA 4.9 -28.5 0 19.5 31 0.9 0.3 0.1 2.1 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112611 NA 4.9 -28.4 0.2 8.1 34 0.6 0.3 0.2 2.1 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112613 NA 5.1 -28.4 0.3 7.7 32 0.9 0.3 0.1 2.2 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112610 NA 5.1 -28.4 0.4 7.6 30 0.8 0.3 0.4 2.2 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112609 NA 5.1 -28.5 0.3 6.8 28 0.7 0.3 0.5 2.2 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112617 NA 5.1 -28.5 0.1 7.6 33 1 0.3 BDL 2.2 Autotrophs Source Source 

Plant Grey mangrove Avicennia marina R112608 NA 5.3 -28.4 0.8 12 122 2.4 5.6 2.6 2.2 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112604 NA 1.5 -10.7 0.6 10.4 106 2 4.8 2.2 1.1 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112605 NA 2.2 -9.8 0.7 9.1 93 1.6 4.3 1.9 1.3 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112348 NA 2.2 NA 0.8 10.9 31 2.9 1.6 3.8 1.3 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112606 NA 2.3 -10.1 0.7 11.3 112 2.1 5 2.3 1.4 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112347 NA 2.3 NA 1 13.7 39 3.4 2.1 4.3 1.4 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112600 NA 3.2 -9.4 1.1 11.2 110 2.5 5 2.6 1.6 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112607 NA 3.7 -8.1 0.8 9.5 94 1.8 4.2 1.9 1.8 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112602 NA 4.3 -11 0.5 9.1 89 1.9 4 1.9 1.9 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112603 NA 4.4 -9.9 0.8 9.7 97 2.1 4.4 2.3 2.0 Autotrophs Source Source 
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Group Common Name Scientific Name ID 
Size δ

15N δ
13C Se Cu Zn As Cd Pb 

TLv Trophic 
Classification Habitat Feeding 

Zone (cm) ‰ ‰ µg/ g (dry mass) 

Plant Zostera Zostera capricorni R112599 NA 5 -10.4 0.7 9.9 98 1.7 4.4 2 2.1 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112601 NA 5.1 -10.7 0.7 11 100 2.1 4.5 2.3 2.2 Autotrophs Source Source 

Plant Zostera Zostera capricorni R112598 NA 5 -10.5 0.2 0.1 1 0.1 BDL BDL 2.1 Autotrophs Source Source 

Invertebrate Anphipods NI R112267 NA 6.9 -18.1 1.3 34.6 67 4.5 1.1 2.2 2.7 Detritivore Pelagic Water 

Invertebrate Anphipods NI R112266 NA 7.2 -18.9 1.4 39 73 5.3 1.2 2.3 2.8 Detritivore Pelagic Water  

Invertebrate Anphipods NI R112269 NA 7.3 -17 1.1 40.5 77 6.5 1.4 2.5 2.8 Detritivore Pelagic Water 

Invertebrate Anphipods NI R112265 NA 7.3 -16.7 1.1 42.1 66 5.6 1.1 2.8 2.8 Detritivore Pelagic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111843 NA 5.4 -16.6 1.8 40.8 52 4.9 0.4 0.9 2.3 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111835 NA 5.8 -18.8 2.9 58.7 131 6.7 0.3 1 2.4 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111841 NA 5.9 -16.2 1.6 33.6 58 6.8 0.3 0.5 2.4 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111838 NA 6.5 -16 1.9 32.8 62 5.8 0.2 0.8 2.6 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111844 NA 6.6 -15.4 1.5 29.7 48 6.2 0.4 0.4 2.6 Detritivore Benthic Water  

Invertebrate Grapsid crab Helograpsus haswellianus R111840 NA 6.6 -15.6 2.1 37.3 80 7.5 0.3 1.1 2.6 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111839 NA 7.1 -15.7 2 46.9 74 7.1 0.3 0.6 2.8 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111836 NA 7.2 -15.9 2.1 36.9 68 6.9 0.2 0.8 2.8 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111842 NA 7.7 -15.9 1.7 36.2 57 6.4 0.2 0.2 2.9 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R111837 NA 7.7 -16.5 2 43.6 64 7.6 0.4 0.7 2.9 Detritivore Benthic Water 

Invertebrate Grapsid crab Helograpsus haswellianus R121100 NA 7.7 -15.9 3.9 98.5 102 24.5 0.9 3.5 2.9 Detritivore Benthic Water 

Invertebrate Yabbie Trypaea australiensis R121107 NA 7.1 -17.8 2.2 81 61 8 2.1 BDL 2.8 Detritivore Benthic Benthos 

Invertebrate Yabbie Trypaea australiensis R121110 NA 7.2 -16.3 2.5 139.3 71 11.7 1 BDL 2.8 Detritivore Benthic Benthos 

Invertebrate Yabbie Trypaea australiensis R122530 NA 7.4 -17.8 2.2 116.2 66 6.6 1 2.6 2.9 Detritivore Benthic Benthos 

Invertebrate Yabbie Trypaea australiensis R122598 NA 7.4 -17.2 2.8 25.7 93 11.1 1.3 5.1 2.9 Detritivore Benthic Benthos 

Invertebrate Yabbie Trypaea australiensis R121109 NA 7.4 -17.2 2.3 109.3 65 5.7 0.8 BDL 2.9 Detritivore Benthic Benthos 

Invertebrate Yabbie Trypaea australiensis R121108 NA 7.4 -17.8 2.3 124.1 67 6.8 3.4 BDL 2.9 Detritivore Benthic Benthos 

Invertebrate Achidae Achidae R122601 NA 4.2 -23.6 6.3 12.9 62 12.8 1.1 1.6 1.9 Detritivore Benthic Benthos 

Invertebrate Achidae Achidae R122600 NA 4.5 -23.2 5.8 57.5 116 21.3 2.3 1.5 2.0 Detritivore Benthic Benthos 

Invertebrate Achidae Achidae R122606 NA 4.8 -23.3 6.3 9.7 57 13 2.3 1 2.1 Detritivore Benthic Benthos 

Invertebrate Achidae Achidae R122603 NA 4.8 -23 7.1 11 96 13.3 1.5 1.6 2.1 Detritivore Benthic Benthos 

Invertebrate Achidae Achidae R122605 NA 4.9 -18.5 1.2 2.8 12 3 0.3 0.8 2.1 Detritivore Benthic Benthos 
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Group Common Name Scientific Name ID 
Size δ

15N δ
13C Se Cu Zn As Cd Pb 

TLv Trophic 
Classification Habitat Feeding 

Zone (cm) ‰ ‰ µg/ g (dry mass) 

Invertebrate Achidae Achidae R122604 NA 5 -21.3 8.1 25.2 58 33.8 1.7 3.4 2.1 Detritivore Benthic Benthos 

Invertebrate Achidae Achidae R122602 NA 5.1 -23 4.7 10.4 71 12.4 1.4 1.8 2.2 Detritivore Benthic Benthos 

Invertebrate Basket shell Corbula truncata R122566 NA 4.3 -22.6 2.6 15.6 57 9.8 2.6 3.2 1.9 Herbivore Benthic Water  

Invertebrate Basket shell Corbula truncata R122568 NA 4.3 -22.3 3 15.4 59 9.8 2.6 3.9 1.9 Herbivore Benthic Water 

Invertebrate Basket shell Corbula truncata R122564 NA 4.4 -22.8 2.4 16 61 7.4 2.4 1.6 2.0 Herbivore Benthic Water  

Invertebrate Basket shell Corbula truncata R122569 NA 4.7 -22.4 2.3 13.2 48 7.6 2 3.5 2.1 Herbivore Benthic Water 

Invertebrate Basket shell Corbula truncata R122567 NA 4.7 -21.9 2.4 6.2 37 11.7 0.4 3.6 2.1 Herbivore Benthic Water 

Invertebrate Basket shell Corbula truncata R122570 NA 4.7 -22.2 2.3 25.5 54 7 2 7.6 2.1 Herbivore Benthic Water 

Invertebrate Common snail Nerita sp. R121099 NA 5.6 -14.7 0.6 5.3 9 BDL 2 1.4 2.3 Herbivore Benthic Water 

Invertebrate Common snail Nerita sp. R122551 NA 7.2 -16 3.9 64.1 99 47.8 1.9 1.5 2.8 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122591 NA 5.5 -13.7 2.3 183.8 46 17.9 6.9 0.5 2.3 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122590 NA 5.7 -14.1 1.5 98 41 15.3 4 0.4 2.4 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122595 NA 5.8 -13.4 2.4 205.3 62 19.9 6.9 0.2 2.4 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122594 NA 5.9 -13.9 1.4 132.7 51 18.6 5.9 0.1 2.4 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122587 NA 5.9 -14.5 2.5 99.8 59 20.6 5.9 1 2.4 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122589 NA 6.1 -13.5 3 105.8 72 19.3 2.3 0.4 2.5 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122588 NA 6.1 -14 1.3 88.2 30 13.1 3.8 0.7 2.5 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122593 NA 6.2 -13.9 2.4 93.4 64 27.9 2.1 0.4 2.5 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122592 NA 6.2 -13.9 1.2 182.7 35 11 5.9 1.1 2.5 Herbivore Benthic Benthos 

Invertebrate Grazing snail Bembicium auratum R122596 NA 6.4 -14 0.9 90.8 33 12.8 3.2 BDL 2.6 Herbivore Benthic Benthos 

Invertebrate Hairy mussels  Trichomya hirsuta R111815 NA 5.6 -20.9 3.3 6.9 38 6.6 3.2 BDL 2.3 Herbivore Benthic Water 

Invertebrate Hairy mussels  Trichomya hirsuta R111820 NA 5.9 -20.6 4.1 6.5 43 6.8 4 0.8 2.4 Herbivore Benthic Water 

Invertebrate Hairy mussels  Trichomya hirsuta R111814 NA 5.9 -20.8 3.6 6.5 44 7.5 4.3 0.9 2.4 Herbivore Benthic Water 

Invertebrate Hairy mussels  Trichomya hirsuta R111818 NA 6 -21 3.8 7.4 60 7.6 7 BDL 2.4 Herbivore Benthic Water 

Invertebrate Hairy mussels  Trichomya hirsuta R111812 NA 6.6 -21.2 6.5 16.1 153 13.3 5.7 0.1 2.6 Herbivore Benthic Water  

Invertebrate Hairy mussels  Trichomya hirsuta R111819 NA 6.6 -20.3 3.2 5.1 36 7.6 1.8 0.8 2.6 Herbivore Benthic Water  

Invertebrate Hairy mussels  Trichomya hirsuta R111817 NA 6.7 -20.4 5.5 14.2 121 13.5 7 0.2 2.6 Herbivore Benthic Water 

Invertebrate Hairy mussels  Trichomya hirsuta R111821 NA 7.2 -21.4 4.4 10.2 61 11.2 2.1 0.6 2.8 Herbivore Benthic Water 

Invertebrate Hairy mussels  Trichomya hirsuta R111813 NA 7.2 -18.6 8 22.4 169 48.8 28.9 2.6 2.8 Herbivore Benthic Water 
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Invertebrate Hairy mussels  Trichomya hirsuta R111816 NA 7.4 -18.8 6.4 12.6 67 41.8 21.5 0.9 2.9 Herbivore Benthic Water 

Invertebrate Short necked clams Paphia undulata R122586 NA 4.9 -22.8 3.7 7 63 9.9 2.5 1.9 2.1 Detritivore Benthic Water 

Invertebrate Short necked clams Paphia undulata R122581 NA 5.1 -23.3 4.2 6 71 9.1 3.3 2.6 2.2 Detritivore Benthic Water 

Invertebrate Small mud whelk Batillaria australis R111822 NA 4.6 -15.7 6.4 39.7 48 11.5 1 0.4 2.0 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111825 NA 4.6 -15.7 4.8 74.7 52 11 2.6 0.8 2.0 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111828 NA 4.6 -15.7 6.2 94.6 414 13.4 8.3 0.8 2.0 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111831 NA 4.8 -15.1 5.7 109.2 29 8 3 0.5 2.1 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111824 NA 4.8 -15.1 5.1 90.3 28 7.1 2.3 0.7 2.1 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111829 NA 4.8 -15.1 5.6 158 104 11 5.2 0.7 2.1 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111826 NA 4.8 -15.1 5.5 94 301 13.4 7.8 0.9 2.1 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111830 NA 5 -14.2 4.9 128.1 351 9.8 14.9 0.7 2.1 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111827 NA 5 -14.2 4.9 67.4 97 8.5 5.4 0.8 2.1 Detritivore Benthic Benthos 

Invertebrate Small mud whelk Batillaria australis R111823 NA 5 -14.2 6.4 50.9 51 13 1.5 0.9 2.1 Detritivore Benthic Benthos 

Invertebrate Southern mud oyster Ostrea angasi R111797 NA 6.6 -18.7 4.3 3.3 3755 15.3 50.5 1.2 2.6 Herbivore Benthic Water 

Invertebrate Southern mud oyster Ostrea angasi R111795 NA 6.8 -19.1 4.3 4.8 6373 23.7 62.3 1.7 2.7 Herbivore Benthic Water 

Invertebrate Southern mud oyster Ostrea angasi R111801 NA 6.9 -19 0.4 0.4 375 2.6 22.6 0.1 2.7 Herbivore Benthic Water 

Invertebrate Southern mud oyster Ostrea angasi R111798 NA 6.9 -19.3 4.6 4.8 7857 19.1 207.8 1.2 2.7 Herbivore Benthic Water 

Invertebrate Southern mud oyster Ostrea angasi R111800 NA 7.1 -19.3 4.1 3.9 3590 13.2 168.7 0.8 2.8 Herbivore Benthic Water 

Invertebrate Southern mud oyster Ostrea angasi R111799 NA 7.1 -19.3 3.7 3.1 6358 21.7 268.4 0.9 2.8 Herbivore Benthic Water 

Invertebrate Southern mud oyster Ostrea angasi R111796 NA 7.3 -18.9 4.1 7.7 10834 13.7 125.3 1.4 2.8 Herbivore Benthic Water  

Invertebrate Sydney cockle Anadara trapezia R111834 NA 6.5 -19.6 7.4 16.4 83 15.2 11.3 7.3 2.6 Herbivore Benthic Water 

Invertebrate Sydney cockle Anadara trapezia R111833 NA 7 -19.4 3.4 8.5 106 13.4 13 2 2.7 Herbivore Benthic Water 

Invertebrate Sydney cockle Anadara trapezia R111832 NA 7.2 -19 3.7 7.7 95 15.9 17.5 2.1 2.8 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111807 NA 5.8 -22.2 2.8 430.2 5758 12.9 12.7 0.5 2.4 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111809 NA 5.9 -22.2 4.2 368.4 3342 9.6 11.5 0.6 2.4 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111805 NA 6.3 -21.9 5.4 407.7 7679 12.1 11.8 0.6 2.5 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111803 NA 6.3 -22.8 2.1 246.1 3574 8.5 13.1 0.6 2.5 Herbivore Benthic Water  

Invertebrate Sydney rock oyster  Saccostrea glomerata R122552 NA 6.3 -21.9 1.7 63.7 628 8.3 16.8 1.3 2.5 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111811 NA 6.4 -20.7 3 333.3 3803 8.9 11.1 0.6 2.6 Herbivore Benthic Water 
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Invertebrate Sydney rock oyster  Saccostrea glomerata R122553 NA 6.4 -20.7 0.8 202.4 1558 9 7.7 1 2.6 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111808 NA 6.6 -20.1 2.9 571 2811 5.6 6.7 0.7 2.6 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R122554 NA 6.6 -20.1 1.5 177.8 1925 8.9 9.8 1 2.6 Herbivore Benthic Water  

Invertebrate Sydney rock oyster  Saccostrea glomerata R111806 NA 6.9 -21.4 5.6 455.9 4921 13.3 12.3 0.4 2.7 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R122555 NA 6.9 -21.4 4 367.6 3541 10.8 11.7 0.6 2.7 Herbivore Benthic Water  

Invertebrate Sydney rock oyster  Saccostrea glomerata R111804 NA 7 -21.7 5.5 331.7 4677 11.3 13.7 0.5 2.7 Herbivore Benthic Water  

Invertebrate Sydney rock oyster  Saccostrea glomerata R122556 NA 7 -21.7 2.6 237.5 1877 10.6 11.4 0.6 2.7 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111810 NA 7.3 -18.2 0.8 133.4 1085 2.6 3.4 0.1 2.8 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R122563 NA 7.3 -18.2 3.4 313.7 2810 11.1 10.8 0.4 2.8 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R122557 NA 7.3 -18.2 1.3 310.6 2743 10.1 10.4 1 2.8 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R122562 NA 7.5 -20.4 1.6 374.9 2755 9.4 8.9 0.2 2.9 Herbivore Benthic Water 

Invertebrate Sydney rock oyster  Saccostrea glomerata R111802 NA 7.5 -20.4 2.4 305.8 4919 13.6 18 0.8 2.9 Herbivore Benthic Water 

Invertebrate White sunset-shell Soletellina alba R122577 NA 4.1 -19.5 8.3 85.9 281 14.7 2.5 10.1 1.9 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122580 NA 4.5 -19.2 6.5 81.7 273 15.9 2 7.6 2.0 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122579 NA 4.7 -19.5 8.1 58.7 257 14.8 2.5 6.8 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122575 NA 4.7 -19.6 6.9 109.6 279 12.6 3.2 7.6 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122578 NA 4.7 -19.9 8.1 85.5 419 17.7 2.5 8.5 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122571 NA 4.7 -19.4 9.4 140.8 661 22.4 4.9 10.3 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122574 NA 4.7 -19.3 8.5 304.3 697 16.6 5.2 12.3 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122573 NA 5 -19.7 8.2 206.3 426 13.2 2.2 8.4 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122572 NA 5 -19.8 7.1 109.3 201 15.5 2.8 8.4 2.1 Detritivore Benthic Benthos 

Invertebrate White sunset-shell Soletellina alba R122576 NA 5.1 -19.5 7.1 61 409 15.9 2.5 5 2.2 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R112274 NA 4.9 -17.1 6.7 26.4 73 70.9 2 2.7 2.1 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122542 NA 4.9 -30.4 4 16.4 73 7.3 1.1 7.3 2.1 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122544 NA 5.1 -18.8 9 28.1 114 14.1 2 13.4 2.2 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122547 NA 5.3 -19.4 1.5 16.4 63 18.7 0.2 4.3 2.2 Detritivore Benthic Water 

Invertebrate Polychaete NI R112273 NA 6.3 -16.2 8 74.4 104 57.4 3.7 1.9 2.5 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R121104 NA 6.3 -16.3 3.9 51.9 52 41.6 1.3 5.8 2.5 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R121106 NA 6.5 -22.2 5.8 69.3 60 50.2 1.5 2.7 2.6 Detritivore Benthic Benthos 
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Invertebrate Polychaete NI R112272 NA 6.5 -22.2 6.4 40.4 70 55.3 3.8 2.8 2.6 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R121103 NA 6.6 -16.2 6.3 27.7 232 93.6 4.1 4.7 2.6 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R121105 NA 6.7 -19.4 4.4 22.8 55 43.8 1 1.6 2.6 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R112271 NA 6.7 -22.2 6.3 49.8 165 89.3 8.7 2.9 2.6 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122548 NA 6.7 -19.9 7.9 29.7 265 25.3 1.9 3.2 2.6 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122539 NA 7.1 -18.6 7.4 30.7 70 95.5 1.2 4 2.8 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R112270 NA 7.3 -15.4 4.6 24.3 132 75.7 6.9 2.9 2.8 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122549 NA 7.4 -18.6 5.1 16.7 155 38.6 2 2.9 2.9 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122533 NA 7.7 -19.2 9 51.2 220 61.5 2.4 5.9 2.9 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122538 NA 7.7 -16.6 7.6 177.4 122 63 1.5 9.2 2.9 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122550 NA 7.8 -17.5 6.2 103.7 60 48 0.9 3.7 3.0 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122541 NA 7.8 -18.8 6.3 26.9 68 100.1 1.3 6.3 3.0 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R122540 NA 8 -19.4 6.2 24.8 112 48.9 2.4 2.8 3.0 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R121102 NA 8.5 -15.3 4.8 41.8 172 32.7 4.3 21.2 3.2 Detritivore Benthic Benthos 

Invertebrate Polychaete NI R121101 NA 9.4 -15 8.4 4.4 127 1.9 1.1 8.7 3.4 Detritivore Benthic Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111790 12 10.4 -13.6 12.9 BDL 217 11.7 BDL BDL 3.7 Detritivore Pelagic  Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111792 9.5 10.6 -15.6 3.7 BDL 197 6.6 BDL BDL 3.8 Detritivore Pelagic Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111784 16 10.9 -15.1 5.8 BDL 224 6 BDL BDL 3.9 Detritivore Pelagic Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111789 13 10.9 -14 8.1 1.4 112 9.2 0.1 0.2 3.9 Detritivore pelagic Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111793 7 11 -14.1 10 BDL 142 19 BDL BDL 3.9 Detritivore Pelagic  Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111791 12 11.2 -15.9 4.6 BDL 202 6.4 BDL BDL 4.0 Detritivore Pelagic Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111787 13.5 11.3 -16.4 7.6 BDL 150 25.2 BDL BDL 4.0 Detritivore Pelagic  Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111785 16 11.9 -15.3 7.5 BDL 225 13.7 BDL BDL 4.2 Detritivore Pelagic  Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111788 12.5 12.1 -15.5 7.1 BDL 124 26.8 BDL BDL 4.2 Detritivore Pelagic Benthos 

Vertebrate Common silver belly Gerres subfasciatus R111786 14 12.2 -15.8 5.4 BDL 138 21.7 BDL BDL 4.3 Detritivore Pelagic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111741 9 9.1 -14.8 2.9 2.1 79 2.9 BDL BDL 3.4 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111740 9.5 9.2 -14.4 4 2.1 79 4.3 0.5 0.1 3.4 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111739 9.5 9.3 -14.4 3.8 1.6 75 3 BDL BDL 3.4 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111742 8.5 10.1 -15.7 3.7 2.2 69 3.8 BDL BDL 3.6 Carnivores Benthic Benthos 
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Vertebrate Striped trumpeter Pelates sexlineatus R111743 9 10.3 -14.9 4.4 1.9 74 3.3 BDL BDL 3.7 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111745 7.5 10.4 -15.1 3.2 3.9 106 3.1 BDL BDL 3.7 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111736 11 10.6 -13.5 5.2 1.2 57 5.6 BDL BDL 3.8 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111737 10.5 10.8 -13.8 5.5 1.6 77 5 BDL BDL 3.9 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111744 8 11.1 -15.4 4 2.1 81 4.5 BDL BDL 3.9 Carnivores Benthic Benthos 

Vertebrate Striped trumpeter Pelates sexlineatus R111738 10 11.4 -15.2 2.5 1 70 3.1 BDL BDL 4.0 Carnivores Benthic Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111729 10 8.7 -14.1 4.1 2.3 30 15 BDL BDL 3.2 Detritivore Pelagic Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111731 11 8.9 -15.1 5.3 1.6 8 28.8 BDL 0.4 3.3 Detritivore Pelagic Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111730 10.5 9 -14.6 5.6 0.8 23 17.9 BDL BDL 3.3 Detritivore pelagic Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111733 12.5 9.1 -14.6 2.7 1.6 21 18.5 BDL BDL 3.4 Detritivore Pelagic  Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111734 13 9.3 -16.5 3.7 1.4 22 17.2 BDL BDL 3.4 Detritivore Pelagic Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111732 12 9.3 -16.5 3.9 0.9 27 22.2 BDL BDL 3.4 Detritivore Pelagic  Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111728 5 9.8 -17.1 5.3 1.3 34 12.1 BDL BDL 3.6 Detritivore Pelagic  Benthos 

Vertebrate Leader jacket Monacanthus chinensis R111735 13 9.8 -17.1 3.6 0.8 20 18.6 BDL BDL 3.6 Detritivore Pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111751 10 8.6 -12 2.9 2.6 76 4.7 BDL BDL 3.2 Detritivore Pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111756 9.5 8.6 -12 2.7 5.9 78 5.1 BDL BDL 3.2 Detritivore Pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111752 9.5 10 -15.6 2.9 6.1 88 4.9 BDL BDL 3.6 Detritivore pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111750 12 10 -17.8 2.9 2 74 9.7 BDL BDL 3.6 Detritivore Pelagic  Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111749 12.5 10.2 -15.8 2.4 2.5 68 7.6 BDL BDL 3.7 Detritivore Pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111755 9.5 10.3 -17.9 4.3 3.1 113 6.5 BDL BDL 3.7 Detritivore Pelagic  Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111757 8.5 10.6 -19.5 3.6 5.6 119 4.3 BDL BDL 3.8 Detritivore Pelagic  Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111753 9.5 10.6 -19.5 3.7 4.6 90 5.6 BDL BDL 3.8 Detritivore Pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111758 8.5 12.9 -18 3.8 3.6 104 6 BDL BDL 4.5 Detritivore Pelagic Benthos 

Vertebrate Flathead mullet  Mugil cephalus R111754 9.5 12.9 -18 3.5 4.7 107 6.8 BDL BDL 4.5 Detritivore Pelagic Benthos 

Vertebrate Garfish Hyporhamphus regularis R111781 20 8.3 -13.8 1 1 188 0.4 BDL BDL 3.1 Detritivore pelagic Water  

Vertebrate Garfish Hyporhamphus regularis R111777 20 8.5 -11.7 1.3 1.3 117 BDL BDL BDL 3.2 Detritivore Pelagic  Water 

Vertebrate Garfish Hyporhamphus regularis R111778 20 8.5 -12.7 2.1 2.1 133 0.5 BDL BDL 3.2 Detritivore Pelagic Water 

Vertebrate Garfish Hyporhamphus regularis R111774 24 8.7 -13 1.2 1.2 85 BDL BDL BDL 3.2 Detritivore Pelagic  Water 

Vertebrate Garfish Hyporhamphus regularis R111776 20 8.7 -12.6 1.6 1.6 147 4 BDL BDL 3.2 Detritivore Pelagic  Water 
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Vertebrate Garfish Hyporhamphus regularis R111779 20 8.8 -13.1 1.6 1.6 136 3.2 BDL BDL 3.3 Detritivore Pelagic Water 

Vertebrate Garfish Hyporhamphus regularis R111783 20 9 -13.9 1.4 1.4 90 2.8 BDL BDL 3.3 Detritivore Pelagic Water 

Vertebrate Garfish Hyporhamphus regularis R111780 20 9.4 -14.2 1.4 1.4 128 5.5 BDL BDL 3.4 Detritivore Pelagic Water 

Vertebrate Garfish Hyporhamphus regularis R111782 20 10.4 -14.5 2 2 103 BDL BDL BDL 3.7 Detritivore pelagic Water 

Vertebrate Long tom Tylosurus gavialoides R111721 48 12.8 -15.5 5.8 1.2 57 1.1 BDL BDL 4.4 Carnivore Pelagic  Water 

Vertebrate Luderick Girella tricuspidata R111769 29 8.9 -13.5 0.9 BDL 30 BDL BDL BDL 3.3 Detritivore Pelagic Benthos 

Vertebrate Luderick Girella tricuspidata R111770 25 9.7 -15 2.3 BDL 51 2.1 BDL BDL 3.5 Detritivore Pelagic  Benthos 

Vertebrate Luderick Girella tricuspidata R111772 22 10.1 -17 8.7 BDL 38 0.2 BDL BDL 3.6 Detritivore Pelagic  Benthos 

Vertebrate Luderick Girella tricuspidata R111773 20 11 -17.3 6.7 BDL 33 0.5 BDL BDL 3.9 Detritivore Pelagic Benthos 

Vertebrate Luderick Girella tricuspidata R111771 24 11 -17.3 2.2 BDL 37 1.8 BDL BDL 3.9 Detritivore Pelagic Benthos 

Vertebrate Sand whiting Sillago ciliata R111724 33 10.8 -14.9 4.4 0.1 20 27.5 BDL BDL 3.9 Carnivore Benthic Benthos 

Vertebrate Sand whiting Sillago ciliata R111725 31 11 -12.7 4.6 0.1 24 13.8 BDL BDL 3.9 Carnivore Benthic Benthos 

Vertebrate Sand whiting Sillago ciliata R111722 16 11.1 -14.8 7.4 0.7 39 33.7 BDL BDL 3.9 Carnivore Benthic Benthos 

Vertebrate Sand whiting Sillago ciliata R111723 17.5 11.4 -13.8 4.9 0.4 38 28.4 BDL BDL 4.0 Carnivore Benthic Benthos 

Vertebrate Tailor Pomatomus saltatrix R111726 19 13.4 -17.8 4.3 0.7 27 1.3 BDL BDL 4.6 Carnivore Pelagic Water 

Vertebrate Tailor Pomatomus saltatrix R111727 22 13.8 -17.7 2.9 0.8 30 5.5 BDL BDL 4.7 Carnivore Pelagic Water 

Vertebrate Tarwhine Rhabdosargus sarba R111716 16 9.8 -15.6 2.5 0.5 21 28.9 BDL BDL 3.6 Detritivore pelagic Benthos 

Vertebrate Tarwhine Rhabdosargus sarba R111715 16 10 -15.4 2.6 1.1 25 28.6 BDL 0.1 3.6 Detritivore Pelagic  Benthos 

Vertebrate Tarwhine Rhabdosargus sarba R111714 15 10.1 -15.2 4.2 1.3 19 10.8 BDL 0.3 3.6 Detritivore Pelagic Benthos 

Vertebrate Tarwhine Rhabdosargus sarba R111717 10 10.1 -15.3 2.7 1.1 22 5.7 BDL BDL 3.6 Detritivore Pelagic  Benthos 

Vertebrate Tarwhine Rhabdosargus sarba R111718 14 10.2 -12.3 6.6 0.5 22 13.9 BDL BDL 3.7 Detritivore Pelagic  Benthos 

Vertebrate 
Three-bar 

Porcupinefish  Dicotylichthys punctulatus R111719 14.3 10 -14.2 5.4 1.4 322 3.1 BDL 0.4 3.6 Carnivore Benthic Benthos 

Vertebrate 
Three-bar 

Porcupinefish  Dicotylichthys punctulatus R111720 13 12.1 -14 5.5 1.2 159 0.7 BDL BDL 4.2 Carnivore Benthic Benthos 
BDL = below measurable limit of 0.01 µg/g from the ICP-MS. NI= not identified. NA= Not applicable. 
Cells highlighted in red are samples with metal concentration above Maximum Limit (ML) or above General Expected Level (GEL) for human consumption established by Food Standards 
Australia New Zealand (2013). Cells highlighted in blue are samples with metal concentration below ML or GEL. Cells which are not highlighted indicate that there is no ML or GEL 
established for those species.
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Appendix 3.1. Tukey-HSD p values for differences between metal concentrations of trophic 
groups in a seagrass ecosystem from Lake Macquarie. 

C
op

pe
r 

  Autotrophs Herb-susp feeders Detritivores  Carnivores 

Autotrophs _ _ _ _ 

Herb-susp feeders < 0.001* _ _ _ 

Detritivores > 0.05 < 0.001* _ _ 

Carnivores < 0.001* < 0.001* < 0.001* _ 

Z
in

c 

  Autotrophs Herb-susp feeders Detritivores  Carnivores 

Autotrophs _ _ _ _ 

Herb-susp feeders 0* _ _ _ 

Detritivores > 0.05 0* _ _ 

Carnivores > 0.05 0* > 0.05 _ 

A
rs

en
ic

   Autotrophs Herb-susp feeders Detritivores  Carnivores 

Autotrophs _ _ _ _ 

Herb-susp feeders < 0.001* _ _ _ 

Detritivores < 0.001* > 0.05 _ _ 

Carnivores > 0.05 > 0.05 > 0.05 _ 

C
ad

m
iu

m
   Autotrophs Herb-susp feeders Detritivores  Carnivores 

Autotrophs _ _ _ _ 

Herb-susp feeders < 0.001* _ _ _ 

Detritivores < 0.001* < 0.001* _ _ 

Carnivores < 0.001* < 0.001* < 0.001* _ 

Le
ad

 

  Autotrophs Herb-susp feeders Detritivores  Carnivores 

Autotrophs _ _ _ _ 

Herb-susp feeders > 0.05 _ _ _ 

Detritivores < 0.001* > 0.05 _ _ 

Carnivores 0* < 0.001* < 0.001* _ 
*Significant different pairwise comparison. 
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Appendix 3.2. Summary table of ANCOVA results checking the effects of habitat and 
feeding zone on metal concentrations after controlling for δ

15N in invertebrates from a 
seagrass ecosystem in Lake Macquarie, NSW, Australia. Note that for zinc and cadmium the 
ANCOVA assumptions were not met and separate regressions were performed. When 
regression stepwise has indicated to remove the interaction of factors and co-variable, they 
were not reported. 

In
ve

rt
eb

ra
te

s 

Copper Df Sum of 
Sq 

Mean Sq F value p 

Habitat and feeding zone categories 2 2.2 1.1 3.5 < 0.05*H 

δ
15N 1 0.3 0.3 1.0 > 0.05 

Habitat and feeding zone :δ15N 2 1.8 0.9 2.9 > 0.05 

Zinc Df Sum of 
Sq 

Mean Sq F value p 

Habitat and feeding zone categories 2 8.3 4.2 11.3 < 0.001*H 

δ
15N 1 0.3 0.3 0.9 > 0.05 

Habitat and feeding zone :δ15N 2 11.8 5.9 16.1 < 0.001* 

Zinc separated regressions Df Sum of 
Sq 

Mean Sq F value p 

PW x δ15N 1 3.4 3.4 99.9 < 0.001* 

BW x δ15N 1 8.6 8.6 13.0 < 0.001* 

BB x δ15N 1 0.2 0.2 1.3 > 0.05 

Arsenic Df Sum of 
Sq 

Mean Sq F value p 

Habitat and feeding zone categories 2 3.7 1.8 14.5 < 0.001*H 

δ
15N 1 0.7 0.7 5.5 < 0.05* 

Habitat and feeding zone :δ15N 2 0.7 0.3 2.7 > 0.05 

Cadmium Df Sum of 
Sq 

Mean Sq F value p 

Habitat and feeding zone categories 2 3.3 1.6 5.5 < 0.001*H 

δ
15N 1 0.2 0.2 0.8 > 0.05 

Habitat and feeding zone :δ15N 2 3.3 1.7 5.6 < 0.01* 

Cadmium separated regressions Df Sum of 
Sq 

Mean Sq F value p 

PW x δ15N 1 0.1 0.1 25.1 < 0.001* 

BW x δ15N 1 3.2 3.2 5.8 < 0.05* 

BB x δ15N 1 0.2 0.2 2.3 > 0.05 

Lead  Df Sum of 
Sq 

Mean Sq F value p 

Habitat and feeding zone categories 2 2.3 1.2 3.7 < 0.05*H 

δ
15N 1 0.5 0.5 1.7 > 0.05 

Habitat and feeding zone :δ15N 2 1.3 0.7 2.1 > 0.05 

PW = pelagic organisms feeding in the water column; BW = benthic organisms feeding in the water column; BB 
= benthic organisms feeding on the benthos; PB = pelagic organisms feeding on the benthos. 
H = Refer to the post hoc table appendix 3.4. 
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Appendix 3.3. Summary table of ANCOVA results checking the effects of habitat and 
feeding zone on metal concentrations after controlling for the δ15N in vertebrates in Lake 
Macquarie. Note that for Zn and Cd the ANCOVA assumptions were not met and separate 
regressions were performed. When stepwise has indicated to remove the interaction of factors 
and co-variable, they were not reported. 

V
er

te
br

at
es

 

Copper Df Sum of Sq Mean Sq F value p 

Habitat and feeding zone categories 2 2.9 1.4 3.3 > 0.05 

δ
15N 1 2.1 2.1 4.9 < 0.05* 

Zinc Df Sum of Sq Mean Sq F value p 

Habitat and feeding zone categories 2 0.3 0.2 2.1 > 0.05 

δ
15N 1 0.1 0.1 1.3 > 0.05 

Habitat and feeding zones :δ15N 2 2.6 1.3 16.3 < 0.001* 

Zinc separated regressions Df Sum of Sq Mean Sq F value p 

PW x δ15N 1 0.7 0.7 55.8 < 0.001* 

PB x δ15N 1 2.0 2.0 20.9 < 0.001* 

BB x δ15N 1 0.0 0.0 0.5 > 0.05 

Arsenic Df Sum of Sq Mean Sq F value p 

Habitat and feeding zone categories 2 9.2 4.6 12.3 
< 

0.001*H 

δ
15N 1 0.7 0.7 1.8 > 0.05 

Habitat and feeding zone :δ15N 2 0.1 0.1 0.2 > 0.05 
PW = pelagic organisms feeding in the water column; BW = benthic organisms feeding in the water column; BB 
= benthic organisms feeding on benthos; PB = pelagic organisms feeding on benthos. 
H = Refer to the post hoc appendix 3.4. 
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Appendix 3.4. Multiple comparisons (Tukey-HSD post hoc tests) of metal concentrations 
between habitat/feeding zone categories in invertebrates collected in Lake Macquarie. 

 Copper 

In
ve

rt
eb

ra
te

s 

Habitat 
Feeding zone 

categories 
Mean difference 

95% confident interval 
p Upper bound Lower Bound 

BW-BB -0.3 -0.5 0.0 < 0.05* 

PW-BB -0.3 -0.8 0.2 > 0.05 

PW-BW 0.0 -0.5 0.4 > 0.05 

Zinc 
Habitat 

Feeding zone 
categories 

Mean difference 
95% confident interval 

p Upper bound Lower Bound 

BW-BB 0.5 0.3 0.8 < 0.001* 

PW-BB 0.4 -0.1 0.9 > 0.05 

PW-BW -0.1 -0.6 0.4 > 0.05 

Arsenic 

Habitat Feeding 
zone categories Mean difference 

95% confident interval 
p 

Upper bound Lower Bound 
BW-BB 0.3 0.0  0.5 < 0.05* 

PW-BB -0.2 -0.6  0.3 > 0.05 

PW-BW -0.5 -0.9 -0.0 > 0.05 

Cadmium 
Habitat 

Feeding zone 
categories 

Mean difference 
95% confident interval 

p Upper bound Lower Bound 

BW-BB 0.3 0.0  0.5 < 0.05* 

PW-BB -0.2 -0.6  0.3 > 0.05 

PW-BW -0.5 -0.9 -0.0 > 0.05 

Lead 
Habitat 

Feeding zone 
categories 

Mean difference 
95% confident interval 

p Upper bound Lower Bound 

BW-BB -0.3 -0.5 -0.0 < 0.05* 

PW-BB 0.0 -0.5  0.4 > 0.05 

PW-BW 0.2 -0.2 0.7 > 0.05 
PW = pelagic organisms feeding in the water column; BW = benthic organisms feeding in the water column; BB 
= benthic organisms feeding on benthos; PB = pelagic organisms feeding on benthos. 
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Appendix 3.5.  Multiple comparisons (Tukey-HSD post hoc tests) of arsenic concentrations 
between habitat/feeding zone categories in vertebrates collected in Lake Macquarie. 

V
er

te
br

at
es

 Arsenic 
Habitat 

Feeding zone 
categories 

Mean 
difference 

95% confident interval 
p Upper bound Lower Bound 

PB-BB 0.1 -0.3 0.6 > 0.05 
PW-BB -0.9 -1.4 -0.3 < 0.001* 
PW-PB -1.0 -1.5 -0.5 < 0.001* 

PW = pelagic organisms feeding in the water column; BW = benthic organisms feeding  in the water column; 
BB = benthic organisms feeding on benthos; PB = pelagic organisms feeding on benthos. 
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Appendix 3.6. Eigenvalue spectrum of sample-based PCA for seagrass food web trophic 
groups collected in Lake Macquarie, showing variance of the five principal components. 

 

 

Appendix 3.7. Eigenvalue spectrum of sample-based PCA for seagrass autotrophs organisms 
collected in Lake Macquarie, showing variance of the five principal components. 
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Appendix 3.8. Eigenvalue spectrum of sample-based PCA for sea grass invertebrate 
organisms collected in Lake Macquarie, showing variance of the five principal components. 

 

 

Appendix 3.9. Eigenvalue spectrum of sample-based PCA for sea grass vertebrate organisms 
collected in Lake Macquarie, showing variance of the five principal components. 
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Appendix 4.1. Mobile laboratory attached to a 4WD for field experiment and data analysis in 
Morisset Bay, Lake Macquarie. 

 
 

 

Appendix 4.2. Mobile laboratory set for analysis of volatile selenium species using helium as 
a carrier gas, cryogenic trapping system to concentrate the sample analysed using an Atomic 
Fluorescence Spectrometry (AFS). 
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Appendix 4.3. Details of the helium purging system to carry volatile selenium species from 
the Lake water in the PFA bottle to the glass U tube cryogenic trap. The tower on the left is a 
motorized cryofocusing unit designed and built to lower and raise the hydride trap into and 
out of a liquid nitrogen Dewar flask and to control the heating of the hydride trap system. 

 

 

 

 

 

Appendix 4.4. Dissolved oxygen (DO) consumption measured as the respiration rate of 
benthic microorganisms from sediments of Lake Macquarie. DO measurements were 
undertaken in winter and summer. Full year respiration rate was estimated using a regression 
model based on the DO measured values. From Jaimie Potts (unpublished data). 

 Winter  Summer 
 Water temp. 

(° C) 
Mean DO 

(umol.m-2.hr -1) 
SE 

Water temp. 
(° C) 

Mean DO 
(umol.m-2.hr -1) 

SE 

Sediment 18 -277.1 98.9 24 -1253.0 336.5 
Water 18 -64.5 31.6 24 -237.4 53.2 
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Appendix 4.5. Relationship between Lake Macquarie benthic microorganism respiration rates 
and water temperature. Black line indicates the regression line. 

 

Appendix 4.6. Annual water temperature in Lake Macquarie for 22 sampling sites distributed 
around the lake and benthic microorganism consumption based on the data of Potts (2013 
unpublished data). Temperatures were measured at the deepest point close to sediment. From 
Nicholls (1999). 

Month 
Water temperature DO consumption 

(° C) (umol.m-2.hr -1) 

January 29.1 1693 
February 26.5 1346 
March 26.5 1346 
April 24.2 1040 
May 20.3 518 
June 16.2 0 
July 15.4 0 
August 20.5 540 
September 23.2 906 
October 26.2 1310 
November 25.5 1210 
December 25.7 1240 

* Values estimated using equations presented in Chapter 5. 
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